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APPENDIX A  |  THE FOUR HANFORD NPL SITES 

On November 3, 1989, Hanford was added to the NPL as four separate sites: the 100 
Area, 200 Area, 300 Area, and 1100 Area (see Exhibits B-1 through B-4, below).78 In 
order to coordinate response actions, each of these sites was further subdivided into 
operable units (OUs), based on geographic area or common waste sources. A total of 
1,200 waste management units have been identified throughout the Hanford Site and are 
grouped among the four NPL sites (DOE 2006a).  

Cleanup efforts for the remaining Hanford Site contamination are organized into three 
major components: the River Corridor (including the 100 and 300 Areas), the Central 
Plateau (primarily the 200 Area), and tank waste. Cleanup of the Site is a particularly 
large and complex effort, dependent on many dozens of individual decision steps, 
stakeholder coordination, sustained funding, and the ability to address complex technical 
challenges. Full remediation of the NPL sites is expected to extend over the next 40 to 50 
years; however, timelines are difficult to determine, due to the factors discussed above 
(DOE 2012). 

Additional summary information describing the four Hanford NPL sites and the current 
status of remediation efforts is provided below.  More detailed information can be found 
at http://www.hanford.gov/. 

 

100 AREA 

The 100 Area contains the remnants of Hanford’s nine nuclear reactors, spread over six 
reactor sites (B/C, K, N, D, H, and F). The footprint covers about 26 sq. mi. of land area, 
11 sq. mi. of which is contaminated (including groundwater contamination and waste 
disposal locations) (DOE 2011d). Much of the contamination is the result of the reactors 
discharging cooling water into various trenches, cribs, ponds, and other waste sites. 
Additional contamination sites include an array of structures such as buildings and buried 
pipelines, and two basins that currently store spent nuclear fuel from the reactors. 

The 100 Area site is divided into 22 OUs. Five OUs address groundwater contamination, 
and the remaining contamination is grouped geographically into 17 OUs, which 
encompass the Area’s 400 soil, structure, debris, or burial ground waste sites. With the 
exception of OUs that are designated as “isolated units” (IUs), the 100 Area OUs are 
associated with reactor areas (EPA 2001b). 

   

                                                            
78 Note that the areas captured within the 100, 200, 300, and 1100 designations have changed slightly over time.  

AREA 

DESCRIPTIONS 



 

    A-2 

200 AREA 

Used for chemical processing and waste management, the 200 Area NPL site covers 
about 75 sq. mi. of land area, and consists of large amounts of radioactive, hazardous, and 
mixed, soil and groundwater contamination. The 200 Area, also referred to as the Central 
Plateau, contains about 1,000 structures, including the Plutonium Finishing Plant (PFP), 
and five chemical processing facilities, called “canyon” facilities (T, B, U and S, or 
REDOX plant, and the Plutonium/Uranium Extraction (PUREX) plant). The 
approximately 700 soil waste sites, with associated structures and facilities, are divided 
into 23 soil OUs organized by discharge type (e.g., cooling water, solid waste) and waste 
site type (e.g., pond, crib, ditch). Additionally, there are four groundwater OUs, two each 
in the 200-East and 200-West areas. 

The 200 Area is split into the Inner and Outer Areas. The Inner Area will be dedicated to 
waste management and containment of contamination from Hanford Site cleanup actions, 
and will remain under Federal ownership (DOE 2011d). The Outer Area includes the 
areas surrounding the Inner Area in the Central Plateau. Cleanup of the Outer Area to 
standards similar to those being achieved in the River Corridor is expected (DOE 2011d).  

A key feature of the characterized waste in the 200 Area are the tank farms where highly 
radioactive liquid effluents are stored in single and double shelled underground tanks. 
There are 177 tanks, some of which have are known to have leaked (DOE 2011d). One of 
the double-shelled tanks is now known to be leaking, and a number of the single-shelled 
tanks are known or suspected to be leaking. 200 Area tank wastes remain a major clean 
up and remediation challenge (Abbotts and Weems 2008). Additionally, a number of 
trenches (associated with canyon facility operations), ponds (where cooling water was 
discharged in the Outer Area), and other solid waste burial grounds and pipelines are 
located in the 200 Area (DOE 2009). 

300 AREA 

The 300 Area NPL site consists of a quarter-mile industrial complex, with contamination 
stemming from multiple unlined liquid disposal areas, burial grounds, landfills, and other 
miscellaneous disposal sites. The site is split into three OUs, two that address soil 
contamination areas (300-FF-1 and 300-FF-2), and one that addresses groundwater 
contamination (300-FF-5). The primary contaminant in the 300 Area is uranium from the 
fuel fabrication process (EPA 2001b). 

1100 AREA 

The 1100 Area NPL site consists of two non-adjacent areas covering a total of just less 
than 5 sq. mi. The first area, located adjacent to the City of Richland, is split into three 
OUs (1100-EM-1, 1100-EM-2, and 1100-EM-3), and the second portion, located on the 
Arid Land Ecology (ALE) Reserve is a single OU (1100-IU-1). The portion of the site 
near Richland was historically used as a warehousing, vehicle maintenance, and 
transportation distribution center, and was known to be a dumping area for up to 15,000 
gallons of waste battery acid from these operations. The site is located in close proximity 
to the Richland groundwater wells that supply drinking water to the City. The ALE site 
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was a former NIKE missile base. Waste sites discovered in these OUs include the 
landfills, burn pits, solvent and fuel tanks, and a TCE groundwater plume (EPA 2001b). 

HANFORD SITE AREAS NOT LISTED 

Two additional numbered areas were excluded from NPL designation. The first of these, 
the 400 Area, contains the Fast Flux Test Facility (FFTF), a nuclear research and test 
reactor. The FFTF underwent destruction and demolition and was placed under long-term 
surveillance and maintenance in 2009. The 600 Area is defined as all portions of the 
Hanford Site not included in the 100, 200, 300, 400, or 1100 Areas.  All waste sites 
potentially falling in the 600 Area were included in one of the other four NPL sites, due 
to proximity or likeliness to other waste sites (DOE 2006a). 

In summary, over 40 years of plutonium production activity at Hanford resulted in (DOE 
2011g): 

 586-sq.-mi. footprint requiring cleanup; 
 2,300 tons of spent nuclear fuel (stored near the Columbia River); 
 20 tons of leftover plutonium in the Plutonium Finishing Plant; 
 1.012 waste sites, 522 facilities, and nine plutonium production reactors (near the 

Columbia River) requiring cleanup; 
 More than 100 sq. mi. of groundwater contaminated; 
 53 million gallons of waste in 177 underground tanks, 67 of which may have 

leaked; 
 15,000 cubic meters of buried or stored plutonium-contaminated waste on site; 
 850 waste sites and 970 facilities on the Central Plateau requiring cleanup. 
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EXHIBIT A-1 HANFORD NPL S ITE DESIGNATIONS (DOE 2011D) 
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EXHIBIT A-2 MAP OF “SOURCE” OPERABLE UNITS IN THE 100 AREA, 300 AREA, AND 1100  AREA 

–  HANFORD NPL S ITES (DOE 2006a)  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

   



 

    A-6 

 

EXHIBIT A-3 CENTRAL PLATEAU SOURCE OPERABLE UNITS (DOE 2011D) 

 

Note: Not all operable units are shown. Refer to Exhibit B-6, “200 Area 
Operable Units”, for a full list of operable units in the inner and outer areas. 
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EXHIBIT A-4 MAP OF GROUNDWATER OPERABLE UNITS IN  THE HANFORD NPL S ITES (DOE 2006B) 
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After listing on the NPL, a remedial investigation/feasibility study (RI/FS) is performed. 
The RI is a mechanism for collecting data to characterize site conditions, determine the 
nature of the waste, assess HH&E risk, and test treatment options; the FS develops, 
screens, and evaluates alternative remedial actions. The RI/FS are conducted 
concurrently, each utilizing information from the other to maximize the efficiency of data 
collection. The RI/FS process is a five-phase approaches: 1) scoping; 2) site 
characterization; 3) development and screening of alternatives; 4) treatability 
investigations; and 5) detailed analysis (EPA 2011). 

From the information recorded in the RI/FS report, a Record of Decision (ROD) is 
generated. The ROD is a public document that explains which cleanup alternatives will 
be pursued. The ROD documents site history, site description, site characteristics, 
community participation, enforcement activities, past and present activities, contaminated 
media, contaminants present, scope and role of response action, and the remedy selected 
for cleanup. 

A summary of remediation status by NPL Site and OU follows. 

100 AREA 

Closure of the 100 Area is planned based on five decision areas, encompassing 
boundaries beyond individual OUs and waste sites. These areas are the 100 B/C Area, 
100-N Area, 100-D and H Areas, and the 100-F Area combined with 100-IU2/6. These 
decision areas include the entirely of the 100 Area NPL site (see Exhibit B-1) (DOE 
2012, p. 29). Final RODs have not yet been issued for these decision areas.  However, 
eight RODs for interim actions have been issued, and as of July 2011, RI/FSs were being 
developed in support of final RODs (DOE 2011d). Five interim RODs address soil 
contamination, one addresses K-Basins spent fuel removal, and two address groundwater. 
Multiple other CERCLA documents have been issued to address individual building 
demolition and cleanup of various 100 Area structures (DOE 2011d).  

Decision documents have been issued for 100-HR-1, 100-IU-1, 100-HR-3, K Basins 
(100-KR-2), 100-NR-1 and 100-NR-2, and 100-BC-1. Additionally, “Remaining Sites” 
and “Burial Grounds” RODs have been issued to cover various waste sites within the all 
100 Area OUs. A “Remaining Sites” ROD, designed to be inclusive of all 100 Areas not 
already covered by an existing decision document, selects removal, treatment, disposal, 
backfill and re-vegetation for multiple 100 Area waste sites. Groundwater has been 
addressed in various pump-and-treat systems, while new methods (injection) are being 
tested for the 100-N Area. 

To date, a majority of high-priority 100 Area sites have been remediated and backfilled 
with clean soil (DOE 2011d). 

   

S ITE 

ASSESSMENT 

AND 

REMEDIATION 
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EXHIBIT A-5 100 AREA OPERABLE UNITS AND REMEDIATION STATUS 

ISOLATED UNITS (IUS) 

100-IU-1 Riverland Railroad Wash Station Study and remediation selection 
complete 

100-IU-2 White Bluffs Townsite Area Study and remedy selection 
underway 

100-IU-3 North Slope (Wahluke Slope) Study not begun 
100-IU-4 Buried Sodium Dichromate Drums Study not begun 
100-IU-5 Pickling Acid Cribs Study not begun 
100-IU-6 Hanford Townsite Area Study and remedy selection 

underway 

100-B/C AREA 

100-BC-1, 100-BC-2 Soil, Buildings, and Burial Grounds Remedy construction complete 
100-BC-5 Groundwater (Sr-90 tritium, nitrate, 

hexavalent chromium)  
Final RI/FS work plan underway 

100-K AREA 

100-KR-1 Principally Soil Sites Contaminated by 
Liquid Discharges 

Remedy construction underway 

100-KR-2 Soil, Buildings, and Burial Grounds Remedy construction underway; K 
Basin ROD (removal of radioactive 
sludge) 

100-KR-4 Groundwater (Sr-90, C-14, tritium, 
TCE, hexavalent chromium) 

Remedy construction underway; 
pump-and-treat 

100-N AREA 

100-NR-1 Soil, Buildings, and Burial Grounds Remedy construction underway; 
Completion expected in 2012 

100-NR-2 Groundwater (Sr-90) (Interim) Remedy construction 
underway; Previously conducted 
pump-and-treat, currently testing 
injection methods for a permeable 
reactive barrier 

100-D AREA 

100-DR-1 Soil, Buildings, and Burial Grounds Remedy construction complete 
100-DR-2 Soil, Buildings, and Burial Grounds Remedy construction underway 

100-H AREA 

100-HR-1 Soil, Buildings, and Burial Grounds Remedy construction complete 
100-HR-2 Soil, Buildings, and Burial Grounds Remedy construction underway 
100-HR-3 Groundwater (chromium) Remedy construction underway 

(pump and treat) 

100-F AREA 

100-FR-1 Principally Soil Sites Contaminated by 
Liquid Discharges 

Remedy construction underway 

100-FR-2 Soil, Buildings, and Burial Grounds Remedy construction complete 
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100-FR-3 Groundwater Study and remedy selection 
underway; to be included in final 
ROD for 100-F, 100-IU-1 and 100-IU-
2 (projected for 2012) 

Sources: DOE 2011d, EPA 2012c. 

 

200 AREA 

Closure plans for the 200 Area is organized into three major components: the Inner Area, 
the Outer Area, and groundwater. Each component contains smaller decision units, which 
are determined primarily based on geography and the status of existing decision 
documents. The extent of each of the main closure plan components are described as 
(DOE 2009): 

 “Inner Area: The final footprint area of the Hanford Site that will be dedicated to 
waste management and containment of residual contamination and will remain 
under federal ownership and control.” 

 “Outer Area: All Areas of the Central Plateau beyond the boundary of the Inner 
Area.” 

 “Groundwater: Contaminant plumes underlying the Central Plateau and 
originating from waste sites on the Central Plateau.”  

As of July 2011, the 200 Area had four RODs in place (DOE 2011d): an interim action 
and final ROD for the 200-ZP-1 OU (groundwater), and two final RODs to address the 
ERDF and contaminated soil removal at the 221-U Facility (a “canyon” site in the Inner 
Area). 

Closure of the NRDWL/SWL is included in cleanup actions for the 200 Outer Area (DOE 
2009). 
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EXHIBIT A-6 200 AREA OPERABLE UNITS AND REMEDIATION STATUS 

200-PW-1, 200-PW-3, 200-PW-6, AND 200-CW-5 GROUNDWATER OPERABLE UNITS 

200-PW-1 Plutonium/Organic-Rich Waste; large-
scale carbon tetrachloride 
contamination, and radionuclides in 
soil 

RI/FS high priority 
200-PW-3 
200-PW-6 

200-CW-5 U Pond/Z Ditches Cooling Water; large-
scale carbon tetrachloride 
contamination, and radionuclides in 
soil 

RI/FS high priority 

EAST INNER AREA 

200-EA-1 Other unassigned 200 East Area waste 
sites 

RI/FS in process 

200-IS-1 East Inner Area, pipelines and 
associated components 

RI/FS in process 

WEST INNER AREA 

200-BC-1 200 West Inner Area cribs and trenches RI/FS workplan underway 
200-WA-1 Other unassigned 200 West Inner Area 

waste sites 
RI/FS workplan underway 

CANYONS AND ASSOCIATED WASTE SITES (CENTRAL PLATEAU, INNER AREA) 

200-CU-1 U Plant “Canyon” Building Final remedial actions scheduled for 
2011 

200-CB-1 B Plant (original fuel separation 
facility) 

 

200-CP-1 PUREX Plant  
200-CR-1 REDOX Plant (S Plant) Demolished; Materials shipped to 

ERDF and WIPP; Remedial action for 
below grade structure to occur 

T Plant 221-T Canyon Building Still in operation; Receiving K Basin 
sludge 

PFP Plutonium Finishing Plant (PFP) Readied for demolition 

CENTRAL PLATEAU OUTER AREA 

200-CW-1 Gable Mountain/B-Ponds and Ditches 
Cooling Water 

Study and remedy selection 
underway 

200-CW-3 200 North Cooling Water Interim ROD issued; Remedy 
construction complete 

200-OA-1 B/C Controlled Area unplanned release 
from B/C cribs 

Study not begun 

GROUNDWATER 

200-ZP-1 Groundwater contamination in 
northern 200 West Area (Contaminant 
plumes: carbon tetrachloride) 

Conducting pump-and-treat; 
Natural attenuation 

200-UP-1 Discharge to five liquid waste disposal 
sites in 200 West Area (Contaminant 
plumes: U, Tc-99) 

Conducting pump-and-treat 
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200-PO-1 Groundwater contamination in 
southern portion of 200 East Area from 
PUREX liquid waste disposal and B-
Plant (Contaminant plumes: tritium 
and I-129)  

Study and remedy selection 
underway 

200-BP-5 Groundwater contamination plumes 
associated with B-Plant operations in 
200 East Area and 600 Area north of 
200 East (Contaminants of concern: Tc-
99, Co-60, Sr-90, Cs-137, Pu-239/240) 

RI/FS issued; Study and remedy 
selection underway 

OTHER OUS 

200-DF-1 Environmental Restoration Disposal 
Facility (ERDF) 

Hanford remediation waste disposal 
site 

200-DV-1 Deep Vadose/Tank waste Study not begun 
200-CS-1 Chemical Sewer Study and remedy selection 

underway 
200-SW-2 Radioactive Landfills and Dumps Study and remedy selection 

underway 
Sources: DOE 2011d, EPA 2012c. 

 

300 AREA 

Final RODs have been issued for the 300-FF-1 and 300-FF-2 OUs, and portions of the 
contamination in 300-FF-5 are covered in the ROD for 300-FF-1. Remedial actions have 
been completed at 300-FF-1 and are still underway at 300-FF-2 (DOE 2011d). Remedial 
actions underway for 300-FF-5 (groundwater) include monitoring and natural attenuation.  

The primary remediation action is removal of contaminated soil and debris, treating the 
material, disposing in long-term waste management facilities (mainly ERDF), and 
backfilling and re-vegetating the areas where possible. 

Remaining future cleanup and closure will be covered under a single ROD, which will 
include nearby 600 Area waste sites (618-10 and 618-11 burial grounds, which are 
considered to be two of Hanford’s most challenging remediation projects) (DOE 2012, 
DOE 2011f). 

1100 AREA 

Remediation of the 1100 Area was completed in 1996, and the area was removed from 
the NPL (groundwater monitoring north of Richland continues) (DOE 2006a). 

SUMMARY 

In summary, achievements in clean up and remediation of environmental impacts that 
have been accomplished to date include the following milestones (Abbotts and Weems 
2008): 

 Active cleanup footprint has been reduced from 586 sq. mi. to 201 sq. mi.; 

 All spent fuel, previously stored  near the River, has been moved to dry storage; 

 All plutonium left in PFP has been stabilized and shipped off-site; 
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 Five of the nine reactors have been cocooned, and associated facilities 
demolished, with two additional underway; 

 636 waste sites have been remediated, and 310 facilities have been demolished; 

 5.8 billion gallons of groundwater have been treated, leaving 65 of the original 
100 sq. mi. of contaminated groundwater remaining; 

 All pumpable liquids and two million gallons of solids have been transferred 
from single- to double-shelled tanks, and construction of Waste Treatment Plant 
for underground tank waste is underway; 

 Over 11,500 of an original 15,000 cubic meters of plutonium-contaminated waste 
buried on site has been retrieved; 

81 of an original 850 waste sites and 337 of an original 970 facilities in the 
Central Plateau have been remediated and demolished. 

 DOE continues to advance site closure activities. Priority projects include 
(Poston 2010): 

 Restoring the Columbia River Corridor with an expected completion date of 
2015, providing a basis for closure reviews of the 100 and 300 Areas by 
independent experts; 

 Completing tank waste treatment, closing underground storage tanks, and 
completing construction of the Tank Waste Treatment and Immobilization 
Plant (WTP, which will process and stabilize radioactive waste on site);79 

 Continuing cleanup of and protecting groundwater resources, and; 

 Treating and disposing of mixed low-level waste and retrieve transuranic 
waste for shipment offsite. 

                                                            
79 The WTP’s planned date for full operation has been 2019 (http://www.hanford.gov/page.cfm/WTP, viewed 24 October 
2012). However, DOE informed the State of Washington that it may not be able to meet deadlines set forth in its 2010 
consent decree with the State, including the deadline for the vitrification plant to be fully operational by the end of 2022 
(Cary 2012). 
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CARBON TETRACHLORIDE (CCl4) 
ECOTOXICOLOGICAL PROFILE 

Carbon tetrachloride (CCl4) is one of the hazardous substances (as defined by Sections 
101(14) and 101(33) of CERCLA and listed in 40 CFR §302.4) to which natural 
resources have been exposed as a result of operations and cleanup efforts over the past 
60 years at the U.S. Department of Energy (DOE) Hanford Site in the State of 
Washington. CCl4, which is primarily of anthropogenic origin, is a volatile organic 
chemical (VOC),80 existing as a vapor in the air at room temperature (EPA 2010).   

 

Although marine algae, oceans, volcanoes, and drill wells have been cited as natural 
sources of CCl4 (Gribble 1994, as cited in ASTDR 2005), the majority of CCl4 in the 
environment comes from “direct release to the atmosphere during production, 
disposal, or use of the compound” (ASTDR 2005). 

Historically, the primary anthropogenic use of CCl4 was in the production of 
chlorofluorocarbons (CFCs) (NLM 2003; Rossberg 2002, as cited in EPA 2010).81  
After the 1970s, until 1986, the primary use of CCl4 was as a grain fumigant (ASTDR 
2005).  Beginning in January 1996, the production and import of CCl4 was banned in 
most developed countries (including the U.S.A.). 

At Hanford, CCl4 was used widely as a cleaning agent and solvent, “including for 
degreasing equipment and machinery parts...[and] in the refining process during the 
separation of plutonium,” (Peterson 2007).  More specifically, CCl4 was used at 
Hanford to “recover plutonium isotopes” (Markwiese et al. 2008).  Over the years that 
plutonium was produced at the site, hundreds of cubic meters of liquid CCl4 waste 
were discharged to soil.  This resulted in groundwater contamination and a dispersed 
CCl4 vapor plume in the subsurface (vadose zone) (Markwiese et al. 2008) that is 
“spreading within a thick, unconfined aquifer” (Williams 2007).  It is estimated that 
“363,000 to 580,000 L of liquid CCl4 and other co-contaminants in spent solvent 
extraction mixtures were discharged to the ground during the plutonium refining 
operations at Hanford between 1955 and 1973. The used solvent was discharged to the 
soil column through a system of drain fields and trenches (cribs) that covered an area 
of <0.02 km2” (Williams 2007).   

                                                 
80 “Volatile organic compounds (VOC) means any compound of carbon, excluding carbon monoxide, carbon dioxide, 

carbonic acid, metallic carbides or carbonates, and ammonium carbonate, which participates in atmospheric 

photochemical reactions, except those designated by EPA as having negligible photochemical reactivity” (40 CFR 

5.100).  “Volatile organic compounds, or VOCs are organic chemical compounds whose composition makes it possible 

for them to evaporate under normal… atmospheric conditions of temperature and pressure” (US EPA 2010) 
81 The Consumer Products Commission banned the use of CFCs in consumer products in the 1970s (EPA 2010 p. 4). 

I .   INTRODUCTION 

I I .   SOURCES 
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FATE AND TRANSPORT 

In soils, “CCl4 is expected to evaporate rapidly … due to its high vapor pressure and 
may migrate into groundwater due to its low soil adsorption coefficient” (ASTDR 
2005). 

Although many VOCs are unstable in air, CCl4 is stable in the troposphere (the lowest 
layer of Earth’s atmosphere), persisting for 30-50 years (OxyChem 2010).  “CCl4 does 
not readily dissociate in the lower atmosphere, nor is it easily washed out by rainfall,” 
(Peterson 2007)  Eventually, CCl4 rises and undergoes photolysis in the upper 
atmosphere (stratosphere) (EPA 2010), creating chlorine radicals and trichloromethyl 
radicals which are destructive to the ozone layer (Peterson 2007). The primary 
chemical degradation products of CCl4 are chloroform, methylene chloride, and 
chloromethane (Markiwese 2008).   

Within soils, CCl4 is highly mobile.  The Koc
82 values for CCl4 from various sources 

range from 48.89 (soils with organic carbon content of 0.66 percent) to 143.6 (soils 
with organic carbon content of 1.49 percent) (ASTDR 1992, as cited in Irwin 1997), 
and the average Koc value is 71 (NLM 2003, as cited in EPA 2010).   

Carbon tetrachloride’s mobility in soils allows it to pass through to “lower soil 
horizons and groundwater” (NLM 2003, as cited in EPA 2010).  However, CCl4 is 
only “slightly soluble” in water (Peterson 2007).  The Log Kow

83 value for CCl4 is 2.73 
(EPA 1995, as cited in Sample et al 1997).   

There is potential for CCl4 to biodegrade in both soil and water under both aerobic and 
anaerobic conditions (NLM 2003; US EPA 1996b; Semprini 1995, as cited in EPA 
2010): “Biodegradation may occur in groundwater, but will be very slow, [6-12 
months under aerobic conditions and 7-28 days under anaerobic conditions,  Peterson 
2007], compared with evaporation,” (OxyChem 2010).  The half-life84 of CCl4 in river 
water is between 0.3 and 3 days, depending upon the water movement (EuroChlor 
1999). 

The distribution of CCl4 throughout the Hanford environment is “complex because of 
its potential to migrate either as a dense nonaqueous phase liquid (DNAPL), in the 
gaseous state, and/or dissolved in water” (Williams 2007).  Simulations of CCl4 
contaminant flow to the Columbia River at the Hanford site have determined that 
sorption and abiotic degradation are critical in predicting the future movement of CCl4 
from the 200 West Area to the river (Bergeron and Cole 2005 as cited in Williams 
2007).   

Calculations based on groundwater, soil–gas concentration and well venting data from 
the Hanford site, show that approximately 12 percent of the original carbon 
                                                 
82 The organic carbon adsorption coefficient (Koc) is a measure of the tendency for organic substances to be adsorbed by 

soil or sediment; this parameter is substance-specific and is largely independent of soil properties (Duffus et al. 2007). 
83 “The octanol-water partition coefficient (KOW) is the ratio of the concentration of a chemical in octanol and in water 

at equilibrium and at a specified temperature. Octanol is an organic solvent that is used as a surrogate for natural 

organic matter. This parameter is used in many environmental studies to help determine the fate of chemicals in the 

environment” (USGS 2010). 
84 Half-life here refers to the transfer of CCl4 from aquatic systems to the atmosphere through volatilization and 

calculations are based on the value of the Henry’s law constant (EuroChlor 1999). 

I I I .   ENVIRONMENTAL 

CHEMISTRY 
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tetrachloride inventory was estimated to be in the vadose zone, 21 percent was lost to 
the atmosphere, and 1 to 2 percent was dissolved in the upper 10 m of the unconfined 
aquifer beneath the 200 West Area (Swanson et al. 1999; Rohay and Johnson 1991, as 
cited in Williams 2007). The remaining 65 percent of the original inventory is 
unaccounted for and may be held as residual DNAPL in the soil pores of both the 
vadose zone and groundwater (Swanson et al. 1999, as cited in Williams 2007).   

BIOACCUMULATION POTENTIAL 

CCl4 has a low potential to bioconcentrate (Hoffman et al. 1990, as cited in Irwin 
1997): it does not readily bioaccumulate in either plants or animals (EuroChlor 1999; 
Peterson 2007). However, Koc values for carbon tetrachloride suggest that 
bioaccumulation is at least possible under conditions of constant exposure and may 
occur in occupational settings or in people living at or near hazardous waste sites 
(ASTDR 1992, as cited in Irwin 1997). In a comprehensive search done for the carbon 
tetrachloride entry in the 1997 Environmental Contaminants Encyclopedia, “[n]o data 
were located on the biomagnifications of carbon tetrachloride” (ASTDR 1992, as 
cited in Irwin 1997). In addition, “Limited data indicate that CCl4 has a low tendency 
to bioconcentrate in the food chain even though it is a lipophilic compound,” (Neely et 
al. 1974, Peason and McConnell 1975, as cited in ASTDR 2005).  This can be 
explained physiologically: “since most animals readily metabolize and excrete carbon 
tetrachloride following exposure biomagnification is not expected” (ASTDR 1992, as 
cited in Irwin 1997). In other words, “rapid clearance from exposed organisms” 
(ASTDR 2005) prevents CCl4 from bioaccumulating across trophic levels (EPA 
2010). 

Experimentally derived bioconcentration factors (BCFs) also indicate that CCl4 will 
not “bioconcentrate appreciably in aquatic…organisms” (EuroChlor 1999; NLM 2003 
as cited in EPA 2010).  Reported BCFs were 17.38 and 30.2 in trout and bluegill 
sunfish, respectively (ASTDR 1992, as cited in Irwin 1997), and the maximum BCFs 
listed for fish is 69.95 (Sample et al. 1996). In 1980, Kenaga reported a 
bioconcentration factor (predicted from water solubility) of 14 (calculated), and 
determined experimentally that this bioconcentration factor was 18 (Kenaga 1980, as 
cited in Irwin 1997). These numbers are all consistent with a substance with low 
bioaccumulation potential which is generally defined as BCF < 250 (Kenaga 1980, 
Abdullah et.al. 2007). 

ACCUMULATION WITHIN SPECIFIC  TISSUES 

It has been shown that CCl4 preferentially migrates toward tissues that have a high fat 
content (EPA 2010), and that it “does tend to become concentrated in fatty tissues” 
(ASTDR 2005). CCl4 is absorbed quickly by organisms and distributed widely 
throughout tissues (especially to the tissues with high lipid content), but is also 
excreted quickly (EPA 2010).  Animal studies have shown that under differing 
conditions, 34–75% of carbon tetrachloride leaves the body in expired air, 20–62% 
leaves the body in feces, and only low amounts leave the body in the urine. Animal 
studies also suggest that it may take weeks for the remainder of the compound in the 
body to be eliminated, especially that which has entered the body fat (ASTDR 2005).  
Tissues commonly examined in both terrestrial and aquatic animals as indicators of 
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exposure (in laboratory experiments) include liver, fat, brain, heart, gills, muscle, and 
blood (reviewed in Irwin 1997).  

In plants, some data indicate that CCl4 does not migrate to tissue with higher fat 
content: CCl4 “residue in wheat germ with a high fat content was found to be less than 
50% of that found in bran,” (Hayes 1982 as cited in Irwin 1997). 

  

For aquatic biota, dermal absorption is an important CCl4 exposure route (ANL 1996). 
For terrestrial biota, exposure can “occur by breathing carbon tetrachloride present in 
the air, by drinking water contaminated with carbon tetrachloride, or by getting soil 
contaminated with carbon tetrachloride on the skin” (ASTDR 2005).  In fact, “toxic 
amounts may be absorbed through the skin to cause chronic health effects” (OxyChem 
2010).   

Furthermore, VOCs “in soil represent a potentially significant exposure pathway to 
fossorial wildlife through the inhalation of contaminated subsurface burrow air” 
(Carlsen 1996; USEPA 2003, as cited in Markwiese 2008).  At Hanford, burrowing 
mammals may be more at risk for exposure to CCl4 than other organisms because of 
the CCl4 soil content at some areas of the site.   

 

CCl4 is a known hepatotoxin (Alexeeff & Kilgore 1983, Manubisan et al. 2007). 
Other toxic effects occur but generally appear to be secondary:  “an extensive body of 
scientific data indicates that carbon tetrachloride-induced liver carcinogenicity 
appears to be secondary to toxic effects of the chemical.  Assays for mutagenicity and 
other genotoxic effects have primarily been negative or have produced evidence of 
effects only at high, cytotoxic concentrations” (Manubisan et al. 2007).  Similarly, 
although “subchronic/chronic exposure by various routes also results in damage to 
respiratory, cardiac, neural and reproductive/fetal tissues and in reduced body weight, 
[these occur] generally at doses greater or equal to those producing hepatic effects” 
(OxyChem 2010).   

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no known beneficial or protective properties attributed to CCl4. 

MECHANISM(S)  AND LOCI  OF TOXICITY 

A 2007 review of CCl4 mode of action states that “the primary site of toxicity and 
carcinogenesis is the liver. Carbon tetrachloride consistently causes liver toxicity, 
resulting in fatty degeneration, cellular necrosis, fibrosis and cirrhosis. This occurs in 
multiple species and through multiple routes of exposure” (Manibusan et al. 2007).  
More recent information expands upon this: “The liver and kidney are the primary 
sites of induced CCl4 toxicity.  More specifically, target organs for CCl4 damage are 
the central nervous system, liver, kidney, lungs, eyes, heart, skin” (OxyChem 2010).  
CCl4 is readily absorbed by the gastrointestinal tract in humans and animals (EPA 
2010).  

IV.  TYPICAL MAJOR 

EXPOSURE ROUTES 

V.   ECOTOXICITY 
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There is substantial evidence that the first step in biotransformation of CCl4 is 
“reductive dehalogenation: reductive cleavage of one carbon-chlorine bond to yield 
chloride ion and the trichloromethyl radical” (Reinke and Janzen 1991; Tomasi et al. 
1987; McCay et al. 1984; Mico and Pohl 1983; Slater 1982; Poyer et al. 1980, 1978; 
Lai et al. 1979 as cited in EPA 2010).  It is this free radical that forms the 
trichloromethyl peroxy radical, the primary initiator of the liver damage that occurs 
from exposure to CCl4 (Boll et al. 2001a; McCay et al. 1984; Rao and Recknagel 
1969 as cited in EPA 2010). 

FACTORS AFFECTING TOXICITY 

High fat diets and malnutrition greatly enhance CCl4 uptake (NAS 1978, as cited in 
Irwin, 1997; Sagai 1978, as cited in Irwin 1997). Though this is not expected to be an 
issue relevant to biota exposed in the natural environment, ethanol consumption also 
enhances CCl4 uptake and hepatotoxicity (NAS 1978, as cited in Irwin, 1997; 
Reynolds et al. 1982, as cited in Irwin 1997).  Other biological factors that enhance 
toxic effects include respiration rate (e.g., in the case of burrowing mammals or other 
species exposed through inhalation), and age.   Mammals that are in utero or in 
infancy are particularly sensitive to CCl4 exposure because it may cross the placenta 
and may be excreted in breast milk (OxyChem 2010).  Blain et al. (1999) 

PLANTS 

There has been relatively little investigation of the effects of CCl4 exposure on plants 
other than algae. 

AQUATIC INVERTEBRATES AND F ISH 

CCl4 exposure has a wide range of toxic effects on aquatic invertebrates and fish in 
laboratory experiments.  Rainbow trout fed diets containing 3,200 and 12,800 ppm 
CCl4 developed hepatomas (4 out of 44 at the lower dose level and 3 out of 34 at the 
higher dose level) after 20 months whereas no tumors were found in the controls 
(IARC 1972, as cited in Irwin 1997).  A 1979 study by Weber et al. (as cited in 
ERED) on immature rainbow trout demonstrated a range of effects at varying doses 
(292-6,400 mg/kg wet weight concentration in fish tissue), including physiological 
measures of liver function, body weight increases, inflammation of intestines and 
peritoneal lining, mottled liver and spleen; hemorrhage, and death. 

Studies performed in conditions that more closely mimic field/environmental 
conditions have found CCl4 exposure to be less toxic, when compared to results from 
laboratory studies such as those listed above.  In 1980, Carroll et al.. evaluated 
exposure of immature bluegill to CCl4.  The fish were exposed to environmentally 
realistic CCl4 levels by absorption (whole body), and there was no effect on mortality 
(Carroll et al. 1980, as cited in ERED).  The Pesticide Action Network (PAN) 
Pesticide Database contains a list of toxic effects of CCl4 on a variety of aquatic 
organisms (Exhibit 1) (Kegley et al. 2010). 
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EXHIBIT 1  PAN PESTICIDE DATABASE INFORMATION 

 

SPECIES GROUP SPECIES INCLUDED 

NO. OF 

STUDIES EFFECTS NOTED 

ACUTE TOXICITY 

RANGE 

Cnidaria Hydra 
(Hydra attenuata) 

1 Abnormal Growth - 

Crustaceans Fairy shrimp 
(Streptocephalus 
proboscideus) 

1 Mortality Not acutely toxic 

Echinoderms Sea urchin 
(Paracentrotus 
lividus) 

1 Developmental changes 
(fertilized eggs) 

- 

Fish Rainbow trout 
(Oncorhynchus 
mykiss), Medaka, high-
eyes 
(Oryzias latipes), 
Bluegill 
(Lepomis 
macrochirus), Zebra 
danio 
(Danio rerio), Fathead 
minnow 
(Pimephales 
promelas), Carp 
(Leuciscus idus 
melanotus), English 
sole 
(Parophrys vetulus), 
Indian catfish 
(Heteropneustes 
fossilis) 

88 Accumulation, Behavior, 
Biochemistry, Enzyme(s), 
Histology, Injury, Mortality, 
Physiology  

Not acutely toxic 
to slightly toxic 

Nematodes and 
Flatworks 

Flatworm 
(Dugesia japonica) 

2 Growth, Mortality Highly toxic 

Phytoplankton Green algae 
(Chlorella fusca 
vacuolat), various 
diatoms (including 
Cylindrotheca sp. , 
Hantzschia amphioxys 
pusilla), Blue-green 
algae 
(Anacystis 
aeruginosa), 
Cryptomonad 
(Chilomonas 
paramecium), 
Flagellate euglenoid 
(Entosiphon sulcatum) 

28 Accumulation, Population -- 

Zooplankton Water flea 
(Daphnia magna), 
Ciliate 
(Tetrahymena 
pyriformis), Rotifer 
(Brachionus 
calyciflorus), Scud 
(Gammarus 
pseudolimnaeus) 

21 Behavior, Growth, 
Intoxication, Mortality, 
Physiology, Population 

Not acutely toxic 
to moderately 
toxic 
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BIRDS 

There has been relatively little investigation of the effects of CCl4 exposure on birds.  
A 1975 study reported that “the chicken was resistant to CCl4-induced liver necrosis” 
(Diaz Gomez 1975), making it the lowest in CCl4-induced lipid peroxidation of the 
animals tested.  The paper reports rat> hamster = guinea pig > chicken = mouse (Diaz 
Gomez 1975). 

MAMMALS 

Laboratory experiments have shown a range of toxic effects on mammals, including , 
carcinogenicity, reproductive toxicity (embryo- and feto-toxicity), as well as growth, 
and behavioral effects.   

For example, in 1974, Schwetz et al. found evidence of embryo- and fetotoxicity 
attributable to inhaled CCl4 in rats (Schwetz et al. 1974, as cited in Gallegos et al. 
2007).  Changes in fetal weight due to exposure were observed (ibid.).  Based on 
chemical data, CCl4 may cause cancer in mammals: “Oral administration to animals 
produced liver tumors, including hepatocellular carcinomas, in various strains of 
mice; and in rats caused benign and malignant liver tumors. Administration of CCl4 to 
mice resulted in a statistically significant increase in the incidence of neoplastic 
tumors of the skin” (OxyChem 2010). 

Mice exposed acutely via inhalation to 134.3 mg/l CCl4 were found to have a 
significantly decreased ability to learn (as judged by a passive-avoidance conditioning 
task) as compared to controls (Alexeeff & Kilgore 1983).  Also, “Prendergast et al. 
(1967) conducted experiments with rats, guinea pigs, rabbits, dogs, and monkeys, 
using carbon tetrachloride. They reported that all species exhibited a depressed growth 
curve following a 90-d exposure when compared with controls” (Alexeeff and Kilgore 
1983). 

Evidence of reproductive impacts appears to be mixed.  For instance, “In rats, 
inhalation exposure during gestation caused maternal weight loss and clear maternal 
hepatotoxicity, but no effect on conception, number of implants, or number of 
resorptions. There were no gross anomalies, although fetal size was somewhat 
decreased. The authors concluded that this response was not treatment related” 
(OxyChem 2010).   However, “In rats, moderate to marked degeneration of testicular 
germinal epithelium and reduced fertility were seen after inhalation of 200 ppm or 
higher for up to 192 days,” and “This material has been reported to prolong the estrus 
cycle and to cause testicular atrophy and to decrease sperm counts in rats, although 
oral exposure did not adversely affect reproduction. Ovary changes were observed in 
female mice that were exposed to vapor for 6 hours/day, 5 days/week for 2 years. In 
addition, absolute and relative testicular weights were elevated in the male mice. Rats 
exposed twice weekly for five weeks to anesthetizing concentrations exhibited only a 
small decrease in testes weight” (OxyChem 2010). 

There is some evidence that intermittent chronic exposure causes more damage than 
constant chronic exposure in rats.  “Shimizu et al. (1973) exposed groups of 4 female 
Sprague-Dawley rats to 10, 50 and 100 ppm of CCl4 vapor for 3 hours a day, 6 days a 
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week for up to 6-8 weeks. The rats were terminated two days after the last inhalation.  
The intermittent exposure caused a more pronounced and higher number of change 
indices to occur (34 as opposed to the 17 change indices of the monotonous regimen), 
indicating a greater intensity of liver damage” (California 2000). 

AMPHIBIANS AND REPTILES 

There has been relatively little investigation of the effects of CCl4 exposure on 
amphibians and reptiles. In a 1980 study titled “Effects of organic compounds on 
amphibian reproduction,” Fowler’s toad (Bufo woodhousei fowleri), bullfrog (Rana 
catesbeiana), and pickerel frog (Rana palustris) were studied.  Acute high level 
exposure to CCl4 caused mortality and had effects on hatching success (Birge et al. 
1980, as cited in Kegley et al. 2010). 

EFFECTS IN THE PRESENCE OF OTHER CONTAMINANTS 

There are “low amounts of organic matter and ferrous iron (Fe2+) available [in the 
unconfined aquifer at Hanford]” (Thornton et al. 1995, as cited in Patton et al. 2007), 
but the presence of either in higher concentrations would result in dechlorination of 
CCl4 (Peterson 2007). In support of this assertion, it has been found that interaction of 
CCl4 with clay may reduce its toxicity (Efroymson 1997). 

Increased sensitivity to the toxic effects of CCl4 exposure can be caused by exposure 
to or consumption of “alcohols, ketones, phenobarbital, methamphetamine, or other 
barbituates, other brominated or chlorinated solvents, dichlorodiphenyltrichloroethane 
(DDT), PBB, chlordecone, nicotine, carbon disulphide and other alkyl disulpfides or 
hypoxia” (OxyChem 2010).  A 2007 report from Argonne National Laboratory 
confirms that interaction with “ketones (e.g. acetone) increases toxicity” of CCl4 
(Peterson 2007).  A 1982 study done by Kluwe showed that “20 days oral 
administration of hexachlorobenzene…, polybrominated biphenyls … or 
polychlorinated biphenyls …increased CCl4-induced85 growth retardation, renal 
tubular functional impairment, & hepatocellular necrosis in male rats” (Kluwe 1982 as 
cited in Irwin 1997).  Additionally, a 1982 study showed that “[c]oncurrent treatment 
of mammals with CCl4 & DDT...[i]ncreases susceptibility (approximately 10 fold) to 
CCl4 toxicity” (Booth & McDonald, eds., 1982 as cited in Irwin 1997).   

DATA GAPS & CHALLENGES 

Most toxicological research has been laboratory-based.  Little research has been 
conducted on the effects of CCl4 toxicity under field conditions or on wild species.  
Specifically, there appears to be a paucity of CCl4 toxicity data on birds, waterfowl, 
insects, reptiles, amphibians, plants, and wild mammals.  

 

Abdullah, M.H., J. Sidi, and A.Z. Zaharin Aris.  2007. Heavy metals (Cd, Cu, Cr, Pb 
and Zn) in Meretrix meretrix Roding, water and sediments from estuaries in 
Sabah, North Borneo. International Journal of Environmental & Science 
Education 2(3):69–74. 

                                                 
85 (0.00, 0.03, 0.25, or 2.00 Ml/kg, iontophoretic administration) 
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CESIUM (Cs-137)  
ECOTOXICOLOGICAL PROFILE 

 
 

Cesium-137 (Cs-137) is a radionuclide and is one of the hazardous substances (as 
defined by Sections 101(14) and 101(33) of CERCLA and listed in 40 CFR §302.4) to 
which natural resources have been exposed as a result of operations and cleanup 
efforts over the past 60 years at the U.S. Department of Energy (DOE) Hanford Site in 
the State of Washington.  Cesium is a soft metal element with a melting point of only 
28.4C, such that it can be liquid at room temperature.  It is one of the alkali metals 
and in metallic form is extremely reactive (Butterman et al. 2005); however, the 
chemical forms that occur following the detonation of a weapon or release from a 
reactor tend to be oxides, salts, or hydroxides.  

Natural cesium (Cs-133) is not radioactive; however, there are a number of artificial 
radioisotopes of cesium, of which Cs-137, a reactor byproduct, is “the most used and 
well-known” (Butterman et al. 2005).  A radionuclide, “Cesium-137 has a half-life of 
about 30 years and decays by beta decay either to stable Ba-137 or a meta-stable form 
of barium (Ba-137m).  The meta-stable isotope (Ba-137m) is rapidly converted to 
stable Ba-137 (half-life of about 2 minutes) accompanied by gamma ray emission 
(ICRP 1983).  The first beta decay mode that forms Ba-137m accounts for roughly 
95% of the total intensity, while the second mode accounts for about 5%” (WHO 
1983). 

Exhibit 1 presents the radioactive properties of Cs-137 and its progeny Ba-137m.  
Because the half-life of Ba-137m is so short, each disintegration of Cs-137 is 
accompanied shortly thereafter by a disintegration of its progeny, Ba-137m.  Hence, it 
can be assumed that Ba-137m is in equilibrium with Cs-137 whenever Cs-137 is 
found.  Furthermore, each disintegration of Cs-137 results in the emission of a beta 
particle with an average energy of about 0.6 MeV, followed shortly by a decay of Ba-
137m, which emits primarily a photon of about 0.6 MeV, along with an occasional 
electron (see Exhibit 1).   

A large body of information is available about the properties and ecotoxicity of Cs-
137.  This profile relies in significant part on NCRP Report No. 154 (NCRP 2007), a 
relatively recent comprehensive review of Cs-137 in the environment, which in turn is 
an update of NCRP Report No. 52 (NCRP 1977).  This profile also draws heavily 
from ATSDR (2004), the Hazardous Substances Databank (HSDB),85 and reports 
addressing the operation and remediation of the Hanford facility.86      

 

                                                 
85 The National Institute of Health maintains the Toxicology Data Network (TOXNET), which includes the Hazardous 

Substance Data Bank (found at http://toxnet.nlm.nih.gov/cgi-bin/sis/htmlgen?HSDB). 

   
86 At several places in this profile, direct quotes make reference to additional specific source documents.  These 

references are included in the reference section of this profile so that readers can more easily identify and obtain the 

original source documents cited in the major publications. 

I .   INTRODUCTION 
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EXHIBIT 1 RADIOLOGICAL PROPERTIES  OF CS-137 AND ITS SHORT-LIVED PROGENY, Ba-

137M (EXCERPTED FROM SHLEIEN ET AL.  1998) 

ISOTOPE HALF-

LIFE 

PROB-

ABILITY 

OF 

DECAY 

MAX BETA/ 

ELECTRON 

ENERGY 

(MEV) 

AVERAGE 

BETA/ 

ELECTRON 

ENERGY (MEV) 

PHOTON 

(GAMMA AND 

X-RAY) 

PROBABILITY 

PHOTON 

ENERGY

(MEV) 

Cs-137 30.17 yrs 94.6% 0.512 0.157 NA NA 

  5.4% 1.173 0.415 NA NA 

Ba-137m 2.55 min 7.6% 0.0037  1.04% 0.004 

  0.8% 0.0264  2.07% 0.032 

  8.1% 0.624  3.82% 0.032 

  14.6% 0.656  1.39% 0.036 

  0.5% 0.660  90% 0.662 

 

NATURAL SOURCES 

As discussed in ATSDR (2004), “Naturally-occurring cesium and cesium minerals 
consist of only one stable isotope, Cs-133.  Cesium occurs in the earth's crust at low 
concentrations.  Granites contain an average cesium concentration of about 1 ppm and 
sedimentary rocks contain about 4 ppm (Burt 1993).”  Higher concentrations are 
found in a number of minerals; however, there are no sources of naturally occurring 
Cs-137.  

ANTHROPOGENIC SOURCES 

Cesium-137 is a fission product and was produced in large quantities during above-
ground weapons testing in the United States and the former Soviet Union during the 
1950s and 1960s and also, to a lesser degree, by China, France, and the United 
Kingdom (UNSCEAR 2000).  It was also produced during below-ground weapons 
testing, but the fission products were largely confined below ground at the test sites 
(primarily the Nevada Test Site).  Mikhailov (1999) provides a historic account of all 
nuclear weapons testing by every nation up until 1999. 

During testing, Cs-137 was produced at a rate of 0.17 million curies per megaton, and, 
as a result, fallout from above-ground testing resulted in the widespread distribution of 
Cs-137 in soil, water, and food.  The literature summarizing the concentrations of 
Cs-137 in air, soil, water, food items, and in aquatic and terrestrial organisms is vast.  
Summaries of this literature can be found in Eisenbud and Gesell (1997), UNSCEAR 
(2000 and 2008), and in NCRP (2007).  Eisenbud and Gesell (1997) concluded that, 
over most of the United States, the fallout by the end of above-ground weapons testing 
in 1965 deposited between 60 and 100 millicuries of Cs-137/km2.  Table 9.6 in 
Eisenbud and Gesell (1997) presents the concentrations of Cs-137 in various food 
items in Chicago in 1968.  UNSCEAR (2000) presents a fairly detailed description of 
the deposition density (Bq/m2) of Cs-137 in the northern and southern hemisphere for 
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different latitudes and as a function of time up to 2000.  Updated information was 
recently published in UNSCEAR (2008).   

The concentration of Cs-137 in the environment from weapons testing is gradually 
declining due to its 30 year half-life and also due to natural attenuation; i.e., Cs-137 is 
gradually depleted from soil and sediment by downward migration and erosion, and 
eventually transported into relatively inaccessible or less accessible environmental 
compartments, such as the ocean depths.    

There have been several occurrences where large quantities of Cs-137 were injected 
into the atmosphere following the termination of above-ground weapons testing.  The 
most noteworthy is the Chernobyl accident in 1986.  Buzulukov and Dobrynin (1993) 
estimated that 1 to 2 million curies of Cs-137 were released to the atmosphere during 
the accident.  This is a significant fraction of the estimated inventory of Cs-137 in the 
Chernobyl reactor core at the time of the accident (i.e., about 7 million curies of Cs-
137 in the core).  Elevated levels of Cs-137 were measured in the atmosphere at many 
points around the northern hemisphere (reviewed in HDSB).  Other accidents 
involving Cs-137 that resulted in its widespread dispersal in the environment include 
nuclear waste disposal accidents in the USSR in 1949-1956 and a 1957 accident at the 
Windscale facility in Great Britain (reviewed in IARC 2000 and ATSDR 1999). 

In addition to weapons testing and accidental releases, cesium-137 produced in fission 
reactors is often present in detectable quantities in the routine gaseous and liquid 
effluent from operating nuclear reactors and fuel cycle facilities.  It is also present in 
relatively large quantities in low level and high level solid radioactive waste and in 
spent fuel (Eisenbud and Gesell 1997).   

In summary, “Of the roughly 1 EBq (1018 Bq) of Cs-137 released to the biosphere, 
~90% was produced by atmospheric testing.  Approximately 6% was produced by the 
Chernobyl accident and roughly 4% by nuclear fuel reprocessing facilities.  Of the 
nuclear reactor accidents, the Chernobyl accident on April 26, 1986 in the Ukraine 
released far more radioactivity, including Cs-137, to the environment than all other 
nuclear accidents combined” (NCRP 2007). 

At Hanford, there are a number of site-specific sources of Cs-137.  NCRP (2007) 
describes these as follows: 

“Most historical releases of radiocesium at Hanford were to terrestrial disposal sites 
and to surface-water impoundments.  Approximately 1.6 TBq87 of Cs-137 was 
released to the atmosphere from the separation facilities at Hanford.  However, the 
primary repository of radiocesium at Hanford has been in the 200 Areas where the 
majority of the Site’s liquid-waste ponds, cribs, trenches, tanks, and solid-waste 
burial grounds are located.  Since operations began in 1944, more than 1 EBq88 of 
Cs-137 have been disposed of and stored in the 200 Areas, most of it in large 
underground tanks.  Leaks from the tanks have released Cs-137 and other 
radionuclides into subsurface soil.  In addition, contaminated process water and 
liquid wastes were historically discharged to cribs, trenches, French drains, ditches, 

                                                 
87 T stands for tera and means 1012. 
88 E stands for exa and means 1018. 
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and ponds.  Approximately 5 × 108 m3 of liquid waste were percolated into the 
ground, including more than 1.5 PBq89 of Cs-137.  Such disposal was designed to 
allow the liquid wastes to percolate into the ground where adsorption to soil 
removed most of the Cs-137 and other contaminants before they reached 
groundwater.  The cribs were leach fields covered by soil.  The trenches were 
covered with soil after receiving waste materials.  The ditches and ponds were 
usually left open, providing habitat for plants and animals, including fish.  
Contaminated solid wastes were disposed of in various burial grounds.  The single-
pass production reactors generated the irradiated fuel that was sent to the separation 
facilities to isolate plutonium, but fuel element ruptures during operation of the 
reactors released fission and activation production to the Columbia River.” 

Hanson (2000) provides an overview of the types and inventories of waste at the site 
and associated historic leakages.  More detailed information is provided in many of 
the citations in that report, such as the paper by Gephart and Lundgren (1998).   
 

In discussing the environmental chemistry of cesium, it is appropriate to make a 
distinction between the chemistry of metallic stable cesium in the environment and the 
various chemical forms of Cs-137 that might be released to air surface water and the 
subsurface environment at a nuclear facility, such as Hanford.  As described in 
ATSDR (2004),  

‘Cesium is a silvery white, soft, ductile metal with only one oxidation state 
(+1). At slightly above room temperature, cesium exists in the liquid state. 
Compared to the other stable alkali metals, cesium has the lowest boiling 
point and melting point, highest vapor pressure, highest density, and lowest 
ionization potential. These properties make cesium far more reactive than the 
other members of the alkali metal group. When exposed to air, cesium metal 
ignites, producing a reddish violet flame, and forms a mixture of cesium 
oxides. Pure cesium reacts violently with water to form cesium hydroxide, the 
strongest base known, as well as hydrogen gas. The burning cesium can ignite 
the liberated hydrogen gas and produce an explosion. Cesium salts and most 
cesium compounds are generally very water soluble, with the exception of 
cesium alkyl and aryl compounds, which have low water solubility.’ 

Tables 4-1 and 4-2 of ATSDR (2004) identify and describe the chemical properties of 
six forms of cesium, including cesium metal, cesium chloride, cesium carbonate, 
cesium hydroxide, cesium oxide, and cesium nitrate.  When released following the 
detonation of a weapon, the high temperatures tend to form an oxide.  When released 
in liquid effluent from a reactor it will react with water to form a salt or hydroxide, 
which are soluble and, due to its positive charge in solution, will tend to bind to 
negatively charged soil and sediment.  In solution, it behaves chemically and 
biochemically as potassium, and it therefore bioconcentrates and is metabolized in a 
manner that it similar to potassium; i.e., it is distributed intracellularly in a manner 

                                                 
89 P stands for peta and means 1015. 
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that is similar to, but not exactly the same as, the essential electrolyte, potassium. 
(ATSDR 2004). 

FATE AND TRANSPORT 

Air  

As described in ATSDR (2004), when airborne (e.g., due to production from a 
weapons test, discharges to the atmosphere following an accident, or deliberate 
releases in gaseous effluent during routine operations at a reactor), “radioactive 
cesium … can travel thousands of miles before settling to earth.  Wet deposition is 
considered the most important pathway for the removal of radioactive cesium from 
the atmosphere.  It is a complex process that depends upon meteorological conditions 
such as temperature, the microphysical structure of the clouds, and the rainfall rate, as 
well as the physical and chemical properties of the airborne cesium.”  Dry deposition 
can also occur.   

Also as described in ATSDR (2004), when deposited onto plants, cesium “is absorbed 
into the flora through its foliage” (Sawidis et al. 1990).  The deposited cesium can 
make its way to soil through decomposition of the contaminated foliage. 

Surface So i l s  

Once deposited onto soil or into the subsurface such as from leaking tanks or from 
deliberate disposal of radioactive wastes, cesium’s mobility is generally very low.    
Partition coefficients (Kd values) are a measure of the strength of Cs-137’s binding to 
soil and sediments, and therefore its potential for movement in soil and the 
subsurface.90 

Depending on the characteristics of the soil, Sheppard and Thibault (1990) reported 
Kd values for cesium ranging from 0.2 to 145,000, with central estimates of 280 for 
sand, 4,600 for loam, 1,900 for clay, and 270 for organic soils.  Included in their 
reported values of Kd, they report values by Baes and Sharp (1983) of a best estimate 
of 1,100 and range of 10 to 52,000 for agricultural soils and by Coughtrey et al. 
(1985) of a best estimate of 1,000 and a range of 1,000 to 10,000.  The implications of 
these investigations are that, although the Kd values for cesium at a site can be highly 
variable, the central estimates are generally quite high, and leaching and migration of 
cesium out of soil and sediment is expected to be slow.  The DOE Biota Dose 
Assessment Committee (BDAC) database contains 19 Kd entries for Cs for sands, 
clays, and loams that range from 0.2 to 360,000. 

                                                 
90 The partition coefficient is expressed as follows: Kd = Cs/Cl  where: 

Kd = the partition coefficient of a given element in soil,  

Cs = the average concentration of a given element in soil in contact with the water for sufficient 

time to achieve equilibrium, and 

Cl = the average concentration of the element in water. 
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Of note, Smith and Amonette (2006) summarize the literature describing the 
limitations of Kd values, explaining that any measured Kd reflects only the very 
specific conditions under which those measurements were made.  It is for this reason 
that the reported range of Kd values is so large. 

Some site-specific partition coefficient information is available for Hanford.  NCRP 
(2007) reports: 

“At Hanford, radiocesium is readily bound to soil by abundant micaceous and 
other clay minerals (NAS/NRC, 1978).  The distribution coefficient (Kd) value for 
cesium in Hanford soils is ~300 L kg–1 (Napier et al., 1988).  The relative high Kd 
value, which relates to the affinity for a compound to be attached to soil, means 
that cesium does not move very much with water as it percolates down a soil 
column.  According to Schreckhise et al. (1993), water in Hanford soils will 
percolate through a soil column ~1,000 times as fast as cesium (i.e., the ratio of 
the velocity of cesium to water is ~0.001).  Penetration of small but detectable 
levels of Cs-137 through soil to the water table beneath high-level waste tanks 
may be possible through waste-modified soil chemistry, colloid transport, or other 
mechanisms besides normal solution-phase movement.  Klepper et al. (1979) 
reported that Cs-137 was detected in the litter and top 1 cm of soil beneath 
contaminated plants growing over a leachfield containing high levels of Cs-137.  
No activity was detected between the soil surface and the contaminated leach field 
which indicates that the Cs-137 was firmly attached to the soil particles and did 
not migrate downward in the soil column through percolation.  Cline and Rickard 
(1972) reported on the behavior of Cs-137 applied to soil in two outdoor 
experimental plots that were located near the 100-F Area.  In one plot, the Cs-137 
was tilled into the top 13 to 15 cm of soil.  In the other plot, the Cs-137 was 
placed on the soil surface.  During the first 3 y, both plots were sprinkled with 30 
to 100 cm of water each year and then allowed to lay fallow the last 5 y.  The 
vertical distribution of the Cs-137 in both plots changed very little over the 8 y 
period.  Only relatively small amounts of Cs-137 are located in the accessible 
surface environment on the Hanford Site.”   

NCRP (2007) also notes: 

“The soil or sediment is particularly important because it is the primary reservoir 
of Cs-137 in most ecosystems.  … [T]he strength of its binding to soil or sediment 
particles … is mainly dependent on the clay mineral composition and abundance.  
Other chemical factors that modify its transport include the soil or sediment cation 
exchange capacity (CEC) and pH, and the soluble potassium levels in the system 
[cesium is chemically similar to potassium and therefore potassium competes with 
cesium for binding sites on soil].”  

Subsurface So i l s  

Cesium-137 in the subsurface at Hanford and in the Columbia River has been the 
subject of intensive investigation.  Hanson (2000) explains that the subsurface at 
Hanford is generally sandy, and, as such, the water-holding capacity of the vadose 
zone at the site is limited.  The implications with respect to leaking underground waste 
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storage tanks is that some contaminants discharged to the subsurface can migrate 
relatively rapidly through the soil matrix and into the underlying water table.  The 
water table about 200 to 300 feet beneath the surface, and then becomes more shallow 
as one approaches the Columbia River.  Hence, there is a concern that some 
radionuclides, including Cs-137, can and have reached ground water and also entered 
the Columbia River.   

The speed at which Cs-137 is migrating in the vadose zone very much depends on the 
chemical and physical properties of the waste and the vadose zone.  Because of the 
complexity of the subsurface environment horizontally, vertically, and over time at the 
site (especially in the Central Plateau 200 Area where the waste storage tanks are 
located), predicting the subsurface behavior of most radionuclides, including Cs-137, 
is a challenging undertaking.  Brown and Serne (2008) discuss the history and current 
status of this issue since the inception of the Vadose Zone Characterization Program 
(VZCP) in 1997 (DOE 1996).    The VZCP is a comprehensive subsurface 
investigation program in the 200 Areas, where extensive subsurface investigations 
were implemented in order to better understand the migration of toxicants leaking 
from the waste storage tanks.  Due to the abundance of Cs-137 in the tanks, Cs-137 
was used as the benchmark radionuclide for these investigations.  In addition, the 
program resulted in a Cs-137 model that has been used as the basis for ongoing 
research on the migration pattern and speed of radionuclides and toxic chemicals in 
the vadose zone in the 200 Areas. 

Brown and Serne (2008) report that the waste water migrating beneath the site, along 
with its dissolved and suspended radionuclides and other contaminants, does not 
appear to be migrating vertically, as previous believed, due to the geological layering 
in the vadose zone, which include thin, fine-grained lenses of sediments, which cause 
horizontal migration.  They also report that predicting contaminant migration is 
complicated by the variable pH in the vadose zone, due to material with a high pH in 
some tanks, which is buffered by natural minerals in the vadose zone.  The uncertainty 
and variability in pH is important because, in general, an elevated pH tends to cause 
Cs-137 to precipitate, which could slow migration, while acidic environments could 
have the opposite effect.  In addition, the amount of salts and other ions in solution 
affect the ion exchange capacity of the soil.  Brown and Serne (2008) specifically 
discuss the effect of these processes on the mobility of Cs-137, citing Kd values 
ranging from 10 to 1000 ml/g depending on the soil chemistry.  Flury et al. (2004) 
confirmed through experiment that ionic strength of the media can have a ten-fold 
effect on the Cs retardation coefficient.91 

Smith and Amonette (2006) cite studies that reveal that  many radionuclides, 
including Cs-137, can move relatively quickly through the unsaturated zone.  The 
                                                 
91 The retardation coefficient (Rd ) is the velocity of a chemical in the unsaturated and saturated zone 
relative that of water.  It is related to Kd according to the following equation (Codell and Duguid, 1983): 
 
Rd = n/ne + ρb/neKd 

 

Where 
n = total porosity 
ne = effective porosity  
ρb =  bulk density (g/cm3) 
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reasons cited include (1) adsorption onto colloids that remain suspended in soil pore 
water and move at the rate that the water moves through the vadose zone (as opposed 
to binding to the soil in the vadose zone), (2) pH and oxidative state affect the binding 
capability of some radionuclides to soil, (3) the presence of organic and inorganic 
complexing agents, including microbial activity and dissolved carbonates, and (4) 
chelating agents, such as EDTA.  Campbell et al. (1994), as cited in Ballou et al. 
(1996), identified several chelating agents in the Hanford tanks.  Cherry (2003) 
isolated colloids from Hanford sediments and demonstrated that they also affected 
transport through sediment under steady-state unsaturated conditions. 

These investigations reveal that the chemistry of cesium in the subsurface at Hanford 
can be complex, and it is difficult to draw simple conclusions regarding the rate at 
which it may be moving through the vadose zone at different locations at the site and 
at different time periods.   

Water and Sediment 

ATSDR (2004) states: “Since cesium does not volatilize from water, transport of 
cesium from water to the atmosphere is not considered likely, except by windblown 
sea sprays.  Most of the cesium released to water will adsorb to suspended solids in 
the water column;” hence, the fate of Cs-137 in the Columbia River is expected to be 
strongly related to the fate of the river’s sediments. As an alkali metal, it stays in ionic 
solution (as would potassium and sodium) and tends also to bind to negatively 
charged sediment particles in suspension in the water column and then deposited in 
the bottom sediment.  It also competes with other alkali (K+ and Na+) and alkaline 
earth metals (Ca2+ and Mg2+) metals in solution for binding sites on sediment.  

Ritchie (2005) has compiled a bibliography of about 3,000 publications related to 
Cs-137 erosion and sediment deposition, many of which address Cs-137 at the 
Hanford reservation and the Columbia River.  Cesium-137 is the focus of attention of 
so many studies primarily due to the widespread contamination of soil, water, and 
sediment resulting from Cs-137 in fallout.  In addition to concern over the potential 
public health and environment impacts of Cs-137 in the environment, these 
investigations are using Cs-137 as a tool to better understand the kinetics of soil and 
sediment erosion.   

Biota 

At Hanford, biota themselves have been shown to be a transportation mechanism for 
Cs-137.  NCRP (2007) reports that “deep-rooted plants, such as tumbleweed (Salsola 
kali), have transported subsurface 137Cs to the surface.  Windblown plants can 
transport radionuclides some distance before depositing contamination on the soil 
surface (Johnson et al., 1994).”  In addition, NCRP (2007) states the following:  

“Some radionuclides have been taken up by animals from the open disposal 
systems such as ditches and ponds that received liquid radioactive wastes 
(Emery and McShane, 1980)… “noteworthy location is the BC Crib area….  
Animals removed Cs-137 salts and other radionuclides from an underground 
disposal facility and, primarily via deposition of feces, scattered the 
radionuclides over a large area (Johnson et al., 1994).”   “Another mechanism 
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for contamination of biota is burrowing by small mammals and insects into 
contaminated subsurface soil.  Burrows can then be invaded by other species 
such as snakes and birds.  Contaminated small animals such as rabbits can in 
turn be consumed by predators such as raptors and coyotes.  These 
phenomena all provide mechanisms for biologically mediated dispersal of 
radioactive materials well beyond the confines of waste disposal sites.”   

BIOACCUMULATION POTENTIAL  

Cs-137 can bioconcentrate and has been shown to bioaccumulate in both terrestrial 
and aquatic food chains (ATSDR 2004).  As stated in NCRP (2007), “The passage of 
radiocesium up through animal food chains, unlike the vast majority of other 
radionuclides, often increases from one trophic level to the next higher trophic level.  
For example, predatory animals tend to concentrate Cs-137 in their soft tissues to a 
higher degree than do the animals upon which they feed” (NCRP 2007).  

Of note, however: “The accumulation of cesium varies by orders of magnitude 
between different biological components within a single environment and also among 
different ecosystems.  Much of this observed behavior can be understood from the 
chemical properties of cesium and its interactions with soil and sediment particles… 
The fraction of the Cs-137 in ecosystems that is available for biological uptake and 
transport is largely determined by the strength of its binding to soil or sediment 
particles” (NCRP 2007).   As stated previously, the strength of Cs-137’s binding to 
soil (and hence, its bioavailability) depends on a range of location-specific factors that 
can vary over space and time.  In aquatic systems, a large humic content and high 
levels of potassium cations reduce the bioconcentration and bioaccumulation of Cs-
137 (Penttila et al. 1993 as cited in ATSDR 2004). 

NCRP (2007) cites the following default values for predicting the environmental 
concentration of Cs-137 at Hanford (from Schreckhise et al. 1993): 

 Concentration ratios for terrestrial vegetation (Bq kg–1 dry vegetation per 
Bq kg–1 dry soil): 
- leafy vegetables = 2 × 10–2 
- root vegetables = 2 × 10–2 
- fruit = 2 × 10–2 
- grain = 2 × 10–2 

 Equilibrium transfer coefficient (Bq kg–1 wet food product per Bq d–1 
consumed): 
- meat = 3 × 10–2 
- poultry = 4.4 × 100 
- milk = 7 × 10–3 
- eggs = 4.9 × 10–1 

 Concentration ratios for aquatic organisms (Bq kg–1 wet tissue per Bq L–1 
water values):  
- fish = 1.5 × 104 
- crustacea = 5 × 102 
- mollusks = 5 × 102 
- aquatic plants = 1 × 103 
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A well-researched radioecological characteristic of Cs-137 in freshwater ecosystems 
is referred to as the trophic level effect.  Many investigators have observed a three-
fold increase in the concentration of radiocesium as it passes up the food chain from 
one trophic level to the next in freshwater aquatic biota (Gustafson et al. 1966, 
Kevern, 1966, Nelson et al. 1971, Pendleton, 1962, and others).  This effect is 
attributed to the following.  If (1) the assimilation of radiocesium and potassium from 
food items are the same (McNeill and Trojan, 1960), (2) the concentration of 
potassium is held constant in the organisms under homeostatic control, and (3) the 
elimination rate of radiocesium from the organism is one-third that of potassium, the 
radiocesium to potassium ratio of the food organisms of a fish will be one third that of 
the fish.  Since the potassium concentration is held constant under homeostatic 
control, the radiocesium concentration triples as one moves up each step in the food 
chain.  This trophic level effect can be impeded if the uptake of radiocesium is 
reduced if radiocesium uptake is reduced, such as occurs when large amounts of 
sediment are ingested by bottom feeding organism.  Under these circumstances, the 
presence of sediment in the GI tract of fish binds the radiocesium to the sediment and 
reduces the assimilation of radiocesium by fish; i.e., the radiocesium is eliminated in 
the fecal plug as opposed to being absorbed (Mauro 1973).    

ACCUMULATION WITHIN TISSUES 

As described by Eisenbud and Gesell (1997), cesium is a conger of potassium (K) and 
is therefore taken up by all organisms in a manner similar to that of potassium. 
Potassium is an essential element under homeostatic control, is required by all 
organisms to maintain electrolytic balance, and is biochemically maintained at very 
narrow intracellular and extracellular and concentration. To a degree, cellular 
biochemical machinery cannot distinguish between Cs and K.  As a result, cells take 
up cesium using active transport mechanisms in a manner similar to that of potassium 
(NCRP 1977, Sakhnini and Gilboa, 1998).  

Because of the biochemical similarities between cesium and potassium, if soil is low 
in potassium, there will be a tendency for plants to take up more Cs-137.  Extensive 
evidence of this phenomenon is provided in many studies of the Marshall Islands.  
Two classic issues of the Journal of the Health Physics Society, Volume 73, No. 1 
(1997) and Volume 99, No. 2 (2010), provide a wealth of information on this 
important radioecological subject.    

Overall, however, as described in ATSDR (2004) and NCRP (2007), once assimilated, 
Cs-137 is metabolized in a manner very similar to that of potassium; i.e., it is 
absorbed intracellularly and is relatively uniformly distributed throughout the 
organism.  For example, Cs-137 accumulates in both the shells and soft tissue of the 
freshwater mussel Lampsilis radiata (Harvey 1969 as cited in Havlik 1987). 

 

As discussed in other sections of this profile, surface soil at Hanford has been 
contaminated as a result of the discharge and subsequent deposition of Cs-137 in 
airborne effluents; the subsurface environment has been contaminated from leaking 
waste tanks, trenches, and cribs, primarily in the 200 Areas; terrestrial plants have 
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been contaminated from direct deposition of Cs-137 on resuspended soil and from 
root uptake; and aquatic ecosystems have been contaminated from deliberate and 
inadvertent discharges of liquid waste to the Columbia River.  As described in NCRP 
(2007), once Cs-137 is in the environment, the primary pathway by which biota are 
exposed to Cs-137 is through ingestion of contaminated food and water.  Once 
ingested, Cs-137 is readily assimilated92 and relatively uniformly distributed 
throughout the organism.  Once it is deposited within an organism, the organism 
experiences internal exposure from the beta and gamma radiation associated with the 
decay of Cs-137 and its progeny Ba-137m.  In addition, once in the environment, 
biota also experience external exposures from the beta and gamma radiation emitted 
by Cs-137 and its progeny present in soil, sediment, and, to a lesser extent, in water. 

 

In theory, biota can be damaged by both the chemical toxicity and radiotoxicity of 
Cs-137. However, the specific activity of Cs-137 is relatively high and its chemical 
toxicity is relatively low.  For example, ATSDR (2004) explains that, from a chemical 
toxicity perspective, stable cesium has an LD50 value for rats and mice ranging from 
800 to 2,000 mg Cs/kg, and single oral doses of cesium chloride, administered to 
female mice at dose levels ranging from 125 to 500 mg/kg, have been shown to result 
in significant increases in chromosomal breaks in bone marrow cells (Ghosh et al. 
1990 and 1991).  It is important to recognize that the specific activity of Cs-137 is 
86 Ci/gram or 0.086 Ci per mg.  Hence, a single mg of Cs-137 is highly radioactive 
and extremely radiotoxic.  As a result, the chemical toxicity of Cs-137 is of little to no 
concern relative to its radiotoxicity.  

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no beneficial or protective properties associated with exposure to Cs-137.  
However, as summarized in the HSDB, Cs-137 does have beneficial uses, including 
radiotherapy; calibration of equipment used to measure correct patient dosages of 
radioactive pharmaceuticals; measurement and control of the liquid flow in oil 
pipelines; telling researchers whether oil wells are plugged by sand; ensuring the right 
fill level for packages of food, drugs, and other products; for the construction of 
atomic clocks; in process control instruments; and in sewage and sludge sterilization. 

MECHANISMS OF ACTION 

Radioecological damages to aquatic and terrestrial organisms due to Cs-137 in the 
environment result from ionization caused by the interaction of its beta particles and 
photons with living tissue.  In particular, upon each disintegration, Cs-137 emits a 
beta particle with an average energy of about 0.6 MeV and a gamma ray from 
Ba-137m of 0.662 MeV (Shleien et al. 1998).  

In ternal  Beta Exposures 

The range of beta particles in matter is given by (Shleien et al. 1998, Formula 2a, 
p. 3-15): 

                                                 
92 An exception to this general rule is Cs-137 that is tightly bound to soil and sediment.  When bound to soil and 

sediment, Cs-137 is not available to be transported across biologic membranes. 
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For (0.01 ≤ E ≤2.5 MeV):   

R = 412*E(1.265-0.0954*ln(E) 

Where: 

R =  range in mg/cm2 (range in cm times the density of the absorbing medium 
in mg/cm3) 

E =  energy of the beta particle in MeV  

Using this equation, the approximate range of Cs-137 beta particles in water (which is 
similar to tissue) is 1.533 cm.93  Given that the typical energy required to ionize a 
molecule (i.e., eject an electron from its orbit) is about 34 to 35 eV (see page 17, 
Casarett 1968), the total number of ion pairs produced by the energy deposited in 
tissue from the average energy beta particle emitted by Cs-137 is about 17,000 ion 
pairs (i.e., 0.6 MeV/35 eV).   

The pattern of energy deposition for beta particles is described in Morgan and Turner 
(1973) as follows: 

Mean linear ion density = T/Rt × W 

Where: 

T = average energy of electron liberated 

Rt = range or electrons of energy T 

W = average energy to form an ion pair 

For Cs-137, the equation is 0.6 MeV × 1,000,000 eV/MeV ÷ 1.533 cm × 35 eV/ion 
pair =  1.1 × 104 ion pairs per cm or about 1 ion pairs per micron.  Given that a typical 
cell is on the order of tens of microns (see page 102 of Curtis and Barnes 1989), a 
single cell might experience about 10 to 20 ion pairs produced by the passage of an 
average Cs-137 beta particle.  It is this deposited energy in living tissue that results in 
biological damage.   

External  Beta Exposures 

Sufficiently energetic beta particles can penetrate the dead layer of the skin of 
mammals (nominally 70 microns in humans) and deposit energy in underlying tissues.  
Thus, there is a real potential for exposure to terrestrial organisms from external 
radiation from beta particles emitted by Cs-137, except for organisms that have a thick 
outer layer (such as bark of trees, heavy fur, etc.) that can shield the living tissue 
beneath from the beta emissions.  In theory, aquatic organisms can also experience 
external exposure from beta particles but, due to the limited range of Cs-137 beta 
particles in water (about 1 cm), only Cs-137 in very close proximity to the organisms 
can result in exposure to living tissue.   

                                                 
93 Also see Figure 5.8.1 of Shleien (1998). 
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In ternal  and Externa l  Gamma Exposures  

Terrestrial and aquatic organisms can also experience internal exposures from the 
0.662 MeV photons emitted by Cs-137’s short-lived progeny, Ba-137m.  However, 
because only about 10% of the photon energy is deposited per cm of path length in 
tissue (see Figure 5.4 of Shleien et al. 1998), the contribution of gamma exposure 
from Ba-137m to the internal dose is small compared to the internal dose from the 
beta emission.  However, external exposure to terrestrial organism from the gamma 
emissions from Cs-137 (and its progeny) in soil must be taken into consideration 
when assessing the overall dose to terrestrial biota.  For aquatic biota, close proximity 
to sediment containing Cs-137 could contribute to external exposures.   

FACTORS AFFECTING TOXICITY 

The adverse effects of both external and internal exposure to Cs-137 are due to the 
deposition of ionizing radiation in living tissue, and the associated disruption of the 
organism’s biochemical machinery primarily through direct ionization of 
macromolecules and indirect damage from free radicals produced by the ionization of 
water molecules.  There are numerous environmental factors can enhance or reduce 
the potential for biota to be exposed to Cs-137.  As discussed above, the uptake of 
radiocesium can be enhanced or reduced by the amount of potassium in the 
environment.  If cesium is tenaciously bound to soil and sediment, it is less likely to 
be available for uptake by biota.  Also, as discussed in the papers published in Volume 
73 (1) 1997 and in Volume 99(2) 2010 of Health Physics, the addition of potassium to 
soil (i.e., fertilizer) can reduce the uptake of radiocesium by plants and therefore also 
protect organisms higher up the food chain. 

NCRP (2007) devotes a section (7.3.5) of the report on the extensive research 
performed in the former Soviet Union following the Chernobyl accident and the 
contamination of the Pripyat and Dnieper Rivers.  The report explains that following 
contamination of the Pripyat-Dnieper River, the Cs-137 dissolved in surface waters 
was rapidly bound to suspended sediment and settled to the bottom sediment.  The 
sediment was then transported downstream to the sediment in the Kiev Reservoir.  
Hence, natural attenuation by sedimentation helps to clear surface waters, but of 
course, increases exposures to bottom feeding organisms and organisms whose 
lifecycle includes contact with sediment.   

PLANTS 

No literature was found that explicitly addresses the radiotoxicity of Cs-137 on plants 
at Hanford.  However, there is an abundance of publications on the effects of radiation 
in general on plants and plant communities, and some of this is specific to Cs-137.  A 
classic series of investigations on the effects of external gamma ionizing radiation on 
plant communities was performed at Brookhaven National Laboratory in Upton, New 
York, in 1962.  A large (9,500 Ci) Cs-137 source was placed in a pine forest for 20 
hours per day, where the external exposures ranged from several thousand R94 per day 
within a few meters of the source to about 1 rad per day at 130 meters from the 

                                                 
94  For simplicity, it can be assumed that one R or Roentgen is equal to 1 rad (or 100 ergs of energy deposited per gram 

of tissue). 
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source.  After 6 months of exposure, a total kill zone was observed at dose of >350 
R/day.  At 10 R/day, there was reduced shoot growth of all tree species, but no trees 
died (Casarett 1968).   

Chapter 13 of Casarett (1968) provides an excellent review of the literature on the 
effects of radiation on higher plants and plant communities.  She provides data 
showing the percent germination for pollen for a variety of plants, as a function of 
dose, where the doses ranged from zero to over 6,000 rad.  She also summarizes 
studies on the effects of radiation on the fertilized egg (ovule), where effects on the 
developing plant were observed at 500 R, and the radiosensitivity of developing 
embryos (fertilized ovule) varied 100-fold depending on plant species.  

Casarett (1968) also presents the results of investigations performed by Sparrow and 
Woodwell (1962), where the effects of chronic exposure to Co-60 were measured.  
The effects included growth reduction, failure to set seed, pollen sterility, floral 
inhibition or abortion, and lethality. 

Driver (1994) does not specifically address the toxicity of Cs-137 to plants but does 
review experiments evaluating the effects of radiation on terrestrial plants (including 
the Brookhaven experiments).  The following is excerpted from Driver (1994):    

“Plants are relatively resistant to ionizing radiation.  [It should be noted that 
experience following the Chernobyl accident found pine trees to be radiosensitive, 
see below.]  The effects of chronic irradiation (6 months) of a late successional 
oak-pine forest were studied at Brookhaven National Laboratory (BNL) in New 
York.  Changes in ecosystem structure, diversity, primary production, total 
respiration, and nutrient-inventory occurred.  The most resistant species were the 
ones commonly found in disturbed places, i.e., generalists capable of surviving a 
wide range of conditions.  Mosses and lichens survived exposures greater than 
1000 R/d.  No higher plants survived greater than 200 R/d.  Sedge (Carex 
pennsylvanica) survived 150 to 200 Rad.  Shrubs (Vaccinium and Quercus 
ilicijolia) survived 40 to 150 R/d.  Oak trees survived up to 40 R/d, whereas pine 
trees were killed by 16 R/d.  No change was noted in the number of species in an 
oak-pine forest up to 2 R/d, but changes in growth rates were detected at exposures 
as low as 1 R/d (Woodwell 1970).  Severe defects were observed in Tradescatia at 
an exposure rate of 40 R/d.  However, an exposure of 6000 R/d was required to 
produce the same effect in a hybrid gladiolus (Odum 1956).  The sensitivity of 
various plant species appears to be related to the cross-sectional area of the nucleus 
in relation to cell size: the larger the nucleus and chromosome volume, the more 
sensitive the plant (Underbrink and Sparrow 1968, 1974).”   
 

Driver (1994) cites studies by Rickard et al. (1981) which found that bulrushes, 
cattails, and pond weeds were not inhibited from colonizing an industrial pond 
containing Cs-137 concentrations in the sediment of 28,000 pCi/g dry weight.   

Also noteworthy are investigations of the damage done to conifer forests in the 
vicinity of the 1986 Chernobyl accident.  Radiation resulted in the death of many pine 
stands within approximately 5-10 km of the power plant, resulting in the so-called 
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“red forest.”  In addition to mortality, adverse effects observed in the forest included 
reproduction anomalies, growth reductions, and morphological damage (ibid.).  The 
absorbed dose was largely due to beta radiation (90%), with some contribution from 
gamma radiation (10%), and four distinct zones of damage were identified, with 
different dose levels associated with different severities and types of injury (see Table 
6.3 in IAEA 2006). 

AQUATIC BIOTA 

There is an abundance of publications on the effects of radiation in general on aquatic 
organisms, but a limited amount of laboratory and environmental radiotoxicity 
literature specifically addressing the effects of Cs-137 on aquatic biota.  A detailed 
review of the literature on the effects of radiation on aquatic biota is provided in 
NCRP (1991). More specifically, NCRP (1991) provides an extensive review on the 
reproductive effects of radiation on in fish and invertebrates in natural and 
experimental settings.  Tables 3.3 to 3.8 of the report summarize the extensive 
literature on this subject.  Data are available on many life stages of the mosquito fish, 
roach, pond snail daphnia, Chinook salmon, coho salmon, stickleback, pike, rainbow 
trout, guppy, and medaka.     

This report concludes that: 

The discharge of low-level radioactive effluents into the aquatic environment 
has resulted in chronic, low dose rate exposure aquatic organisms.  The fate of 
individual organisms is, generally, not the major concern but rather the 
response and maintenance of endemic populations. 

Experimental studies to date have shown that fertility and fecundity 
(gametogenesis) of the organisms and embryonic development are probably 
the most sensitive components of the radiation response, and it is precisely 
these attributes which are of importance in determining the fate of the 
population. 

Driver (1994) summarizes the literature on the effects of radiation on aquatic 
organisms, providing LD50 values for fish (90,000 R), 50% survival doses for male 
and female germ cells (305 to 500 R), and reduction on population growth rate for 
white crappie, largemouth bass, and redhorse (25% reduction at 57 R external 
exposure). 

Driver (1994) also summarizes the literature specifically addressing the effects of 
Cs-137 on fish.  The effects included allergic effects at 2,000 Bq/L or more.  Also 
damage to brain and epithelial cells of renal tubules of carp were observed (Vosniakos 
et al. 1991).  Rickard et al. (1981) observed no effects on carp monitored in an 
industrial pond containing sediment levels of Cs-137 of about 28,000 pCi/g dry 
weight.  Also, Kimura and Honda (1977a and 1977b) observed no increase on the 
mortality rate of rainbow trout embryos exposed for 20 days to up to 10 µCi/L of Cs-
137.  
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Driver (1994) also references studies on the effects of radiation (not specifically Cs-
137) on crustaceans, snails, and daphnia, where effects of exposure to radiation were 
observed but only at very high dose rates (hundreds to thousands of rad).   

A more recent review of this subject is provided by the EPA as part of the 
“Framework for the assessment of environmental impact project (FASSET at 
http://www.fasset.org).  In these studies, zebrafish were exposed to gamma radiation 
at a dose rate of 30, 100, and 740 mrad/hr.  Only the highest dose rate group 
experienced effects on reproductive output (reduced egg count).  IAEA (2006) also 
summarizes information on chronic effects of ionizing radiation on fish reproduction, 
taken from the FASSET database. 

BIRDS 

Driver (1994) summarizes publications addressing the harmful effects of Cs-137 to 
birds: 

“Levels in birds exposed to high levels of radiocesium in the environment have 
been reported to be in excess of the maximum permissible concentrations for man.  
However, it was not determined if these levels (average body burden of 5 µCi) 
were harmful to the birds (Krumholz 1954).  Red blood cell abnormalities in 
mallards that accumulated cesium-137 from an abandoned nuclear reactor cooling 
tower were observed after 8 months of exposure.  Aneuploidy in the blood cells 
was observed after 9 months of exposure.  Such changes only occurred with 
maximum body burdens of cesium-137 (George et al. 1991).  Willard (1963) 
calculated that a chronic dose LD50 of 21,700 mGy95 would be needed to kill 50% 
of bluebird (Sialia sialis) nestlings over a 16-day period of irradiation with cesium-
137.  Growth of tree swallows was significantly affected by acute doses of 2700 to 
4500 mGy (Zach and Mayoh 1984).  Hatching success was reduced by chronic 
doses of 100 mGy/d (Zach and Mayoh 1984).  Birds environmentally exposed to 
cesium-137 during breeding season received total dose equivalent rates to the 
whole body of 9.8 × 10-7 Sv/h or 2.8 mSv96 for the whole period of 120 days 
(breeding season).  No reproductive or population effects were observed in even the 
most contaminated individuals and species (Lowe 1991).  The number of eggs and 
chicks produced by American coot (Fulica americana) colonizing a cooling pond 
that received low levels of cesium-137 were similar to the number produced on 
uncontaminated ponds (Rickard et al. 1981).  The coots consumed aquatic plants 
containing about 11,000 pCi of cesium/g dry weight and, inadvertently, sediments 
containing about 28,000 pCi of cesium/g dry weight (Rickard et al. 1981).” 

MAMMALS 

The literature on the adverse effects of internal and external radiation exposures on 
mammals is substantial, and a number of studies specific to Cs-137 are available.  

                                                 
95 mGy refers to a milligray, where “milli” means 0.001, and Gray is a unit of absorbed dose equal to 100 rad.  One rad 

is 100 ergs of energy absorbed per gram of absorbing medium. 
96 mSv refers to millisievert, where “milli” means 0.001, and a Sievert is a unit of dose equivalent equal to 100 rem.  For 

beta and gamma radiation 1 rad equals 1 rem.   For alpha radiation, the potential damage per rad is many times higher 

than that associated with exposure to gamma and beta radiation. 
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Most of this work has been laboratory-based, although several field investigations 
have also been performed following the accidents described above in the section on 
anthropogenic sources of Cs-137. This profile provides a brief summary of the 
literature addressing the adverse effects of internal and external Cs-137exposure on 
mammals.  

ATSDR (2004) summarizes the adverse effects of Cs-137 on humans, drawing 
heavily from exposure to experimental animals.  ATSDR (2004) organizes this 
information first by route of exposure (inhalation, oral, and external), although it is 
noted that “it has been proposed that adverse  health effects, related to a soluble and 
readily absorbed compound such as 137CsCl, should be similar across the three routes 
of exposure.”  Within exposure route, information is organized by health effect 
category and exposure duration. 

For internal exposure, available information is largely limited to experiments on dogs 
that used intravenous injections. In particular, dose-related decreased survival was 
observed in beagle dogs that had received single intravenous injections of 137CsCl in 
amounts resulting in average initial body burdens of 64–147 MBq/kg (1.7–
4.0 mCi/kg) (Nikula et al. 1995 and 1996).  Depressed blood cell counts and platelet 
levels, reduced packed-cell volume, and bone marrow aplasia were observed in dogs 
that had been administered single intravenous injections of 137CsCl, which resulted in 
average initial body burdens ranging from 36.4 to 141.0 MBq/kg (1.0 to 3.8 mCi/kg) 
(Nikula et al. 1995; Redman et al. 1972).  Severe bone marrow depression was 
observed in dogs exposed to 137CsCl by intravenous injection at activity levels 
resulting in estimated total bone marrow doses of 7–24 Gy (700–2,400 rad) (Nikula et 
al. 1995).  Benign and malignant neoplasms were found in a variety of tissues and 
organs of dogs administered single intravenous doses of 137CsCl, which resulted in 
average initial body burdens ranging from 37 to 147 MBq/kg (1.0 to 4.0 mCi/kg) 
(Nikula et al. 1995 and 1996).   

Information is also available on adverse effects of acute external Cs-137 exposure to 
mammals.  Specifically, ATSDR (2004) states that significantly reduced survival was 
noted in rat fetuses following whole-body irradiation (via a Cs-137 source) of 
pregnant dams on gestational day 14 at acute radiation doses ≤4 Gy (400 rad); an LD50 

value was about 5 Gy (500 rad) (Koshimoto et al. 1994).  In male mice, reduced 
fertility following external Cs-137 exposure, and sterility, have also been observed, as 
has increased total and postimplantation embryo mortality (ATSDR 2004).  
Gestationally-exposed  rats experienced  reduced postnatal body weight, impaired 
motor activity, and decreased thickness within cortical layers of the brain, while 
gestationally-exposed mice experienced smaller litter sizes, smaller head sizes, 
retarded odontogenesis, decreased brain weights, and cleft palates (ibid.), although 
ATSDR (2004) notes that “the observed developmental effects were the result of 
radiation exposure, not the presence of cesium per se.” Some exposures to Cs-137 
resulted in increased mammary tumors in rats, and ATSDR (2004) similarly notes 
“[t]hese effects were the result of the gamma radiation, not the presence of cesium per 
se.” Also, the age of the rats at the time of exposure affected their risk of carcinoma, 
with younger animals having higher risks.                         
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The most comprehensive investigations on the effects of radiation on mammals in a 
natural setting are those that have been performed and are ongoing in the vicinity of 
the Chernobyl accident.  Though the studies do not specifically focus on Cs-137, Cs-
137 was one of the primary long-lived radionuclides released during the accident, 
resulting in widespread contamination.  IAEA (2006) notes that in the fall of 1986, the 
numbers of small rodents on highly contaminated research plots decreased by two to 
10 fold; however, immigration assisted in recovery as early as spring 1987.  Other 
effects in this timeframe include pre-implantation deaths in rodents (ibid.).  A July 30, 
2010 BBC News article97 reports on recent results of the largest wildlife census of its 
kind conducted in the vicinity of Chernobyl.  The article summarizes investigations 
performed Dr. Timothy Mousseau from the University of South Carolina and Dr. 
Anders Moller from the University of Paris-Sud, France.  They found a reduction of 
biodiversity in the vicinity of Chernobyl, including reptiles and mammals. 

 

ATSDR (2004) states that no data were located regarding interactions of cesium with 
other chemicals that might influence the toxicity of cesium.  Concerns over the 
possible synergistic effects of exposure to radiation and chemical toxins have been 
extensively raised and reported in the scientific literature (Burkart et al. 1997, Prasad 
et al. 2004), but little consensus has been achieved in quantifying these effects in 
humans except possibly for radon and smoking (BEIR IV 1988) and certainly in the 
enhancement of the therapeutic effects of radiotherapy used to treat cancer (e.g., Lew 
et al. 2002).  UNSCEAR (2000) Annex H explores the combined effects of radiation 
and chemical agents, including heavy metals.  Only a few data are available from 
combined exposures of radiation and metals in human populations and no firm 
evidence of interactions has been observed.  

As summarized in ATSDR (2004), there is some literature on observed synergistic 
adverse effects of radiation and toxic chemicals on organisms other than humans (e.g., 
salmon (Mothersill et al. 2007)).  Examples of ionizing radiation and metals 
producing combined effects in other biological systems include synergistic effects on 
soil microbial activity from cadmium and zinc in combination with gamma radiation 
(summarized in UNSCEAR 2000).  Also, combined effects of cesium-134/137 and 
lead found in highly contaminated habitats in the Russian Federation increased the 
mutation rate in the plant Arabidopsis thaliana (summarized in UNSCEAR 2000).  
However, the authors clearly indicate that the relative importance of different damage-
inducing mechanisms of metals for combined exposures in human and non-human 
populations remains to be elucidated. 

ATSDR (2004) states that, overall, there is a clear need for additional research on 
synergistic effects of multiple stressors in radioecotoxicology (e.g., Salbu and 
Skipperud 2007; Mothersill and Seymour 2007).  In particular, these authors raise the 
issue of pesticides, organics, and endocrine disruptors and synergistic effects with 
radioactive materials, particularly with long-term exposure to various biological 
systems.  Manti and D’Arco (2010) summarize the in vitro and animal-model studies 

                                                 
97 http://www.bbc.co.uk/news/science-environment-10819027  
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and epidemiological surveys with two or more stressors, including radionuclides 
(DNA-damaging agents).  They also emphasize that most research focuses only on the 
short-term effects of combined single exposures to animal models, and more work is 
needed to understand chronic exposure to trace contaminants and radioactive elements 
in the environment, including impacts to long-term genome stability.  Specific 
research is lacking on Cs-137 effects with multiple stressors on biological systems, 
particularly non-human systems. 

 

Some literature is available addressing the effects of Cs-137 exposure (and, more 
generally, radiation exposure) to wild plant species, but little research has been 
performed on species native to the Hanford site. Species-specific information is of the 
most use as different plant species have been shown to be differentially sensitive to 
the effects of radiation.   

For aquatic biota, there is an abundance of publications on the effects of radiation in 
general although a literature specifically addressing the effects of Cs-137 is limited.  
Also, while some literature is available describing the radiosensitivity of certain 
aquatic invertebrates (crustaceans, snails, and daphnia), little is available specific to 
Cs-137, and effects information on unionids appears to be lacking.  Specific 
information on the effects of Cs-137 in amphibians and reptiles is also lacking. 

The literature on effects of Cs-137 on mammals is more substantial but, due to human 
health concerns, has largely focused on domestic or laboratory species, and data on 
effects under field conditions are fewer.  Overall, the majority of research has been 
laboratory-based, although some field data are available primarily because of 
accidental releases of Cs-137.  In addition, little is known about the combined action 
of exposure to radiation and other environmental toxicants.   
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CHROMIUM (Cr) 
ECOTOXICOLOGICAL PROFILE 

 

Chromium is one of the hazardous substances (as defined by Sections 101(14) and 
101(33) of CERCLA and listed in 40 CFR §302.4) to which natural resources have 
been exposed as a result of operations and cleanup efforts over the past 60 years at the 
U.S. Department of Energy (DOE) Hanford Site in the State of Washington. 

Chromium can exist in oxidation states ranging from -2 to +6 but is most frequently 
found in the environment in the trivalent (Cr+3 or Cr(III)) and hexavalent (Cr+6 or 
Cr(VI)) oxidation states.  This profile focuses primarily on Cr(VI) because it is the 
most toxic form of the metal and because this form is widespread in the Hanford 
environment.  

NATURAL SOURCES 

Chromium is a naturally occurring metal.  At the Hanford site, the weathering of rocks 
that contain chromite ore is a natural source of chromium.  Specifically, it is found in 
“basaltic rock fragments within sedimentary formations that overlie the Columbia 
River Basalt Group” (Dauble et al. 2003).  This group “forms the main bedrock of the 
Columbia Basin and Hanford Site” (Duncan et al. 2007).  In comparison to the 
amount of chromium generated by anthropogenic activity at the Hanford site, this 
natural source is minimal (DOE/RL 1997, Potson et al. 2000, as cited in Dauble et al. 
2003). 

ANTHROPOGENIC SOURCES 

During operations at the Hanford site, reactors in the 100 Areas were cooled with 
Columbia River water (Patton 2007) to which hexavalent chromium was added to 
prevent corrosion (AMEC 2008).  Diluted coolant solution, which contained a final 
concentration of approximately 700 g/L sodium dichromate (Na2Cr2O7) (Hope 1996, 
Petersen 2009), was added to river water used at plutonium reactor systems (Geist 
1994, Hazen 2008). At 8 of the 9 Hanford reactors, a “single-pass” design was used 
(reactors B, D, F, H, DR, C, KE, and KW) and the used cooling water from these 
single-pass reactors was stored temporarily in nearby basins (Ridolfi 2006) before 
being returned to the Columbia River (Gephart 2003).  The 107-D/DR coolant water 
retention basins held large volumes of reactor coolant routinely, on the order of 148 to 
204 million gallons (561 to 773 million liters) per day (Hope 1996).  Contamination 
occurred through not only direct discharge of spent cooling water into the Columbia 
River (Gephart 2003), but also through “leakage from coolant water retention basins” 
(Hope 1996),  leeching of waste discharged into trenches and cribs (Geist 1994), and 
leakage/spillage of Na2Cr2O7 stock solution from chemical delivery pipelines (Hope 
1996a, Petersen 2009).  

In addition to the 100 Areas, chromium is known to have been used or produced at the 
200 Area, the 300 Area, and the 1100 Area (Stratus 2009).  Chromium was used for 
decontamination in the 100, 200, and 300 Areas, including decontamination reactors 
that were shut down (Hazen 2008) and for oxidation-state control in the Reduction-

I .  INTRODUCTION 
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Oxidation Plant process.  “[S]oil column disposal of liquid wastes associated with 
decontamination activities” (Hope 1996) constitutes another source of chromium 
contamination.   

Chromium has reached the groundwater at Hanford.  The annual Hanford Site 
Groundwater Monitoring Reports demonstrate chromate’s mobility through the 
vadose zone and upper unconfined aquifer at Hanford (Serne 2007).  Groundwater 
investigations by DOE beginning in 1999 identified a large Cr(VI) plume in the 
southwest portion of the 100-D Area.  Concentrations in the plume have not decreased 
significantly over the course of the past 10 years, implying that there is a vadose zone 
source that continues to supply contamination to the aquifer (DOE 2007, as cited in 
Petersen 2009).   

In addition to the plumes found in the 100 Areas near the Columbia River from usage 
in reactor cooling water, several plumes are found in the “200 Areas from usage in 
fuel processing to extract plutonium” (Hartman et al. 2004, as cited in Serne 2007).  
Chromium contamination in groundwater at Hanford is also abundant at the S-SX 
tank farm (Zachara et al. 2004), and plumes have extended into the 600 Area.   

Thornton et al. (1995) concluded that the majority of the chromium found in the 
Hanford unconfined aquifer of the 100-D and 100-H Areas (where much of the 
chromium contamination at the Hanford site has originated) is in the hexavalent state.  
Data from a Technical Report for the Groundwater Protection Project 
(Characterization of Systems Task) confirms that the dominant chromium species at 
Hanford is hexavalent chromium (Serne 2007): “Hanford sediments do not appear to 
reduce and immobilize significant amounts of chromate over time spans of days to a 
month” (Cantrell et al. 2003, as cited in Serne 2007).  Serne concludes “it is not clear 
whether significant amounts of chromate have been reduced in the Hanford vadose 
zone over the 40 to 50 years of operations and cleanup efforts, but based on observed 
chromate groundwater plumes it would appear not” (Serne 2007).   

 

Chromium can exist in oxidation states ranging from -2 to +6 but is most frequently 
found in the environment in the trivalent (Cr+3 or Cr(III)) and hexavalent (Cr+6 or 
Cr(VI)) oxidation states.  In fact, the chromium in effectively all environmentally 
important chromium compounds is in one of these two oxidation states (Eisler 2000), 
and only the trivalent and hexavalent chromium compounds are “biologically 
significant” (Driver 1994).  The trivalent and the hexavalent species are also the most 
stable, although various other valence states, which are unstable and short-lived, do 
exist in biological systems (Shanker et al. 2005).  Cr(VI) is considered the most toxic 
form of chromium (Eisler 2000; Patton 2001, Mishra 2008, etc.).  By comparison, 
“Cr(III) is less mobile, less toxic and is mainly found bound to organic matter in both 
soil and aquatic environments” (Becquer et al. 2003, as cited in Shanker et al. 2005).   

In solution, Cr(VI) exists as a component of a complex anion and may take the form 
of chromate (CrO4

2-), hydrochromate (HCrO4
-1), or dichromate (Cr2O7

2-) (Eisler 2000, 
EPA 1998).  As such, Cr(VI) acts like a divalent anion rather than a hexavalent cation 
(Kimbrough 1999).  At acidic (low) pHs, the dichromate form dominates (Eisler 
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2000). Under oxygenated conditions, Cr(VI) is the “dominant dissolved stable 
chromium species in aquatic systems, and it exists as a component of [one of the] 
complex anion[s]” (Eisler 2000) named above. 

Although chromium does not decompose, environmental conditions can lead to 
changes in oxidation state.  Chromate is “relatively soluble over much of the 
environmental pH range” (Zachara et al. 2004) – approximately pH 6.0 – 8.5 (USEPA 
1980)).  In general, under reducing conditions Cr(VI) converts to Cr(III), but under 
oxidizing conditions, Cr(VI) forms (Babula 2008): “all stable Cr(VI) anionic 
compounds strongly oxidize organic matter on contact, yielding oxidized organic 
matter and Cr(III)” (Eisler 2000).  Consequently, within living organisms, Cr(III) is 
the predominant form of chromium, as Cr(VI) will rapidly oxidize (Eisler 2000). 

In contrast to the numerous pathways for the reduction of Cr(Vl), there are very few 
mechanisms for the oxidation of Cr(III) back to Cr(VI) in environmental settings. 
“Only two constituents in the environment are known to oxidize Cr(III) to Cr(Vl): 
dissolved oxygen and manganese dioxides (MnO2) (Eary and Rai, 1987 as cited in 
Palmer et al 1994).  “Studies of the reaction between dissolved oxygen and Cr(III) 
revealed very little (Schroeder and Lee, 1975) or no (Eary and Rai, 1987) oxidation of 
Cr(III) even for experiments conducted at pH as great as 12.5 for 24 days. Therefore, 
the transformation of Cr(III) by dissolved oxygen is not likely to be an important 
mechanism for the oxidation of Cr(III)” (Palmer et al 1994).  Experiments have 
verified that “[t]here is an increase in the rate and amount of Cr(III) oxidation as pH 
decreases, and the surface area to solution volume increases” (Palmer 1994).  
Attention to controlling these two parameters might control the process of “re-
oxidation” of Cr(III). 

FATE AND TRANSPORT 

Hexavalent chromium is highly soluble in water and thus tends to be mobile in aquatic 
systems.  In groundwater, Cr(VI) is mobile both due to its solubility and due to its low 
adsorption to metal oxides in neutral to alkaline waters (Calder 1988, as cited in Eisler 
2000).  (Cr(VI) adsorption does increase with decreasing pH (Eisler 2000).)  Cr(VI)’s 
tendency to adsorb to particulates is also dependent on other environmental conditions 
including particle surface area and the density of active sites on the sorbent (Eisler 
1986).   

As noted previously, the chromium present in the unconfined aquifer at the Hanford 
Site is predominantly hexavalent (Thornton et al. 1995, as cited in Patton et al. 2007).   
At Hanford, it has been estimated that chromium moves at approximately the same 
velocity as groundwater (Thorne 2004, as cited in Duncan et al. 2007).   Hexavalent 
chromium has been measured in near-shore groundwater wells and Hanford Site 
riverbank springs (Poston et al. 2003 as cited in Patton et al. 2005).   

The water table height under the Hanford site, which ranges from a few feet to 250 
feet below the surface (Gerber 2002), is higher than the average elevation of the rest 
of the river, resulting in a flow of groundwater towards the river.  Flows are larger 
when the river discharge is low, because that results in the steepest water table 
gradient towards the river (Hope 1996a, Dauble 2003). 
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Through analysis of chemical data collected from seep water samples, Thornton et al. 
(1995) also inferred that most of the hexavalent chromium in Hanford groundwater 
ultimately discharges into the Columbia River without changing its valence state 
(Thornton et al. 1995).  As groundwater passes through the riverbank, minor uptake of 
chromium by sediment occurs, and a small amount of “[c]hromium precipitates as a 
result of reduction by labile iron and organic matter in sediments.  [However, m]ost 
chromium probably passes through [the] riverbank mixing zone relatively unaltered” 
(Thornton et al. 1995).  “Dilution of hexavalent chromium subsequently occurs during 
the mixing of groundwater and river water, with relatively little change taking place in 
speciation” (Thornton et al. 1995).   

Trivalent chromium is less soluble in water, as it tends to form stable complexes with 
negatively charged inorganic or organic compounds: it is “unlikely to be found 
uncomplexed in aqueous solution if anionic or particulate compounds (such as 
decaying plant or animal tissues, or silt or clay particles) are present” – i.e. in 
oxidizing conditions (Steven et al. 1967; Pfeiffer et al. 1980; Ecological Analysis 
1981, as cited in Eisler 2000).   

In soils, Cr(VI) “may be leached, reduced, absorbed, precipitated, or taken up by 
a[n]… organism” (Bartlett and James 1988, as cited in Eisler 2000).  Cr(VI) can also 
become airborne as sorbent on particulate matter and distributed in that fashion.  
Because of the high wind force at Hanford, an air exposure pathway cannot be ruled 
out. Wind-dust storms and high peak winds occur regularly (Hoitink 2005).  
Chromium’s vapor pressure is negligible, however, and gaseous chromium is not 
typically encountered.  

BIOACCUMULATION POTENTIAL 

High accumulations of chromium have been recorded among organisms from the 
lower trophic levels, but there is little evidence of biomagnification through food 
chains; in fact, some studies have actually found decreasing concentrations at higher 
trophic levels (Outridge and Scheuhammer 1993, as cited in Eisler 2000). Results 
reported in freshwater and marine food webs were similar (Holdway 1988; USPHS 
1993, as cited in Eisler 2000).   

In general, both living and dead plant tissues accumulate chromium to a substantial 
extent (Driver 1994, Eisler 2000).  However, most plant and invertebrate species die 
before accumulating levels of chromium that are toxic to potential predators (Outridge 
and Scheuhammer 1993, as cited in Eisler 2000).   

ACCUMULATION WITHIN TISSUES 

In 2003, Dauble found that at high environmental concentrations of Cr(VI) (i.e., 2.0 
mg/L in water) and at alkaline pH, concentrations in rainbow trout tissues were 
greatest in gill, liver, kidney, and digestive tract.  Even after transfer of fish to 
chromium-free media, residues tended to remain high in kidney and liver (Van der 
Putte et al. 1981a, as cited in Eisler 2000).  
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Waterfowl that consumed diets rich in chromium had elevated chromium 
concentrations in tissues, especially gonads, gallbladder and pancreas (van Eeden and 
Schoonbee 1992; Table 2.3, as cited in Eisler 2000).   

In mammals, although both Cr(III) and Cr(VI) accumulated in the brain, kidney and 
myocardium of rabbits, the “accumulation of Cr(VI) was highest in brain and that of 
Cr(III) in kidney; for both valence states there was no correlation between dose and 
concentration of stored chromium, or extent of tissue damage” (Hatherill 1981 as cited 
in Eisler 2000).  Tissue residues in mice were highest in the heart and spleen 
(Schroeder et al. 1964, as cited in Eisler 2000).  In rats, studies have shown that 
Cr(VI) tends to accumulate in “the reticuloendothelial system, liver, spleen, and bone 
marrow at high doses; at much lower doses, major accumulation sites were bone 
marrow, spleen, testes, and epididymis” (Langard and Norseth 1979, as cited in Eisler 
2000).   

  

For aquatic biota, ingestion (biotic and abiotic) and/or absorption from Columbia 
River water or sediment are likely to be the more significant exposure routes. For 
example, benthic invertebrates can accumulate chromium from sediments or clays 
(Eisler 2000).  Fall chinook salmon embryo development occurs in association with 
gravel substrates of the Columbia River (Geist 1994), making this species potentially 
more vulnerable than others (Woodward 1999).  

For terrestrial biota, exposure may occur through inhalation of soil or particulate 
matter containing chromium (Kimbrough 1999), and also through ingestion (biotic or 
abiotic) or dermal contact (contaminated soil, sediment, water).   

Both terrestrial and aquatic plants can be exposed to chromium by absorption through 
roots from soil or groundwater, or absorption of material deposited on the plant from 
air (Eisler 2000).  Riparian plants near groundwater seeps may be more highly 
exposed than those not adjacent to seeps. 

Human exposure to chromium at Hanford may occur through visits to riverbank areas 
(e.g., abiotic exposure such as dermal contact) and potentially through the 
consumption of exposed plants and animals (biotic exposure) (Ridolfi 2006).  

  

In organisms, “trivalent chromium does not readily cross cell membranes, and it forms 
stable complexes with serum proteins.  As a result, it has a low overall toxicity 
potential and is relatively inactive in vivo…[H]exavalent chromium is[, however,] 
readily taken up by living cells and is highly active in diverse biological systems” 
(Driver 1994). In fact, Cr(VI) is “the most biologically active chromium chemical 
species” (Eisler 2000).   

Cr(VI) has a variety of lethal and sublethal effects in both aquatic and terrestrial 
organisms.  Consistent with its non-specific mechanism of toxicity, the range of 
ecotoxicological effects inducible by chromium is broad.  These effects can include, 
but are not limited to: mutagenic effects, teratogenic effects, reduced survival and 

IV.  TYPICAL MAJOR 
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fecundity, photosynthesis disruption, growth inhibition, lesions, and abnormal 
behavior.  Early life stages are generally more sensitive to effects than adults (Mishra 
2008). 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

Cr(VI) has no known beneficial properties but Cr (III) is an important micronutrient 
for some plants and animals, including humans, who need it for sugar metabolism 
(Babula 2008).  It is not clear whether Cr(III) is an essential trace element for all 
organisms (Eisler 2000). 

MECHANISM(S)  AND LOCI  OF TOXICITY 

Hexavalent chromium is a strong oxidant.  Cr(VI) is rapidly reduced to Cr(III) after 
penetration of biological membranes.  The reduction of Cr(VI) to Cr(III) may be the 
most important mechanism whereby chromium causes toxicity (USPHS 1993, as cited 
in Eisler 2000).  This reduction leads to oxidative stress, which can lead to cellular 
toxicity.  Reactive oxygen species (ROS) are generated through the suite of reactions 
that follows Cr(VI) reduction and it is likely that these ROS interact with various 
tissues, resulting in damage (Mishra 2008). 

The formation of metallothionein (an intra-cellular stress-response protein present in 
animals and plants) is normally increased by the presence of metals.  Metallothionein 
protects cells from metals and reactive oxygen species by scavenging and sequestering 
the material, but it cannot bind Cr. The presence of Cr(VI) inhibits the formation of 
metallothionein, which potentially increases the toxicity of other metals (Kimura 
2010; Majumder et al. 2003). Inhibition of metallothionein may also contribute to the 
toxicity of Cr, but additional study is needed to explore this hypothesis. 

FACTORS AFFECTING TOXICITY 

Biotic factors affecting chromium toxicity include species, age, and developmental 
stage.  For all species, early life stages are generally more sensitive to the toxic effects 
of chromium than adults (Mishra 2008).  Behavioral factors that enhance toxic effects 
include habitat use and residence time.  For example, organisms that have “limited 
mobility and a small home range (e.g. sculpin) may be at maximum risk for exposure” 
(Ridolfi 2006).  In contrast, fall chinook salmon inhabit the river bottom substrate at 
Hanford (i.e. gravel nests or redds) from the eyed-egg stage to the swim-up stage.  
During this stage, the fish may have elevated exposures to chromium, but later when 
they begin to rear along the shoreline, they are “unlikely” to be exposed to elevated 
levels (Geist 1994, Patton 2007, Eisler 2000).   

Abiotic factors affecting toxicity include water and soil temperature, pH, alkalinity, 
salinity, hardness of water (Dauble 2003), oxygen content, and organic matter content.   

PLANTS 

Aquatic plants are among the most sensitive groups of organisms that have been tested 
(Eisler 2000).  Studies report a wide array of potential effects of Cr(VI) exposure to 
plants including photosynthesis disruption (Eisler 2000).  Hexavalent chromium in 
particular has been shown to be five to ten times more effective at inhibiting growth 
than Cr(III) in both freshwater and terrestrial plants (USEPA 1980; Outridge and 
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Scheuhammer 1993 as cited in Eisler 2000).  Chromium can also inhibit seed 
germination (Towhill et al. 1978, as cited in Driver 1994).   

AQUATIC INVERTEBRATES AND F ISH 

Invertebrate species are generally more sensitive to hexavalent chromium than fish 
(USEPA 1980).  Daphnia magna is known to be very chromium-sensitive, and Cr(VI) 
exposure has been associated with reduced survival and fecundity (USEPA 1980, as 
cited in Eisler 2000).  Keller and Zam (1991) tested the acute toxicity of chromium 
and other metals to the juvenile freshwater mussel, Andonta imbecilis and reported 
that this mussel seems to be more sensitive than the insects Daphnia and Chironomos, 
although the bluegill was similarly sensitive. 

A 1994 review reported that stickleback (Gasterosteus aculeatus) may be more 
sensitive than other freshwater fish (Driver 1994).  Data from multiple studies shows 
that exposure to chromium at concentrations greater than or equal to 1 mg/L are lethal 
to this species (Anderson 1944, Murdock 1953, Jones 1939, as cited in Driver 1994). 

Aqueous exposure to chromium has been shown to reduce the growth of rainbow trout 
and chinook salmon fingerlings (USEPA 1980, as cited in Eisler 2000).   Growth rate 
of larvae of the fathead minnows was also reduced by Cr(VI) exposure (Eisler 2000).  
The survival rate of alevins and juveniles of coho salmon was significantly reduced by 
exposure to chromium (Oson 1958, as cited by Driver 1994).   

In 2000, a “USGS Final Report: The Potential for Chromium to Adversely Affect 
Chinook Salmon (Oncorhynchus tshwytscha) in the Hanford Reach of the Columbia 
River, Washington, USA” (Farag et al. 2000) found that aqueous chromium exposure 
of chinook salmon parr to between 24 and 120 µg Cr/L led to malfunctions associated 
with reduced growth and survival (Farag et al. 2000)  This study also found the 
kidney to be the target organ as evidenced by histological lesions and elevated levels 
of the “products of lipid peroxidation.”  Results of USGS avoidance-preference 
experiments suggest that there may also be behavioral effects associated with water 
column exposure to chromium (Delonay et al. 2001).   

In rainbow trout (aged between 4 and 9 months), “acute chromium poisoning caused 
morphological changes in gills, kidney, and stomach tissues at higher pH, but only in 
the gills at lower pH” (Van der Putte et al. 1981, as cited in Eisler 2000).  Sublethal 
water concentrations of Cr(VI) were shown to cause avoidance behavior in one-year-
old rainbow trout: “The intensity of avoidance response reached a significant level at 
test concentrations of 0.003 mg Cr/L and higher, and was directly proportional to the 
Cr(VI) concentration logarithm” (Svecevicius 2007). 

BIRDS 

Teratogenic effects were documented in chicken embryos after eggs had been injected 
with Cr(VI).  Deformities included short and twisted limbs and growth stunting 
(Ridgeway and Karnofsky 1952; Giliani and Marano 1979, as cited in Eisler 2000).  
Overall, however, chickens appear to be more resistant than mammals to the adverse 
effects of Cr(VI) exposure (Eisler 2000).   
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MAMMALS 

Acute and chronic adverse effects of chromium on warm-blooded organisms are 
caused mainly by Cr(VI) compounds (Eisler 2000), and nearly all Cr(VI) compounds 
are potent mammalian mutagens and carcinogens (Eisler 2000).  Also in mammals, 
chromium-containing compounds, especially Cr(VI) compounds, are associated with 
spermicidal, embryocidal, teratogenic, and other adverse effects on reproduction 
(Nieboer and Yassi 1988, as cited in Eisler 2000).   

AMPHIBIANS AND REPTILES 

Hexavalent chromium is known to be toxic to embryos of many species including 
frogs, as a 2009 study on the anuran Xenopus laevis showed (Bosisio et al. 2009).  
This study found evidence of both “embryolethality and teratogenicity of Xenopus 
embryos exposed to Cr(VI)” (Bosisio et al. 2009). 

EFFECTS IN THE PRESENCE OF OTHER CONTAMINANTS 

Hexavalent chromium can interact with other metals in solution to produce additive or 
synergistic effects, “as was the case with nickel salts in acute toxicity to guppies” 
(Khangarot and Ray 1990, as cited in Eisler 2000).  Additionally, effects on rainbow 
trout (as measured by liver enzyme activity) were intensified by the presence of nickel 
and cadmium salts in solution (Arillo et al. 1982, as cited in Eisler 2000).  In another 
experiment, chromium uptake in rainbow trout increased when ionic cadmium was 
present (Calamari et al. 1982, as cited in Eisler 2000).  However, in a 96-hour study of 
juvenile freshwater mussels, the presence of inorganic mercury reduced acute 
chromium toxicity (Keller and Zam 1991). 

Reducing agents (e.g. trivalent arsenic, divalent iron, vanadium, sulfur dioxide) can 
convert Cr(VI) to Cr(III), making the contaminant less toxic (Palmer 1994).  
Conversely, ozone and manganese can convert Cr(III) to Cr(VI), making the 
contaminant more toxic  (Palmer 1994, Eisler 2000).  Nitrate and sulfate can also 
mobilize Cr(VI) (Hazen 2008). It is important to note that the chromate added to the 
Columbia River water at the Hanford Site was added in conjunction with other 
substances.  Other chemicals known to have been added to Columbia River water in 
conjunction with Na2Cr2O7 are nitric acid, sulfuric acid, polyacrylamide (Essig 1971, 
as cited in Ridolfi 2006), chlorine, lime, ferric or aluminum sulfate, and activated 
silica (Gerber 2002). 

DATA GAPS & CHALLENGES 

There are a number of data gaps associated with understanding the ecotoxicology of 
chromium.  For one, it can be difficult to quantify chromium in its different ionic 
states (Eisler 2000), and since hexavalent chromium is distinctly more toxic than 
trivalent chromium, this can lead to uncertainty in how to interpret measured values. 
(To this point, Eisler (2000) states “[l]ittle is known about the relationship between 
concentrations of total chromium in a given environment and biological effects.”) 

In addition, there are a number of species groups for which ecotoxicological data is 
limited or absent. Data on terrestrial invertebrates, reptiles, and amphibians appear to 
be particularly limited.  Information on the sensitivity of wild bird and wild 
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mammalian species to chromium also appears to be limited: most research has 
focused on domesticated and/or laboratory species. Extrapolating sensitivity from one 
species to another may be problematic as even closely related species can vary widely 
in sensitivity (Eisler 2000). 

It is also important to note that most research has been laboratory-based: little research 
appears to have been conducted on the effects of chromium toxicity under field 
conditions (Eisler 2000).  This is of particular note as many factors have the potential 
to affect chromium speciation and bioavailability. Furthermore, information on the 
effects of chromium in the presence of other contaminants appears to be limited. 
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IODINE (I-129)  
ECOTOXICOLOGICAL PROFILE 

 
 

Iodine-129 (I-129) is one of the hazardous substances (as defined by Sections 101(14) 
and 101(33) of CERCLA and listed in 40 CFR §302.4) to which natural resources 
have been exposed as a result of operations and cleanup efforts over the past 60 years 
at the U.S. Department of Energy (DOE) Hanford Site in the State of Washington. 
Iodine is a common element that is widely distributed throughout marine and 
terrestrial environments (EPA 2002). There are thirty-five known isotopes of iodine, 
with atomic mass ranging from 108 to 142 (ATSDR 2004). Of these forms, only I-129 
and I-127 occur naturally. I-127 is the only stable iodine isotope, and I-129 has the 
longest half-life of the iodine isotopes, 15.7 million years. The natural ratio of stable I-
127 to radioactive I-129 in the environment is more than 1014 to 1 (ANL 2001).  
Considerable attention has been paid to I-129 because its long half-life creates the 
potential for significant accumulation in the environment from prolonged low-level 
releases (NCRP 1983).   

 

NATURAL SOURCES 

The  global inventory of I-129 in 1945, prior to the first nuclear weapons testing, was 
essentially a constant 40 Ci (NCRP 1983). I-129 in nature is produced predominately 
by cosmic ray induced spallation of xenon in the upper atmosphere (Schwehr 2004).  
It is also produced to a much lesser degree by spontaneous fission of U-238 in the 
lithosphere and the neutron-initiated reactions Te-128(n,γ) and Te-130(n,γ) (Preedy et 
al. 2009; NCRP 1983). Exhibit 1 presents the global inventory of natural I-129. 

 

EXHIBIT 1  MAJOR NATURAL LOCATIONS OF I -129 

SOURCE KG OF I-129 TBQ OF  I-129 

Natural hydrosphere 100 0.65 

Natural atmosphere 0.0005 0.000003 

Source: Preedy et al. 2009 

ANTHROPOGENIC SOURCES 

Since 1945, that atom ratio of I-129 to I-127 has been increasing due to the I-129 
added to the environment from anthropogenic sources (NCRP 1983).  Most man-made 
I-129 in the environment comes from two sources: 1) fallout from the detonation of 
nuclear weapons (especially atmospheric weapons tests) and 2) the nuclear fuel cycle 
(NCRP 1983). Potential I-129 releases from the nuclear fuel cycle include 1) nuclear 
power plant accidents, 2) nuclear fuel reprocessing, and 3) facilities that treat or store 
radioactive waste (EPA 2002). 

I I .   SOURCES 

I .   INTRODUCTION 

I I .   SOURCES 
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I-129 is produced in nuclear explosions of U-235 or Pu-239 at the rate of 30 and 50 
Ci per kiloton (KT) TNT equivalent, respectively (NCRP 1983). This equates 
roughly to a release of 10 Ci from nuclear weapon detonation (NCRP 1983).  

Nearly all of the iodine-129 and iodine-131 generated in the United States is present 
in spent nuclear reactor fuel rods. These fuel rods are currently located at commercial 
reactor facilities or at DOE facilities across the United States (ATSDR 2004). Iodine-
129 is produced in nuclear fission as a decay product of technetium-129 (NCRP 
1983).  The cumulative yield of iodine-129 is about 1% of all fission products (ANL 
2001). Thus, iodine-129 represents only a small fraction of the total fission product 
inventory in the nuclear fuel cycle. I-129 inventories produced from nuclear power are 
estimated to be approximately 2,350 Ci (Preedy et al. 2009).  Exhibit 2 presents the 
global I-129 inventory from major anthropogenic sources. 

 
EXHIBIT 2 MAJOR ANTHROPOGENIC SOURCES OF I -129 (PREEDY ET AL.  2009) 

SOURCE KG OF I-129 TBQ OF  I-129 

Atmospheric Testing 50 0.32 

Chernobyl (1986) 1-2 0.01 

Savannah River Site (1953-1990) 32 0.21 

Hanford Reservation (1944-1972) 266 1.7 

NTS underground nuclear testing 10 0.065 

Proposed Yucca Mountain Repository 13,300 87 

Spent fuel reprocessing (Europe) 2,360 15 

Source: Preedy et al. (2009) 

 

The IAEA estimates that, if the backlog of SNF were to be reprocessed, 
approximately 7.4 Ci of gaseous I-129 would be released into the atmosphere (NCRP 
1983). The remainder would be collected and stored for disposal as high level waste 
(Preedy et al. 2009).  

I-129 in the environment surrounding the Hanford site originated from nuclear fuel 
cycle processes at that site. The Hanford operations included plutonium production 
and research reactors, chemical separation facilities, and fuel fabrication facilities, all 
of which involved processing and storing various uranium compounds, resulting in the 
production of iodine and therefore its subsequent release of some I-129 into the 
environment.   

From 1944 through 1972, the plutonium production operation at the Hanford Site in 
Washington released about 260 kg of I-129 into the air from its 200-E and W areas 
(Hu et al. 2003; Garland et al. 1983).  In comparison, the operation of production 
reactors from 1953 to about 1990 at the Savannah River Site (SRS) in South Carolina 
released about 32 kg of I-129 into the air (Hu et al. 2003). As iodine-129 is a product 
of nuclear fission, its contamination is present at numerous areas throughout the 
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Hanford Site especially in groundwater; 2009 levels at and near the site are detailed in 
the Hanford Site Environmental Report (Poston et al. 2010).  The largest groundwater 
plume extends from the 200 Areas to the Columbia River. Very low concentration 
gradients of iodine-129, less than 100 attocuries/L, have been detected in the river 
(ANL 2001). According to Poston et al. (2010) contaminant plumes totaling 
approximately 11.3% of the Hanford Site area exceed the drinking water standard for 
I-129 at Hanford.  

A notable release of iodine from Hanford, called the “Green Run,” occurred on 
December 3, 1949.  Hanford workers released a plume of approximately 8,000 Ci of I-
131. This was done intentionally and without notifying the public to assess the 
usefulness of atmospheric sampling for radioisotope indicative of fuel reprocessing 
(Angelo 2004). I-131 from this release is no longer an environmental concern because 
of the short half-life of I-131. 

The long half-life of I-129 makes anthropogenic additions of I-129 essentially 
permanent additions to the global inventory of iodine (NCRP 1983). The ratio of I-
129 to I-127, in a small number of samples of animal thyroids  from locations remote 
from nuclear facilities, was found to range from 10-8 to 10-7 (Brauer and Ballou 1974; 
Smith 1977).  Ratio values ranging as high as 10-4 to 10-3 for thyroids and vegetation 
have been measured near some nuclear facilities (Brauer and Ballou 1974). A wide 
range of ratio values are observed, depending on the geographic location, time of year, 
and types of materials sampled (NCRP 1983).  

 

Many of the physical and biological properties of iodine-129 are based on those of 
other isotopes due to a lack of experimental data (NCRP 1983). Iodine in elemental 
form exists only as I2 due to the reactive nature of its valence electrons. It has 
oxidation states ranging from -1 to +7. In aqueous environments -1 (iodide, I-) and +5 
(iodate, IO3

-) are its dominant states (ATSDR 2004). In reducing environments, 
aqueous iodine usually occurs as the very mobile iodide anion. Iodide in this state is 
readily metabolized by the body. Under oxidizing conditions, aqueous iodine is 
present in the more reactive, iodate anion form (Hu 2003). As iodate, the mobility of 
iodine is slowed through interactions with clay and organic compounds in the soil. 

Iodine coexists in various proportions of inorganic and organic iodine in different 
environments. A significant faction of iodine in aqueous environments and in the 
atmosphere exists as organically bound iodine. The transfer of iodine among the 
various portions of the environment depends on its chemical and physical form 
(Holland 1963, Perkins 1963). Inorganic vapor is the most chemically reactive form of 
iodine, but iodine associated with particles and organic compounds, such as methyl 
iodide (CH3I), is readily metabolized (Morgan et al. 1967). 

I I I .   ENVIRONMENTAL 

CHEMISTRY 
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FATE AND TRANSPORT 

The environmental transport, distribution, and transformation of iodine is driven by a 
complex series of physical, chemical, and biological processes that are collectively 
known as the global iodine cycle (WHO 2006). The cycle, represented below from 
Kocher (1981), involves the transfer of iodine between the ocean, land, and terrestrial 
biosphere (see Exhibit 3).  

 

EXHIBIT 3   THE GLOBAL IODINE CYCLE (RECREATED FROM KOCHER 1981 AS CITED  

BY WHO 2006)  

 

As seen above, the main driver for the iodine cycle is the exchange of iodine between 
ocean water and its atmosphere. Some aquatic biological aspects of this cycle involve 
the reduction of iodate to iodide and then its conversion to organic iodine compounds 
by algae at the ocean surface water (Vogt et al. 1999).  The volatility of these 
compounds combined with direct evaporative losses results in the transfer of a range 
of iodine compounds to the ocean atmosphere (WHO 2006). 

Numerous studies of the sorption of iodine on sediments, soils, pure minerals, oxide 
phases, and rock materials have been conducted. An extensive review of these studies 
is presented in Selinus (2005) and WHO (2006). 
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Soi l s/Sediments/Rocks 

In the lithosphere, natural iodine is an ultra-trace element. Its crustal abundance is 
estimated to be 0.3 mg/kg. Iodine content in most rock forming minerals is fairly 
uniform. Sedimentary rocks show a greater range of iodine content with clay rich 
rocks more enriched than sand-rich rocks. The highest concentrations of iodine have 
been found in organic-rich shales, with concentrations as high as 44 mg/kg. Sediments 
of marine origin can also be extremely enriched with iodine concentrations as high as 
20,000 mg/kg recorded from some samples. Soils near oceans also have elevated 
iodine concentrations, though the ocean influence does not extend very far inland 
(Selinus 2005).   

Most I-129 present in soil around the world comes from fallout from atmospheric 
nuclear weapons tests. I-131 produced in these tests has decayed away. Iodine may 
also be found as a contaminant where spent nuclear fuel was processed (ANL 2001).  

Iodine concentrations in sandy soil are about the same as in interstitial water (in the 
pore spaces between soil particles).  It binds preferentially to loam, where the 
concentration in soil is estimated to be 5 times higher than in interstitial water.  I-129 
is one of the more mobile radionuclides in soil due to its water solubility in several 
chemical forms (NEI 2006). Iodine travels with infiltrating water to groundwater 
(ANL 2001).  

The geochemistry of soil iodine reflects not only the input of iodine but also the soil’s 
ability to retain iodine. Iodine retention in soil is dependent on many factors. It is 
likely that organic matter is the most influential component in soil iodine retention. 
Organic-rich sediments can be and frequently are strongly enriched in iodine levels, 
correlated to their content of organic matter (Selinus 2005).  

There is also evidence showing iron and aluminum oxides play an important role in 
soil retention of iodine. The sorption of iodine by aluminum and iron oxides is 
strongly dependent on the soil pH. Sorption is greatest in acidic conditions 
(Whitehead 1984). 

Overall, “Retention of iodine in the soil is influenced by a number of factors, 
including soil pH, soil moistness, porosity of soil, and composition of organic and 
inorganic (e.g., aluminum and iron oxides) components (Sheppard and Evenden 1995; 
Whitehead 1984).  Approximately 1% of iodine received through atmosphere-to-soil 
deposition is returned through volatilization of molecular iodine and methyl iodide; 
the remaining iodine is eventually returned to the oceans through surface water and 
groundwater (USNRC 1979; Whitehead 1984).  The average residency time of iodine 
in the soil at 0.3- and 1-meter depths has been suggested to be 80 and 800 years, with 
only 1–3% of deposited iodine migrating to the 1-meter depth (DOE 1986)” (ATSDR 
2004).98 

                                                 
98 At several places in this profile, direct quotes make reference to additional specific source documents.  These 

references are included in the reference section of this profile so that readers can more easily identify and obtain the 

original source documents cited in the major publications. 
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Water 

Most forms of iodine are readily soluble in water.  Iodine enters surface waters and 
ground waters primarily through rainwater for non-costal land regions and the 
combination of rain and ocean spray in coastal areas (WHO 2006).   Most I-129 is 
discharged in gaseous effluents, with some also present in liquid effluents. Iodine-129 
deposited on land from effluents and natural I-129 production may eventually 
percolate through soil to groundwater and, together with I-129 in liquid effluent 
discharged directly to water, ultimately reach ocean waters. Most of the earth's stable 
iodine is located in the oceans (ATSDR 2004); therefore the marine environment will 
eventually constitute the primary reservoir of most anthropogenic I-129 (NCRP 1983). 
The average concentration in seawater is about 60 ppb, but it varies from place to 
place. This concentration is thought to be relatively uniform with depth. Rivers 
usually contain about 5 ppb of iodine, and in mineral sources some ppm 
concentrations can even be found. 

Iodine is strongly reactive, although less than other halogens. Iodine cannot be found 
as an element, but rather as I2 molecules, as I- ions, or as iodate. “When iodine is 
added to water, the following reaction results: 

I2 (l) + H2O (l) ↔ OI- (aq) + 2H+ (aq) + I- (aq) 

I2 molecules and water molecules react to substances such as hypoiodite (OI-). The 
reaction can move both ways of the equilibrium, depending on the pH of the solution” 
(Lenntech 2009). 

The iodine in groundwater can be present in the forms I-, I2, IO
-, or IO3

-. If the ground 
water has a high reduction potential or certain bacteria are present, the iodine also may 
be present as CH3I (USNRC 1979). 

Air  

Iodine enters the atmosphere mainly through volatilization of methyl iodide and, to a 
lesser extent, molecular iodine from the ocean surface (ATSDR 2004).  I-129 is 
introduced naturally though the iodine cycle as well as through gaseous effluents. In 
air, some iodine compounds photochemically decompose to iodine and its radicals. 
These products then go on to react with atmospheric gasses to produce a range of 
additional reactive iodine species. The iodine species can also react with aerosols or 
water droplets to form iodine anions. Concentrations of I-129 in the atmosphere range 
from 2-14 ng/m3 in air and 17-52 ng/m3 over land (WHO 2006). The gaseous 
inorganic and particulate forms of iodine are precipitated from the atmosphere through 
wet (meteorological events) and dry (gravitational settling) deposition processes 
(Whitehead 1984).  The deposition of iodine will depend on particle size and 
concentration, wind turbulence, and the chemical form of iodine.  If precipitation 
occurs over land, iodine will be deposited onto plant surfaces or soil surfaces, or into 
surface waters. 

Because the atmospheric residence time of iodine ranges from 10 to 18 days, it easily 
travels around the globe (Schwehr 2004, Whitehead 1984).  In fact, anthropogenic I-
129 from reprocessing emissions has been found in river water (Schink et al. 1995) 
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and in rainwater of the northern hemisphere (Moran et al. 1999). These measurably 
high anthropogenic I-129 emissions are found not only in their source area in western 
Europe, but also in the United States, where known atmospheric releases currently are 
negligible, as well as in the southern hemisphere (Fehn and Snyder 2000).  

BIOACCUMULATION POTENTIAL 

Terrestr ia l  Systems 

The global iodine cycle is essential to terrestrial life, especially considering the 
majority of iodine in the earth’s surface is inaccessible and only liberated in small 
amounts from weathering and dissolution. The transfer of iodine to land and the 
terrestrial environment decreases by distance from the ocean (WHO 2006).  

When iodine is strongly sorbed in most soils, it will not be readily bio-available. 
Therefore, high concentrations of iodine in the soil does not necessarily mean that 
plants growing in that soil will incorporate large amounts of iodine.  In fact, a 1985 
study by Al-Ajely found no correlation between the iodine concentrations in soils and 
the plants growing in them.  

Iodine content in plants is generally low. Grass and herbage from around the world 
have an iodine content of roughly 0.2 mg/kg (Selinus 2005). A 1994 study of Japanese 
plants by Yuita found the mean iodine content of different plant parts to be green 
leaves 0.46 mg/kg, fruit 0.14, edible roots 0.055, and seeds 0.0039. 

In most cases the major pathway for elements into a plant is through the root system, 
followed by translocation into the upper parts of the plant. The iodide ion has been 
shown experimentally to be taken up through the root system and more readily 
incorporated into the plant than iodate. However, there is little translocation from the 
roots to the upper plant (Selinus 2005). It has been demonstrated that rice grown in 
areas flooded with water high in iodine only have slightly elevated levels of iodine 
compared to rice grown in drained soil (Preedy et al. 2009) Notably though, when 
leaves are submerged in the plant, a dramatic increase in iodine content is seen. From 
these considerations, it is likely that root uptake of iodine is only a small part of iodine 
content in plants (Selinus 2005).  

It is likely that the most important pathway of iodine into plants is through direct 
absorption from the atmosphere. Several studies have shown that plant leaves can 
absorb iodine. Increased humidity increases the absorption of gaseous iodine through 
the leaf stomata. Iodine taken in through the leaf slowly incorporates into the rest of 
the plant (Selinus 2005).  

Aquat ic Systems 

Iodine has been shown to bioaccumulate in many seawater and freshwater aquatic 
plants (Poston 1986).  Freshwater plants such as algae contain 10-5% by weight of 
iodine, whereas marine plants (algae) contain 10-3% by weight (NCRP 1983).  In 
freshwater fish, iodine concentrations in tissues range from 0.003 to 0.81 ppm, which 
gives concentration ratios (fish/water) of 0.9–810.  In marine fish, the iodine 
concentrations range between 0.023 and 0.11 ppm, yielding concentration ratios of 
between 10 and 20 (Poston 1986). 
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ACCUMULATION WITHIN TISSUES 

Iodine is unique in that, unlike other organs in the body, thyroidal cells are able to 
absorb iodine. The average human body contains 10-20 mg of iodine, more than 90% 
of which concentrates in the thyroid (NRCP 1983). All vertebrates have thyroids that 
absorb iodine; however, the quantity of iodine absorbed is dependent on a number of 
factors. Invertebrates do not have thyroid tissue but have an organ known as an 
endostyle that, among other functions, absorbs iodine. The endostyle is thought to be 
an evolutionary precursor to the thyroid (Evans and Claiborne 2006). 

Under normal conditions, the thyroid maintains a nearly static amount of iodine. 
Large changes is iodine intake effect this concentration. In addition to the thyroid, 
iodine also concentrates in a much lesser quantities in the kidney, mammary glands, 
salivary glands, gastric mucosa, placenta, ovary, skin and hair of mammals (ATSDR 
2004). Iodine is readily taken into the bloodstream from both the lungs and through 
the gastrointestinal tract (nearly 100%) after inhalation and ingestion.  In a simplified 
model that does not reflect intermediate redistribution of iodine, once in the 
bloodstream, 20% of iodine is quickly excreted in feces, 30% is deposited in the 
thyroid, and the remainder is eliminated from the body within a short time. In humans, 
clearance time from the thyroid varies with age, with biological half-lives ranging 
from 11 days in infants to 23 days in a five-year-old child, and 80 days in adults (ANL 
2001).  The whole-body effective biological half-life of iodine-129 is 140 days in 
humans (Multi-Agency 2004). Biological half-lives in non-human species are not well 
documented. 

Iodine also concentrates in animal products, specifically milk and eggs. Iodine found 
in these products is directly influenced by iodine intake from feed and water. 
Lactating animals excrete 10% or more iodine taken in through milk, depending on 
the rate of excretion (Committee 2005).  

 
Although literature on non-humans is sparse, a great deal of literature is dedicated to 
the exposure routes through which humans are exposed to iodine.  Iodine enters the 
body through inhalation, ingestion, and absorption. Dietary intake is the main source 
of iodine to the general population. Marine seafoods typically contain the highest 
amounts of iodine (160-3200 g/kg). Kelp, seaweeds and sea salt also are known to 
have a high iodine content (NCRP 1983). In most industrialized nations, the most 
important sources of iodides are dairy products, eggs, grain, and cereal products. 
Other sources include meat and poultry, fruits, and legumes (WHO 2006). 
Additionally, iodine is added to salts in many countries to reduce iodine deficiency 
disorders. NCRP (1983) estimates that meat, milk, and milk products contribute the 
most to dietary iodine intake of Americans over the course of a lifetime.  Cultures that 
consume more seafood and seaweed gain a larger percentage of their iodine intake 
from these sources. 

Inhalation and absorption of iodine occurs to a much lesser extent. It is estimated that 
5 g/day and inhaled in coastal areas, assuming time is spent both indoors and 
outdoors. Iodine vapor have also been shown to penetrate the skin. Experiments show 
iodine absorbed dermally is only 1-2% of that absorbed through the lungs for 

IV.   TYPICAL MAJOR 

EXPOSURE ROUTES 
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inhalation. Consequently, dermal absorption is not considered a main contributor to 
iodine exposure from the air. 

 

Chemical toxicity of iodine is of larger concern than radiotoxicity from I-129 (e.g., 
Sheppard and Evenden 1995, Laverlock et al. 1995). Iodine is an essential component 
of all animal life. Iodine’s chemical effects are most completely documented for 
humans but due to the function the thyroid serves in all species, much of the 
information is applicable to other vertebrates.  Overall, “Several reviews are available 
on iodine toxicity in mammals in NRC (1980), SCF (2002),  McDowell (2003) and 
ATSDR (2004); however, reports on iodine toxicity to fish from diet and aquatic 
environments are sparse…Significant species differences exist in the tolerance levels 
iodine because of the differences in basal metabolic rate and iodine metabolism. All 
species appear to have a wide margin of safety for this iodine” (Committee 2005). 

Iodine deficiency is the major cause of mental retardation, endemic goiter, and 
cretinism worldwide.  These effects are also seen in animals but minimal research has 
been done investigating these effects. The thyroid responds to a shortage of dietary 
iodine by enlarging and more actively transporting iodine from the blood, thereby 
concentrating sufficient iodine to maintain normal function. In contrast, when iodine 
ingestion is excessive, the thyroid decreases the transport of iodine. This mechanism, 
known as the Wolff-Chaikoff effect, leads to a transient decrease in thyroid hormone 
synthesis for about 48 hours. Normal thyroid hormone synthesis resumes shortly after 
despite continued ingestion of excess iodine (BRER 2004). 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

Iodine is an essential element to virtually all living organisms (other than plants), and 
there is a vast body of literature documenting its beneficial effects on humans.  In 
vertebrates, iodine is used by the thyroid to produce multiple essential hormones.  

The major use of iodine, iodine radionuclides, and iodine compounds is in medical 
diagnosis and treatment. Iodine-123, I-125, and I-131 are used for diagnostic imaging 
of the thyroid gland and the kidneys. Iodine-131 is used to treat hyperthyroidism and 
thyroid cancer. Stable iodine in the form of potassium iodide is added to commercial 
salt to prevent iodine deficiency disorders.  Iodine in the form of the hormone 
thyroxine is also used for thyroid and cardiac treatment and hormone replacement 
therapy in iodine deficiency. Iodine radionuclides are used as a tracer in the laboratory 
and industry to study chemistry mechanisms and processes and to study biological 
activities and processes. Iodine is a bactericide and is used as an antiseptic and 
sterilization of drinking water (USNRC 1979). Iodine can also be used to treat 
syndrome X, infertility, growth retardation, and polycystic ovarian syndrome (Preedy 
et al. 2009). 

In instances when large qualities are radioiodine is thought be released, such as in a 
nuclear accident, potassium iodine is distributed to populations to decrease their 
uptake of radioiodine. Effectively, this treatment lowers the radioiodine concentration 
by providing a huge influx of stable iodine. This lowers the probability that the 
radioiodine will be untaken by the thyroid. 

V.  CHEMICAL 

ECOTOXICITY 
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I-129, specifically, is not used in medical treatments (EPA 2002). Its long half-life and 
low energy beta prevents it from being useful in medical applications. I-129 in some 
instances has been used as a radiotracer. 

MECHANISM(S)  AND LOCI  OF CHEMICAL TOXICITY 

Aqueous iodine (I2(aq)) acts as a biotic killing agent under acidic conditions. Since I2 is 
nonpolar, it can pass through the membrane lipid bilayer and form N-iododerivatives 
from amino acids, oxidize the thiol group in cysteine, react with phenolic alcohol 
groups, and interfere with unsaturated fatty acid carbon double bonds (Gottardi 1991). 
Aqueous I2 is most stable at lower acidic pHs. Under acidic conditions, biocidal I2(aq) 
levels can be maintained for longer periods (Gottardi 1991) and, as solution pH 
increases, iodine equilibriums shift toward the non-bactericidal I− species.  

As noted previously, iodine is unique in that, unlike other organs in the body, 
thyroidal cells are able to absorb iodine, and many of iodine’s effects in animals occur 
through its effects on the thyroid and on thyroidal processes. For example, excess 
iodine may result in hyperthyroidism or hyperthyroidism, although the mechanisms 
involved in these responses are not entirely understood.  Many studies conducted on 
the mechanisms of iodine toxicity show the following direct effects on the thyroid 
gland: 1) inhibition of iodide transport and uptake by the thyroid, 2) accumulation of 
iodotyrosines, 3) inflammation and degradation of follicular cells, and 4) damage to 
follicular cell DNA (Committee 2005). 

FACTORS AFFECTING TOXICITY 

The toxicity of iodine depends largely on its chemical form. The observation of 
toxicity of iodine is predominantly focused on the iodide and iodate species of iodine. 
These forms are found in iodized salt, milk and water. However, the toxicity of other 
species can be much higher. Iodine is often used as a means of water disinfectant. 
Iodine doses as low as 1 mg/l in water kill bacteria within minutes. Elemental iodine 
that remains in the water can be toxic to humans (Preedy et al. 2009). 

Iodine toxicity is also species dependent. Laverlock et al. (1995) found Daphnia 
magna to be more sensitive than rainbow trout fry.  In particular, Daphnia were 
equally sensitive to I2 (LD50 ≥ 0.16mg/l) and I- (LD50 ≥ 0.17mg/l) but were less 
sensitive to IO3- (LD50 ≥ 10.3 mg/l). In contrast, rainbow trout fry were relatively 
sensitive to I2 (LD50 ≥ 0.53 mg/l) and less sensitive to I- (LD50 ≥ 860 mg/l) and IO3

-

(LD50 ≥ 220 mg/l). The effect of water hardness and total organic carbon on lethality 
was not uniform but depended on the chemical form of iodine used and on the test 
species.  A follow-up study on the single cell organism, Tetrahymena pyriformis, 
found iodine toxicity to increase as follows: CaI2< KI<KIO3<I2<KIO4 (Preedy et al. 
2009).   
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PLANTS 

High concentrations of iodine have been shown to be toxic to most plants (Sheppard 
and Evenden 1995). Unlike mammals, plants do not require iodine, and they can be 
adversely affected by low (micromolar) concentrations. The degree of phytotoxicity is 
dependent on the species of iodine that exists in the soil solution. Typically, I− is more 
phytotoxic than IO−3 (Mackowiak and Grossl 1999, Umaly and Poel 1971), which is 
potentially due to the greater ability of plant roots to absorb the reduced form 
(Böszörményi and Cseh 1960). Once in the plant, I− may oxidize to I2, which iodinates 
photosystem II components (Takahashi and Satoh 1989). 

High concentrations of iodine in soil have been shown to inhibit growth in pak choi, 
spinach, and rice. This indicates that uptake of iodine in certain plants has the 
potential for toxic effects (Preedy et al. 2009).  In a study by Mackowiak et al., rice 
receiving the highest dose of I2 (20 µM) under neutral conditions experienced the least 
growth and the greatest iodine biomass concentrations (2004). Few studies appear to 
be available on wild plant species. 

AQUATIC INVERTEBRATES AND F ISH 

Most of the planet’s stable iodine is located in the oceans because of the solubility of 
most forms of iodine; therefore, the marine environment will eventually be the 
primary resting place for much of anthropogenic I-129 (NCRP 1983).  Elevated 
aquatic concentrations of iodine have led to elevated iodine levels in marine animals. 
Certain tropical sponges can contain up to 14% iodine by weight (Mellor 1946).  

Oral toxicity of iodine to fish has not been studied.  High levels of iodine in water can 
be toxic to aquatic animals (Committee 2005); although "[i]nformation is sparse 
regarding the acute or chronic toxicity of iodine to freshwater biota” (Laverlock et al. 
1995).  Channel catfish populations experienced 100% mortality from concentrations 
as low as 0.73 mg I/L over 24-hour exposure periods. This same result was also 
achieved with 7.2 mg I/L over one hour (LeValley 1982).  An exposure of 8.0 mg/L 
was lethal to some species of mullet.  Mortality in both cases was caused by gill 
damage and asphyxiation (LeValley 1982).  As noted previously, Laverlock et al. 
(1995) determined median lethal concentrations of elemental iodine, iodide, and 
iodate to rainbow trout fry and to Daphnia magna under several different water 
quality regimes.  

MAMMALS 

Iodine toxicosis in humans and in laboratory surrogates has been widely studied, 
driven largely by human health concerns.  Studies in wild species appear to be few. 

Physiological responses are dependent on the dose and the duration of the iodine 
intake. There are also significant differences between species and their tolerance to 
high dietary concentrations of iodine (ASDR 2004).  

The chronic administration of large doses of iodine to many domesticated and 
experimental animals has been shown to reduce iodine uptake by the thyroid, which in 
many cases leads to antithyroidal or goitrogenic effects. High levels of iodide inhibit 
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organic iodine formation and saturate the active transport mechanism of this ion 
causing iodide goiter (Committee 2005).  

Excess iodine may result in hyperthyroidism or hyperthyroidism, but the mechanisms 
involved in these responses are not entirely understood.  Many studies conducted on 
the mechanisms of iodine toxicity show the following direct effects on the thyroid 
gland: 1) inhibition of iodide transport and uptake by the thyroid, 2) accumulation of 
iodotyrosines, 3) inflammation and degradation of follicular cells, and 4) damage to 
follicular cell DNA (Committee 2005). 

Other indirect effects of iodine toxicosis include 1) poor absorption of thyroid 
hormones resulting in greater excretion in feces, 2) changes in thyroid hormone 
transport, 3) elevated hepatic microsomal enzyme activities which cause increases in 
iodotyrosine excretion, and 4) interference in transthyrectin metabolism (Committee 
2005; ATSDR 2004). 

Large acute doses of iodine produce different effects.  The LD50 of mice fed iodate 
ranged from 483-698 mg/kg (Webster et al. 1966). Webster et al. (1966) also found 
three doses of 100 mg I/kg body weight to cause anorexia and occasional vomiting in 
dogs, while larger doses (200-250 mg I/kg body weight) caused death preceded by 
anorexia or coma. Severe retinal changes were seen in laboratory animals 
administered sodium iodate intravenously above 10 mg/kg (Burgi et al. 2001). 

As noted previously, inhalation is generally considered to be a minor exposure route.  
However, if I2 or methyl iodide vapors are inhaled they can be absorbed and would be 
expected to exert effects that are similar to that of iodide absorbed after ingestion, 
including effects on the thyroid gland.  Furthermore, iodine (I2) is a strong oxidizing 
agent; therefore, exposure to high air concentrations of I2 vapor could potentially 
produce upper respiratory tract irritation and possibly oxidative injury (ATSDR 2004). 

BIRDS 

Information on iodine’s effects on birds is very limited. Domesticated birds’ diets are 
typically supplemented with iodine and in some cases higher concentrations are used 
to enhance the iodine content in eggs. A study by the University of Natal found excess 
iodine in poultry diets prevented sexual maturation in fowl, decreased rate of lay, 
decreased egg weight, and increased body weight (Lewis 2004). Similar studies in 
chickens and turkeys by Perdomo et al. (1966), Arrington et al. (1967), Marcilese et 
al. (1968) and Christensen et al. (1991) found reduced fertility, decreased egg 
production, egg size and hatchability.  

AMPHIBIANS AND REPTILES 

Information on the effect of iodine on amphibians and reptiles is limited. Both reptiles 
and amphibians have a dietary need for iodine and are sensitive to elevated and 
depressed concentrations in their diet. Iodine dietary supplements are often necessary 
in domesticated reptiles and amphibians (Swingle 1923).  Higher quantities of iodine 
are known to be toxic but the toxic concentration is not documented. 

Iodine is known to be an essential component in the amino acid and protein molecule 
responsible for the metamorphosis of amphibians. Without iodine amphibians are 
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unable to go through metamorphosis. Non-thyroidal iodine is also effective in 
inducing metamorphosis in urodele and anuran larvae that lack thyroids (Swingle 
1923).  

 

MECHANISM OF ACTION 

Iodine-129 decays by emitting a low energy beta and gamma particle to produce 
xenon-129. I-129’s very long half-life (1.57 × 107 yr) and low specific activity limit 
its radioactive hazards, as does the low energy of its beta and gamma emissions. In 
fact, accurate detection and measurement of the isotope is difficult and tedious (NCRP 
1983) because of its weak emissions. 

Radioecological damages to aquatic and terrestrial organisms due to I-129 in the 
environment result from ionization caused by the interaction of its beta and gamma 
particles with living tissue. In particular, upon each disintegration, I-129 emits a beta 
particle with an average energy of 50.3 keV and a maximum energy of 154.4 keV 
(Shultis and Faw 2008) The range of beta particles in matter is given by Shleien et al. 
(1998), Formula 2a, p. 3-15: 

for (0.01≤E≤2.5 MeV):   

R = 412*E(1.265-0.0954*ln(E)) 

Where: 

R = range in mg/cm2 (range in cm times the density of the absorbing medium in 
mg/cm3) 

E = energy of the beta particle in MeV  

Using this equation, the average approximate range of I-129 beta particles in tissue is 
about 0.004g/cm2 or 0.004 cm.  Given that the typical energy required to ionize a 
molecule (i.e., eject an electron from its orbit) is about 34 to 35 eV (see page 17, 
Casarett 1968), the total number of ion pairs produced by the energy deposited in 
tissue from the average energy beta particle emitted by I-129 is about 1400 ion pairs 
(i.e., 0.05 MeV/35 eV).   

The pattern of energy deposition for beta particles is described in Morgan and Turner 
(1973) as follows: 

mean linear ion density = T/Rt×W 

Where: 

T = average energy of electron liberated 

Rt = range or electrons of energy T 

W = average energy to form an ion pair 

For I-129, the equation is 50.3 keV x 1000 eV/keV ÷ 0.003 cm x 35 eV/ion pair =  
4.79×105 ion pairs per cm or about 48 ion pairs per micron.  Given that a typical cell 
is on the order of tens of microns (see page 102 of Curtis and Barnes, 1989), a single 
cell might experience about 500 to 600 ion pairs produced by the passage of an 

VI.   RADIOLOGICAL 

ECOTOXICITY 
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average I-129 beta particle.  It is this deposited energy in living tissue that results in 
biological damage. Radioiodine toxicity is most likely in tissues that can transport and 
accumulate iodide (ATSDR 2004). 

Sufficiently energetic beta particles can penetrate the dead layer of the skin of 
mammals (nominally 70 microns in humans) and deposit energy in underlying tissues.  
I-129 emits beta particles with an average energy of 50.3 keV and that have a range of 
about 3.3 cm in air and 0.04 cm in tissue (Shleien et al. 1998).  Thus, there is some 
potential for exposure from external beta radiation from I-129, including all aquatic 
and terrestrial organisms and all stages of their life cycle, except for organisms that 
have a thick outer layer (such as bark of trees, heavy fur, scales, etc.) that can shield 
the living tissue beneath from the beta emissions. 

RADIOECOTOXICOLOGICAL EFFECTS 

Terrestrial and aquatic organisms can also experience internal exposures from the 
approximate 0.04 MeV photons emitted by I-129.  However, because only about 10% 
of the photon energy is deposited per cm of path length in tissue (see Figure 5.4 of 
Shleien et al. 1998), the contribution of gamma exposure from I-129 to the internal 
dose is small as compared to that from the internal dose from the beta emissions of I-
129.  However, external exposure to terrestrial organism from the gamma emissions 
from I-129 in soil must be taken into consideration when assessing the dose to 
terrestrial biota.  For aquatic biota, close proximity to sediment containing I-129 could 
contribute to external exposures.   

In most animal and human life, iodine concentrations are highest in the thyroid gland.  
The metabolic constraints that control the quantity of stable iodine in the thyroid gland 
also restrict the amount of I-129 that can be absorbed and thus also restrict the 
potential for radiotoxicological effects from I-129.   

For example, the ICRP reference man99 (ICRP 1975) has 13 mg of iodine, 12 mg 
(>90%) of which is located in the thyroid. Using this reference, combined with an 
assumption of constant exposure only to pure I-129 (which has a specific activity of 
0.17 mCi/g), the theoretical maximum I-129 activity in the thyroid is limited to 
roughly 2 Ci in an adult human. This is an overly conservative assumption 
considering the highest ratios of I-129 to I-127 seen in animals living near nuclear 
facilities is in the range of 0.001 (Brauer and Ballou 1974). Encountering iodine only 
in the form I-129 over a lifetime to achieve this maximum activity is impossible but is 
presented for comparison with reasonable intake. 

Under considerably more realistic conditions, NCRP (1983) states “A steady dietary 
intake of one pCi I-129 ingested daily would lead to an equilibrium burden of 8.7 pCi 
in the thyroids of 1 to 4 year old children and 22 and 43 pCi [105 times smaller than 
the above theoretical maximum possible] in those of 14-year olds and adults, 
respectively, resulting in dose equivalent rates of 4.9, 2.1, 1.7 and 2.6 mrem/y in 1-,  
4-, and 14-year olds, and adult, respectively.” NCRP (1983) also estimates a dose to 

                                                 
99   In order to standardize the radiation doses to humans per unit intake of a given radionuclide, the International 

Commission on Radiological Protection defines a reference man, which standardizes the size, weight and function of 

every organ and structure in the human body. 
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the thyroid to 7 mrem/nCi intake. The thyroid gland in adults is considered to be 
radioresistant in terms of cell death and failure of function. It has the capacity to 
actively concentrate iodine. Radioiodine can, therefore, deliver considerable doses to 
the gland without causing the thyroid to fail.  A dose of at least 300 Gy (30,000 rem) 

100  is required to cause total ablation of the thyroid within a period of two weeks 
(WHO 2001). This is exponentially larger than any expected environmental exposure 
and would only be expected in a medical setting where killing the thyroid is the 
intended consequence. 

In a 1983 study conducted by Book, rats were fed I-129 over a lifetime. These rats 
experienced no significant increase in tumor occurrence nor were any difference seen 
in longevity between exposed and control rats.  

No literature was found that explicitly addresses the radiotoxicity of I-129 on plants.  
However, there are a number of publications on the effects of radiation in general on 
plants and plant communities.  Chapter 13 of Casarett (1968) provides an excellent 
review of the literature on the effects of radiation on higher plants and plant 
communities.  She provides data showing the percent germination for pollen for a 
variety of plants, as a function dose, where the doses ranged from zero to over 6,000 
rad.  She also summarizes studies on the effects of radiation on the fertilized egg 
(ovule), where effects on the developing plant were observed at 500 R,101 and the 
radiosensitivity of developing embryos (fertilized ovule) varied 100-fold depending 
on plant species.  That said, the low energy of radiation from I-129 and its low 
specific activity suggest radiological damage to plants from I-129 to be unlikely.  

 

Natural and synthetic chemicals distributed in plant and plant products have the 
potential to alter the uptake of iodine in the thyroid of vertebrates.  Although the 
effects of goitrogens on iodine toxicity are not fully understood, changes in thyroid 
metabolism associated with high intakes of goitrogens may influence iodine toxicity 
and the concentration of iodine in tissue and animal products (Committee 2005).  
Some agricultural species (broccoli, kale, spinach, cabbage, soy products, and turnips) 
have naturally high concentrations of goitrogens (ATSDR 2004); it is not known 
whether native plants at Hanford may also have high concentrations of these 
compounds.   

There are two types of goitrogens: thiocyanates and goitrin. Thiocyanates inhibit the 
uptake of iodine in the thyroid, but their action is reversible by additional iodine 
supplementation. Goitrin inhibits the synthesis of thyroid hormone through the 
inhibition of thyroid peroxidase. Goitrin effects are not reversible by iodine 
supplement (Committee 2005). Normal iodine uptake may also be inhibited by 
bromine, fluoride, cobalt, manganese, and nitrate (ATSRD 2004). 

                                                 
100 1 Gy= 100 rad. Units of absorbed radiation dose. Although, technically different, by convention, 1 rad is loosely 

considered equivalent to 1 rem. 
101 For simplicity, it can be assumed that one R or Roentgen is equal to 100 rad (or 100 ergs of energy deposited per 

gram of tissue). 

VI I .   EFFECTS IN THE 
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Various substituted phenols with hydroxyl groups in the meta positions have been 
shown to increase thyroid iodide accumulation and to inhibit iodothyronine 
production in the thyroid (ATSDR 2004). 

  

The health impacts of I-129 on humans are well understood (ATSDR 2004): effects of 
acute exposures to radioiodine (predominately I-131102) have been extensively studied 
in humans and in mammalian laboratory surrogates.  An enormous amount of 
epidemiological and case literature derives from the clinical use of I-131 in diagnostic 
procedures and in treatment of thyroid gland enlargement and thyrotoxicosis. In 
addition, epidemiology studies have examined health effects resulting from accidental 
environmental exposures due to nuclear detonations and releases from nuclear power 
plants. These studies collectively and credibly identify the thyroid gland as the 
primary target of radioiodine.  Other tissues that are either in close proximity to the 
thyroid gland, such as the parathyroid gland, or that accumulate iodine, such as the 
salivary gland, also are affected by exposures to radioiodine; however, these effects 
occur at absorbed radiation doses that are clearly cytotoxic to the thyroid gland.   In 
addition, the toxicokinetics of iodine in humans has been substantially explored and 
characterized in both experimental studies and clinical cases.   

Although the effects of stable and radioiodine are well understood in humans, the 
literature on the effects of I-129 on wild species is extremely limited if not absent. 
Literature on the effects of non-radioactive iodine on wild species has relevance as 
most of the effects of I-129 are expected to be chemical rather than radiological.  
Information on mammalian laboratory species is plentiful; however, information 
appears to be quite limited for aquatic species and may be absent for wild birds, wild 
mammals, amphibians, and reptiles. 
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102 I-131 metabolically behaves the same as I-127 and I-129; however, its radiological properties are considerably 

different that I-129. I-131 decays by 364 keV gamma emission (81% abundance) and beta emission with a mean energy 

of 190 keV (89% abundance) with a half-life of 8 days . I-131 properties allow it to be used as a surrogate to easily 

trace where iodine goes in the body.  I-131 decays away in a matter of days and thus its risks are very different than I-

129 which essentially never decays.  
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MERCURY (Hg) 
ECOTOXICOLOGICAL PROFILE103 

 

Mercury (Hg) is one of the hazardous substances (as defined by Sections 101(14) and 
101(33) of CERCLA and listed in 40 CFR §302.4) to which natural resources have 
been exposed as a result of operations and cleanup efforts over the past 60 years at the 
U.S. Department of Energy (DOE) Hanford Site in the State of Washington.  Heavy 
and silver-colored, mercury is the only metal that is liquid at standard conditions of 
temperature and pressure (25C and 1 atm).   

Assessing the potential effects of mercury exposure, particularly to methylmercury, 
has been an active area of research for over thirty years (Scheuhammer and 
Sandheinrich 2008) and has resulted in the generation of an extremely large body of 
information.  Mercury fate, transport, and ecotoxicology have been the focus of 
special issues in journals and of conferences/workshops, and have been the subject of 
several books as well as a tremendous number of journal articles.  This profile does 
not attempt to comprehensively review all available ecotoxicological information on 
mercury but rather aims to provide a broad overview of its known characteristics and 
properties, including its better-studied ecological effects with a particular focus on 
those of the most relevance to natural resource damage assessment.  

  

Mercury is a toxic element found ubiquitously throughout the environment. The 
sources of mercury to the biosphere can be grouped as follows (UNEP 2002): 

 Natural sources, such as volcanic activity, forest fires, and weathering of rocks; 

 Current/ongoing anthropogenic activities, such as fossil fuel combustion, leaks 
from industrial activities, and the disposal or incineration of wastes; and 

 Re-mobilization of past anthropogenic releases from environmental media such 
as soils, sediments, waterbodies, landfills, and waste piles. 

Estimates of the increase in atmospheric deposition of mercury since preindustrial 
times range from 1.5 to 4, excluding industrial areas where deposition rates are higher 
(Swain et al. 1992, UNEP 2002).  North American anthropogenic sources on average 
contribute roughly 20 to 30 percent of total mercury deposition within the continental 
United States (Seigneur et al. 2004, Selin et al. 2007).  The remainder comes from 
anthropogenic emissions of other countries and natural sources.  There is uncertainty 
with respect to how much of anthropogenic emissions is attributable to new releases 
as distinct from remobilization; however, several researchers have estimated these to 
be approximately equal or at least within a factor of two of each other (Seigneur et al. 
2004). 

At Hanford, use and spillage of chemicals, including mercury, in the 100 Area 
resulted in the contamination of facilities and soil (EPA 1999). One specific example 

                                                 
103 Selected portions of this document are derived from IEc (2010). 
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of such releases relates to a five-year project termed “Project P-10-X” that 
commenced in 1949 (Kincaid et al. 2006).  This project, the purpose of which was 
tritium production, took place in the 100-B Area and released both tritium and 
mercury to the environment.  Indeed, the “second largest source of contamination 
emitted from Project P-10-X operations was the mercury used in the Toepler pumps 
and pressure gauges. It is estimated that hundreds of liters of contaminated mercury 
was disposed to the 100-B crib, with subsequent diffusion through surrounding soil 
and groundwater” (ibid.). 

 

Mercury’s chemical forms include elemental mercury, or Hg(0), oxidized inorganic 
mercury, as Hg2+ and Hg2

2+, and organic forms, principally methylmercury.  As an 
element, mercury does not break down although it does change among these chemical 
forms, and its form determines not only its environmental fate but also its potency as a 
toxicant.  In particular, elemental mercury can be oxidized to Hg2+ which can in turn 
be methylated by sulfate-reducing bacteria.  Elemental mercury is volatile and can be 
lost to the atmosphere and transported long distances before being deposited.  In 
contrast, Hg2+ tends to bind to sediment particles (EPA 2006).  The dominant factors 
controlling mercury speciation in solution include dissolved ions, pH, and redox 
potential (Gabriel and Williamson 2004). 

From a biological perspective, the most hazardous form of mercury is methylmercury, 
both because of its bioaccumulation and biomagnification potentials and also because 
organic forms are the most toxic (Wolfe et al. 1998, Boening 2000).   

The main mechanism through which mercury becomes methylated is thought to be 
through the action of sulfate-reducing bacteria, particularly in freshwater sediments 
and wetlands (Wiener et al. 2003, Evers et al. 2005).  Many factors affect the rate of 
mercury methylation in waterbodies, including pH, acid neutralizing capacity, sulfate 
content, dissolved organic matter, waterbody morphometry, and temperature (Wiener 
et al. 2003, EPRI 2004, EPA 2005).   Wetlands tend to be areas of higher 
methylmercury production and may contribute methylmercury to associated 
waterbodies (Wiener et al. 2003, EPA 2005b).  In general, mercury methylation rates 
are higher in lower alkalinity, low pH waterbodies, in surface waters with large 
upstream or adjoining wetlands, in waters with adjoining or upstream terrestrial areas 
subject to flooding, and in dark-water lakes and streams (Scheuhammer et al. 2007). 
Demethylation of methylmercury is possible, but this process is less well understood.  
There is some evidence that at least in some predatory aquatic species, a portion of the 
methylmercury burden may become demethylated, especially in the liver and kidney, 
and perhaps brain (Scheuhammer et al. 2007). 

In contrast to aquatic ecosystems, concentrations of methylmercury in soils are 
generally low (EPA 2005, Gabriel and Williamson 2004); indeed, the concentration of 
methylmercury is generally less than 2% of the total mercury concentration in soil 
(Schluter 2000 as cited in Gabriel and Williamson 2004).  Methylation can occur in 
the terrestrial environment, but this process is less well understood (Gabriel and 
Williamson 2004). 

I I I .  ENVIRONMENTAL 

CHEMISTRY 
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FATE AND TRANSPORT  

Mercury is primarily released to the environment in its elemental and inorganic forms.  
When released to the atmosphere, it can be transported around the globe, and through 
wet and dry depositional processes, may be deposited in areas far from its point of 
release.   

Atmospheric mercury can deposit directly to surface waters and to soils.  Although in 
most watersheds, the primary source of total mercury to surface waters is atmospheric 
deposition, erosion and runoff can also be large sources (EPA 2006, Gabriel and 
Williamson 2004).  Groundwater can also be a source of mercury to surface waters, 
and the interface between ground water and streams can be an important methylation 
site (EPA 2006).  Inorganic mercury, as Hg2+ in aquatic systems, is generally bound to 
dissolved organic carbon (EPA 2006). 

Gabriel and Williamson (2004) review biogeochemical factors affecting the 
speciation, ligand formation, and transportation of mercury in terrestrial 
environments.  These authors note that adsorption in soils is one of the most widely 
researched areas in the terrestrial biogeochemistry of mercury.  A number of factors 
affect the element’s chemical form in soils.  These factors include the presence of 
certain dissolved species (particularly S-, Cl- and dissolved organic carbon), pH, and 
redox potential.  Factors affecting mercury’s adsorption to soils include the soil 
particles’ surface area, organic content, cation exchange capacity, and grain size. 
Overall, soils have a high affinity for mercury in its elemental, inorganic, and organic 
forms, such that even the elemental form can be fairly resistant to volatilization loss, 
and soils can sequester a large percentage of atmospherically deposited mercury 
(ibid.). 

BIOACCUMULATION POTENTIAL 

Methylmercury is the only form of mercury that biomagnifies through food chains 
(Chan et al. 2003, EPRI 2004), with higher trophic level organisms acquiring 
increasingly large body burdens (EPA 1997, EPA 2005).  Nearly all of the mercury in 
fish is in the form of methylmercury (Wiener and Spry 1996, EPA 1997, Eisler 2000), 
and even in predatory insects, methylmercury comprises much of the body burden 
(Mason et al. 2000, Cristol 2008).  Overall, the proportion of methylmercury in 
organisms is a function of food chain length. 

Methylmercury has repeatedly been shown to accumulate in aquatic food webs.  
Uptake and bioaccumulation in terrestrial ecosystems has been less well studied, 
although it has been shown that plants can take up elemental mercury directly from 
the atmosphere and can accumulate mercury in their leaves (EPA 2006).  Uptake from 
soils via roots is also possible, and this mercury may be translocated to the leaves 
(Suszycynsky and Shann 1995 as cited in Boening 2000). Mosses are key vegetative 
species in that they tend to accumulate more mercury than other plants (Boening 
2000).   

Cristol et al. (2008) have reported methylmercury biomagnification in a terrestrial 
habitat immediately adjacent to a mercury-contaminated river in Virginia; in this food 
web, spiders provided a substantial exposure pathway to songbirds.  Rimmer et al. 
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(2010) found increasing mercury concentrations at higher trophic levels in a montane 
forest. 

ACCUMULATION WITHIN TISSUES 

Methylmercury does not partition based on lipohilicity but does preferentially bind 
with sulfhydryl groups in proteins (Webb et al. 2006).  In vertebrates, mercury has 
long been known to accumulate to high levels in the kidneys and liver (Tan et al. 
2009).  The pituitary gland, thyroid and gonads have also been shown to accumulate 
mercury concentrations similar to, or modestly lower than, those in kidneys and livers 
(ibid.).    

In mammals, where neurotoxic effects are a common focus, effects thresholds are 
frequently expressed as concentrations in brain tissue (e.g., see Scheuhammer et al. 
2007).  In bats, fur and blood have also been evaluated (Wada et al. 2010).   

In fish, accumulation of mercury in the brains appears to occur to a lesser extent than 
in mammals (Boening 2000).  Muscle tissue, however, is frequently evaluated, as this 
tissue is of particular interest when human exposure is of concern.  When the purpose 
of the research is to estimate effects to fish themselves, concentrations in whole fish 
(especially if small) are commonly targeted (e.g., Friedman et al. 2006, 
Hammerschmidt et al. 2002, Drevnik and Sandheinrich 2003). 

In birds, both brain and egg concentrations have commonly been measured 
(Scheuhammer et al. 2007, Tan et al. 2009).  Blood has also been a preferred tissue to 
characterize exposure in birds (e.g., Burgess and Meyer 2008, Brasso and Cristol 
2008).  Bergeron et al. (2007) report that blood concentrations can also be used as an 
of mercury exposure in turtles. 

  

Fish and wildlife are primarily exposed to methylmercury rather than to other 
chemical forms; furthermore, exposure occurs predominatly through the diet 
(Scheuhammer et al. 2007).  Because of the biomagnification of methylmercury 
through food webs, top predators, particularly in aquatic food chains, are likely to be 
the most exposed, while terrestrial non-piscivorous species typically experience 
relatively low merucy exposures (ibid.)  

For fish embryos, maternal transfer of dietary methylmercury is the primary method 
of exposure (Hammerschmdt and Sandheinrich 2005 as cited in Scheuhammer et al. 
2007).  Maternal transfer also occurs in mammalian, reptilian, amphibian, and avian 
species (Tan et al. 2009, Bergeron et al. 2010). 

  

Mercury is a known mutagen, teratogen, and carcinogen (Eisler 2000).  In higher 
organisms, inorganic mercury is primarily nephrotoxic (Khan and Wang 2009), while 
methylmercury’s effects in wildlife include neurotoxicity, affecting endpoints such as 
behavioral alterations and sensory impacts (e.g., to vision and hearing), and 
developmental effects (EPA 1997, Eisler 2000).  Mercury can cross both the blood-
brain barrier and the placental barrier, making it “one of a few known developmental 
neurotoxins” (Khan and Wang 2009).  Species sensitivity to mercury varies, and 

IV.  TYPICAL MAJOR 

EXPOSURE ROUTES 

V.  ECOTOXICITY 
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within a species the early life stages are generally the most sensitive to these types of 
effects (Wiener and Spry 1996, Eisler 2000, Boening 2000).   

Endocrine-related effects, including reproductive impairment, have also been 
observed in fish, birds, and mammals (Tan et al. 2009).  The “estrogenic” properties 
of mercury compounds may be responsible for these effects, and some evidence 
suggests that endocrine effects “may be observed at lower doses or before onset of the 
extensively studied neurological symptoms” (ibid.).  Endocrine effects are not limited 
to the hypothalamic-pituitary-gonadal axis but also include impacts to the 
hypothalamic-pituitary-thyroid axis and the hypothalamic-pituitary-adrenal axis 
(ibid.). 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

Mercury has no known beneficial effects or protective properties. 

MECHANISM(S)  AND LOCI  OF TOXICITY 

Mercury is cytotoxic (Tan et al. 2009). At the molecular level, it interacts with 
reduced sulfhydryl groups (Chan et al. 2003).  Sulfhydryl groups are part of many 
proteins and enzymes; thus, methylmercury may interfere with the actions of these 
structures, directly or indirectly altering cellular metabolism.  Cellular processes 
affected by mercury can include ionic homeostasis, synaptic function, oxidative stress, 
and protein synthesis (Khan and Wang 2009). The literature has documented impacts 
of methylmercury on the activity of certain enzymes, including several enzymes 
present in the brain (Hoffman and Heinz 1998, Wolfe et al. 1998).  

PLANTS 

Less is known about the effects of mercury on plants, although several laboratory 
studies of aquatic and terrestrial species have been conducted.   These have found 
evidence of impacts to a variety of endpoints including photosynthesis, root/shoot 
weight and length, chlorophyll content, enzyme activities, mitotic activity, 
transpiration, water uptake, and chlorophyll synthesis (Boening 2000).   

FISH AND AQUATIC INVERTEBRATES  

Through laboratory dosing studies, researchers have investigated the sensitivity to 
mercury of a wide range of fish species, including Atlantic salmon, rainbow trout, 
brook trout, catfish, amphipods, mummichog, fathead minnows, walleye, golden 
shiner, and others (Eisler 2000, Scheuhammer et al. 2007).   These studies have found 
that mercury reduces fish growth, increases tissue histopathology, and impairs 
olfactory receptor function (Eisler 2000).  Symptoms in fish potentially related to 
neurotoxicity include changes in activity level, coordination, ability to capture prey, 
predator avoidance, emaciation, brain lesions, and death (Wiener and Spry 1996, 
Eisler 2000, Weis 2009).   

Reproductive impacts represent another key set of endpoints for fish.  Laboratory 
studies have demonstrated impacts of mercury on a wide range of reproductive health 
metrics including gonadal development, production of sex hormones, gametogenesis, 
sperm morphology and motility, vitellogenesis, fecundity, fertilization, hatching 
success, and embryo development/malformations among other reproductive endpoints 
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(Scheuhammer et al. 2007, Tan et al. 2009, Weis 2009, Crump and Trudeau 2009).  
Exposures during sensitive periods can produce delayed effects in later life phases 
(Weis 2009). 

Some effects observed in laboratory studies (e.g., growth and survival) are relatively 
unlikely to occur in most wild fish, inasmuch as ambient mercury concentrations are 
generally lower than those found to cause these effects (EPA 2005).  However, fish 
reproduction may be a more sensitive endpoint, and it is plausible that reproductive 
effects from methylmercury may occur under field conditions (Scheuhammer et al. 
2007, Crump and Trudeau 2009).  Also, more recent laboratory studies have 
specifically focused on environmentally realistic concentrations (e.g., Friedman et al. 
1996, Hammerschmidt et al. 2002, Drevnick and Sandhenrich 2003). 

Field studies of effects of mercury on fish are more limited than laboratory studies 
(Scheuhammer et al. 2007).  Friedmann et al. (2002) compared the reproductive 
health of wild largemouth bass from three New Jersey lakes with varying degrees of 
mercury contamination.  The authors evaluated organosomatic indices, condition 
factor, serum cortisol, testosterone, and 11-ketotestosterone and found a significant 
difference for this latter metric, and a (non-statistically significant) 50% decrease in 
testosterone among fish from the most heavily contaminated lake.   

Webb et al. (2006) investigated white sturgeon from the lower Columbia River and 
found several significant correlations between tissue methylmercury concentrations 
and measures of reproductive health in these fish.   These include negative 
correlations between: (a) plasma androgens and Hg in muscle tissue, (b) plasma 
estrogens and Hg in liver tissue, (c) condition factor and both gonad/liver Hg 
concentrations, (d) relative weight and both gonad/liver Hg concentrations, and (e) in 
immature males, gonadosomatic index and gonad Hg concentrations.  The authors 
hypothesize that “[t]he physiologic result of decreased circulating sex steroids… may 
be altered gametogenesis, a delay in sexual maturation, and/or decreased reproductive 
success” but note that “further studies with older and larger fish would need to be 
conducted to determine if mercury is negatively impacting the onset of maturation and 
reproductive potential.”  Webb et al. (2006) further note that the gonadosomatic index 
has been found to be inversely related to tissue mercury in several teleosts.   

In aquatic invertebrates, many researchers have investigated mercury concentrations; 
however, data on effects are fewer.  Skinner and Bennett (2007) evaluated gill 
deformities in macroinvertebrates (mayflies, caddisflies, and stoneflies) from stream 
areas in New York State.  The authors found the highest rate of gill deformities (28%) 
among animals with the highest mercury concentrations; however, the authors did not 
report mercury concentrations in macroinvertebrates from the reference area (instead 
noting that water column levels were non-detectable).   

BIRDS 

Dosing studies of bird species have found evidence of toxicity, ranging from blood 
and tissue chemistry changes to brain lesions, reduced growth, developmental 
alterations, behavioral alterations, reproductive impairment, and death (Frederic 2000, 
Eisler 2000).  Reproductive effects include not only embryomortality and 
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development but also appear to extend to juvenile survival (Wolfe et al. 1998).  
Mercury may also be associated with immunotoxic effects including a higher potential 
for infection by disease organisms (Scheuhammer et al. 2007).  Avian species 
investigated include mallards, quail, ring-necked pheasants, chickens, house sparrows, 
northern bobwhite, goshawks, red-tailed hawks, tree swallows, and others (Thompson 
1996, Eisler 2000, Wada et al. 2009, Heinz et al. 2009).  Egg injection experiments 
have demonstrated a range in LC50 concentrations among different species of avian 
embryos exposed to mercury (Heinz et al. 2009). 

Although a number of correlative studies of mercury and various avian reproductive 
endpoints under field conditions did not find effects or were subject to confounding 
factors (Thompson 1996), there are several examples that strongly suggest mercury is 
adversely impacting at least some species at some locations.  Of these, the common 
loon is probably the best studied.  Effects associated with field exposure to mercury in 
this species include elevated corticosterone hormone levels, reduced foraging 
behavior, reduced incubation activity, and reduced fledgling production (Evers 2004, 
Burgess and Meyer 2008).   

In addition, available data suggest that sublethal impacts to birds in the Florida 
Everglades are likely.  (The Florida Everglades is amongst the better-studied sites 
with respect to mercury.) In particular, field studies suggest that mercury may 
predispose juvenile great white herons to disease (Spalding et al. 1994 as cited in 
Frederick 2000).  Dosing of great egrets at environmentally realistic levels resulted in 
impaired immunological responses, reduced appetite, and altered behavior (Frederick 
2000).  Altogether, "it is strongly suspected that exposure of nestlings to Everglades 
diets is likely to result in increased juvenile mortality" (ibid.).  Population-level 
impacts are possible, as modeling suggests populations of great egrets are sensitive to 
changes in juvenile survival (ibid.). 

Bald eagles and osprey are high trophic-level predators that have experienced elevated 
mercury levels in some environments; however, available data indicate a lack of 
association between mercury exposure and productivity of these species 
(Scheuhammer et al. 2007). 

Fewer field studies are available for non-piscivorous birds, although several recent 
studies have examined tree swallows near the mercury-contaminated South River in 
Virginia.  In particular, Brasso and Cristol (2008) found “subtle” reproductive 
effects—i.e., reduced productivity for young females in the contaminated area that 
were breeding for the first time in one of the years of the study.  Wada et al. (2009) 
found nestlings from the contaminated area to have suppressed adrenocortical 
responses, plasma triiodothyronine and thyroxin concentrations relative to reference 
levels, suggesting endocrine disruption in these organisms.  Hawley et al. (2009) 
found evidence of sublethal immunosuppressive effects in female tree swallows 
associated with the South River relative to reference birds.  In addition, Edmonds et 
al. (2010) identified elevated mercury levels in some North American populations of 
the wetland obligate and rapidly declining rusty blackbird and found concentrations 
that are “among the highest reported for wild populations of passerines at sites without 
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a known local source of mercury.” The authors suggest that mercury should be 
considered as a potential contributor to the species’ decline at certain locations. 

MAMMALS 

Methylmercury causes neurotoxic effects in mammals, including brain lesions, ataxia, 
anorexia, disorientation, tremors/convulsions, lethargy, paralysis, and death (Wolfe et 
al. 1998, Frederick 2000, Scheuhammer et al. 2007).  Effects on reproduction have 
also been examined: for instance, Dansereau et al. (1999) found a tentative link 
between methylmercury in the diet of mink and whelping rates.   

Most research on the effects of mercury on mammals has been in the form of 
laboratory studies, and the most commonly evaluated non-domestic species are mink 
and otter (Wolfe et al. 1998, Eisler 2000, Scheuhammer et al. 2007).  Effects 
thresholds in these species are often expressed as dietary exposures or achieved 
concentrations in brain tissues (e.g., Scheuhammer et al. 2007).   

There have been a few scattered incidents of apparent mercury toxicity to wild 
mammals, including the death of a Florida panther (Roelka et al. 1991, as cited in 
Thompson 1996).  This same research also suggested a potential impact of mercury 
exposure on Florida panther kitten survival (ibid.).  Sleeman et al. (2010) report the 
discovery of a moribund river otter next to the mercury-contaminated South River, 
Virginia, and identify mercury poisoning as the cause.  Scheuhammer et al. (2007) 
states that current levels of methylmercury in mink and piscivorous mammals may be 
sufficiently high in certain mercury-sensitive environments to cause “subtle 
neurotoxic and other consequences.”  

Wada et al. (2010) evaluated adrenocortical responses in female big brown bats near a 
mercury-contaminated river in Virginia.  Although bats captured at the contaminated 
site had 2.6 times higher mercury concentrations in blood and fur, no differences were 
observed in adrenocortical responses. 

AMPHIBIANS AND REPTILES 

Less is known about the effects of mercury on amphibians and reptiles than other 
species groups.  Amphibians and reptiles can have increased tissue concentrations of 
methylmercury, varying with geographic region and diet (Tan et al. 2009).  A 
significant number of investigations of the effects of mercury exposure to amphibians 
used exposure conditions have not been “representative of conditions in natural 
ecosystems” (Unrine et al. 2004); however, in a mesocosm experiment, the southern 
leopard frog larvae experienced increased mortality and malformations, and reduced 
metamorphic success when exposed to dietary mercury expected to reflect the highest 
concentrations associated with atmospheric deposition (Unrine et al. 2004).  The 
authors conclude that “dietary Hg concentrations in sites with little or no source 
contamination may be sufficient to disrupt normal development and key life history 
characteristics of amphibians.”  

Salamanders from a mercury-contaminated site with “among the highest documented 
[mercury concentrations] in amphibians” caught half as much prey as reference 
animals (Burke et al. 2010).  Furthermore, in one of two tests of locomotion two tests 
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of locomotion, there appeared to be a significant effect on speed and responsiveness 
(ibid.).   

EFFECTS IN THE PRESENCE OF OTHER CONTAMINANTS 

Selenium (Se), which is both an essential and a toxic element, has been shown to act 
in an antagonistic fashion towards mercury in many studies including those on 
bacteria, zooplankton, mayflies, amphipods, perch, walleye, quails, mallards, rats, 
mice, and pigs (Khan and Wang 2009, Yang et al. 2008).  Indeed, Khan and Wang 
(2009) characterize their interaction as “one of the best known examples of biological 
antagonism” while noting that both additive and synergistic effects of mercury and 
selenium have at times been observed.  Whether antagonism or other interactions 
predominate is a function on the elements’ relative concentration, bioavailabilities, 
and the species’ (and organ’s) sensitivity (Khan and Wang 2009).  The fundamental 
mechanism for mercury-selenium antagonism is not yet understood (Khan and Wang 
2009, Yang et al. 2008). 

In addition, in some cases, the interaction of selenium and methylmercury appears to 
be complex.  Mallard diets supplemented with selenium ameliorated the neurotoxic 
effects of methylmercury but increased reproductive impairment (Heinz and Hoffman 
1998). 

DATA GAPS 

Most studies of mercury's effects have been laboratory dosing studies.   Until recently, 
many of these studies have used mercury concentrations that are much higher than 
those typically encountered in the environment (Crump and Trudeau 2009, Unrine et 
al. 2004), rendering it difficult to extrapolate laboratory results into field conditions.   

Field studies of any species group are fewer, and the interpretation of results can be 
complicated by confounding factors such as the presence of multiple contaminants or 
other environmental factors (Friedman et al. 2002, Crump and Trudeau 2009).  The 
common loon is the probably the best-studied species, having been studied repeatedly 
in the field and also having corroboration from laboratory studies (Scheuhammer et al. 
2007).   Field studies have also been conducted on a limited number of other avian 
and fish species, and for one salamander species. 

Overall, most studies have focused on aquatic or aquatically-linked organisms, 
especially fish species and piscivores, presumably because of the higher rates of 
methylation in aquatic ecosystems and consequent potential for higher bioavailability 
of methylmercury to these organisms.  Considerably less research has been devoted to 
effects on invertebrates (aquatic and terrestrial), plants, amphibians, reptiles, and non-
aquatically linked birds and wild mammals. 

 

Bergeron, C.M., C.M. Bodinof, J.M. Unrine, and W.A. Hopkins. 2010. 
Bioaccumulation and maternal transfer of mercury and selenium in 
amphibians. Environmental Toxicology and Chemistry 29(4):989-997. 
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POLYCHLORINATED BIPHENYLS (PCBs) 
ECOTOXICOLOGICAL PROFILE 

 

Polychlorinated biphenyls (PCBs) are hazardous substances (as defined by Sections 
101(14) and 101(33) of CERCLA and listed in 40 CFR §302.4) to which natural 
resources have been exposed as a result of operations and cleanup efforts over the past 
60 years at the U.S. Department of Energy (DOE) Hanford Site in the State of 
Washington. 

PCBs are a group of synthetic chemicals, of which there are 209 individual 
compounds (or congeners) possessing similar chemical structures.  This structure 
consists a biphenyl core with between 1 and 10 chlorine atoms attached. PCBs have 
the generic formula C12H(10-x)Clx, where x is an integer from 1 to 10.  Congeners 
differ in their chemical properties and in their ecotoxicological effects (Kannan et al. 
1989 as cited in Eisler 2000).   

  

There are no natural sources of PCBs.  First manufactured in the United States in 1929 
by the Monsanto Chemical Company (Eisler 2000), PCBs mixtures were 
manufactured and sold under a variety of trade names including Aroclor.  PCBs were 
used in a wide range of commercial applications including use as coolants and 
lubricants in electrical equipment, in carbonless copy paper, as flame retardants, and 
for a variety of other purposes (ATSDR 2000).  Due to increasing concerns about the 
human health and environmental impacts of these compounds, U.S. production of 
PCBs was halted in 1977 (ATSDR 2000).   

PCBs’ long history of use and their chemical properties have made their presence 
nearly ubiquitous in the global environment.  At Hanford, PCBs were not 
manufactured onsite, nor were they used as an input to other manufacturing activities.   
However, PCBs were intentionally released at parts of the site: “PCB waste oils were 
mixed with non-PCB oils and disposed of on roadways during a period of unregulated 
disposal. A limited number of roads were identified as likely to have had PCB-
containing waste oil applied” (WCH 2007; in particular, see Figure 3 and Table 6 in 
that document).  In addition, “Materials and equipment known to contain PCBs have 
been used across the Hanford Site … [for example] sites and equipment such as 
electrical substations, transformers, capacitors, roofing material, and caulking can be 
found at various locations across the Hanford Site indiscriminant of operable unit,”  
and potential on-site exposure sources therefore include “releases from past disposal, 
leaks, or spills” (ibid.).  The presence of PCBs has been confirmed in nine waste sites 
listed in the Hanford Waste Information Data System, and in 67 waste sites in the 100 
and 300 Areas (ibid.).  Elevated levels of PCBs were also detected in the bottom 
sludge of spent nuclear fuel storage basins at 100-N, 100-K, and 100-KE (ibid.).  
PCBs have been detected in the site’s underground storage tanks; they may have been 
used in 200 Area operations, and they have been detected at elevated concentrations in 
area pond sediments (ibid.).  

I .  INTRODUCTION 

I I .  SOURCES 
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PCBs are highly lipophilic (hydrophobic) pollutants, meaning that they have a strong 
affinity for organic material such as fat as opposed to water, although there are 
considerable differences in hydrophobicity among the various congeners.   

PCBs are also highly stable under most environmental conditions and can persist in 
the environment for decades.  That said, under anaerobic conditions, some reductive 
dechlorination of PCBs can occur (e.g., Karcher et al. 2007).  In addition, some 
transformation (hydroxylation) of PCBs occurs within living organisms, primarily in 
the liver (Sipes and Schnellmann 1987 as cited in Eisler 2000), although this may not 
be beneficial to the organism given the toxicity of the resulting metabolites (Parkinson 
and Safe 1987 as cited in Eisler 2000).  Altogether, however, as a result of 
environmental degradation/transformation processes, the proportions of individual 
PCB congeners present in environmental media may differ from those present in the 
original source material.   

FATE AND TRANSPORT  

PCBs have a low solubility in water and adhere strongly to organic materials in soils 
and sediments.  The more highly chlorinated congeners sorb more strongly.  If present 
at high levels in groundwater, PCBs will tend to form dense non-aqueous phase 
liquids (DNAPLs), the fate and transport of which can be complex to model.  
Leaching of PCBs from soil is slow, particularly for the more highly chlorinated 
congeners 

In surface waters, PCBs also adhere strongly to sediments and are transported 
downstream; they can also be resuspended and/or deposited.  The transportation of 
sediments is considered to be a dominant PCB transportation mechanism (Bush and 
Kadlec 1995).  Although they have a low solubility in water, PCBs can also associate 
and disassociate from sediments, potentially contributing to the toxicity of pore waters 
to benthic biota. 

PCBs are volatile, allowing for their evaporation and airborne transportation over very 
long distances.  PCBs have been detected in the snow and sea water of remote polar 
regions as well as in associated organisms (Eisler 2000).  However, “volatilization 
from water surfaces is expected to be attenuated by adsorption to suspended solids and 
sediment in the water column” (HSDB undated). 

BIOACCUMULATION POTENTIAL 

Due to their lipophilicity, PCBs are highly bioaccumulative, increasing in 
concentration at higher trophic levels within the food web.  PCBs in higher trophic 
level organisms may reach levels that are many thousands of times greater than in 
water (ATSDR 2000).   The precise extent of accumulation, however, depends on a 
variety of factors in addition to trophic position, including feeding strategy, longevity, 
fat content, sex, and reproductive status (HRTC 2002, Eisler 2000). 

As for other lipophilic compounds, the tendency for PCBs to bioaccumulate in food 
webs is sometimes measured through the calculation of bioconcentration factors 
(BCFs), bioaccumulation factors (BAFs) and/or biota-sediment accumulation factors 

I I I .  ENVIRONMENTAL 

CHEMISTRY 
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(BSAFs).  BCFs represent ratios of the contaminant concentration in the organism 
divided by the concentration in the water.  BCFs in “various fresh water and marine 
species are generally in the range of 5x102–4x104 for lower chlorinated PCB 
congeners and about 1x103–3x105 for tetra- to hexa-PCBs [while]… coplanar PCBs 
and the more highly chlorinated congeners can have aquatic organism BCFs as high as 
2x106 (ATSDR 2000). 

BAFs are defined as a ratio between the concentration in a tissue of the organism of 
interest and the combined concentration of PCBs in sediment, food, and water 
(ATSDR 2000).  ATSDR (2000) reports that “[t]ypical field- measured BAFs range 
from 2.1x103 to 3.9x106 for total PCBs (ibid.). 

BSAFs represent ratios of the contaminant concentration in the organism, normalized 
to the percent lipid, divided by the concentration in the organic carbon fraction of the 
sediment.  BSAFs also vary by congener and organism, and can also vary between 
sites.  Some of this variability may be due to differing food web structures, while 
some may be due to differences in black carbon levels (Cornelissen and Gustafsson 
2005).    

ACCUMULATION WITHIN TISSUES 

The PCBs lipophilicity results in their tendency to be associated with fat within 
tissues.  PCB measurements are commonly reported on both fresh weight and lipid 
weight bases.  The choice of which tissue to analyze to characterize PCB 
concentrations within organisms depends on the organism and the purpose of the 
measurement.   

In general, for smaller organisms (e.g., insects, soft parts of bivalves, tadpoles), whole 
bodies may be analyzed, and it may sometimes be necessary to combine multiple 
organisms into composite samples to garner a sufficient sample mass for analysis.   

For fish, if the purpose of the sampling is to characterize potential exposure of 
piscivorous mammals or birds, the entire fish is typically analyzed.  For fish health 
concerns, fish eggs or reproductive organs may be the focus (e.g., if reproductive 
endpoints are of interest); fish livers are also frequently used as indicators of PCB 
exposure. 

If the concern is human consumption, measurements are most frequently made of 
muscle tissue (fillets).  To reflect the eating habits of some Native American tribal 
members, it is also important to evaluate other sample types that reflect traditional 
methods of preparing fish for consumption.   

For birds, eggs and livers are the most frequently sampled, although some have 
evaluated PCB concentrations in plasma (especially in chicks), muscle, or in adipose 
tissue (Eisler 2000 – Table 24.11).  In reptiles, eggs are also sampled (Eisler 2000 – 
Table 21.10).  Body burdens in amphibians have been evaluated as concentrations in 
egg masses, larvae, ovaries, and whole adults (e.g., FEL 2002a,b). 

In mammals, the liver is probably the most frequently analyzed tissue, although 
muscle, fat, and brain have also been measured (Eisler 2000 – Table 24.12). 
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Major routes of exposure for aquatic organisms can include direct absorption from the 
water column (bioconcentration) as well as the ingestion of contaminated food or prey 
items (Bush and Kadlek 1995, Hoffman et al. 1996). Sediment ingestion can be a 
major uptake route in benthic invertebrates (Kaag et al. 1997). 

Maternal transfer represents a significant route of exposure for many young 
organisms.  Birds, reptiles, and fish deposit PCBs into their eggs (e.g., Kelly et al. 
2008, Cook et al. 2003), and mammals can transfer PCBs to their young as developing 
fetuses (e.g., Grieg et al. 2007).  Human exposure to PCBs typically occurs through 
the consumption of PCB-contaminated food or from breathing contaminated air; 
maternal transfer and transfer through breast milk also occur (ATSDR 2000). 

  

PCBs are harmful to fish and wildlife.  While acute mortality at environmentally 
relevant concentrations is uncommon, PCBs can cause a range of serious sublethal 
effects.  Reproductive effects--including reduced numbers, growth, survival, and 
development of offspring—are among the most sensitive endpoints for animals 
exposed to PCBs (EPA 2000).   Additional effects include behavioral changes, 
lesions, immune system dysfunction, neurotoxicity, and hormone imbalances.  PCBs 
are also probable human carcinogens (ATSDR 2000).   

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

PCBs have no known beneficial effects or protective properties. 

MECHANISM(S)  AND LOCI  OF TOXICITY 

Many of the adverse ecotoxicological effects of PCBs are thought to occur through the 
ability of certain PCB congeners to bind with the aryl hydrocarbon receptor (AhR).  In 
particular, a subset of the PCB congeners have a chemical structure that is similar to 
2,3,7,8-tetrachlorodibenzo-p-dioxin (2,3,7,8-TCDD), the most toxic of all halogenated 
aromatic hydrocarbons (Van den Berg et al. 2006).  When one of these “dioxin-like” 
(or coplanar) PCB molecules enters a cell and binds to the AhR receptor in the 
cytoplasm, a series of inter-cellular events takes place resulting in the AhR receptor 
complex becoming translocated to the nucleus and stimulating transcription of certain 
genes that code for the production of monooxygenase enzymes with aryl hydrocarbon 
hydroxylase (AHH) activity and ethoxyresorufin-O-deethylase (EROD) activity 
(Landers and Bunce 1991, ATSDR 2000, Denison and Nagy 2003).  Toxic responses 
occur via subsequent mechanisms that have not been fully elucidated (ATSDR 2000).  

In addition to dioxin-like toxic effects, some of PCBs’ effects are mediated through 
mechanisms that are independent of the Ah receptor (ATSDR 2000), although these 
mechanisms and associated effects have not been studied to the same extent as the 
dioxin-like effects.  Even so, research has demonstrated that non-coplanar congeners 
can interfere with intracellular calcium-based signaling pathways, causing cellular, 
organ-level and organismal effects including neurotoxicity (Fischer et al. 1998). 
Additional effects that have been investigated include estrogenicity, insulin release, 
neutrophil (a type of white blood cell) function, and behavioral changes (Fischer et al. 
1998). 

IV.  TYPICAL MAJOR 

EXPOSURE ROUTES 

V.  ECOTOXICITY 
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FACTORS AFFECTING TOXICITY 

The exact nature of these effects depends on the level and duration of exposure, the 
mixture of congeners to which the organism is exposed, the sensitivity of the 
organism to PCBs, lipid content, and the presence of other contaminants (e.g., dioxins 
and furans) (Eisler 2000). 

Biotic factors affecting toxicity include species, age, and developmental stage.  With 
respect to dioxin-like effects, embryos and juveniles are generally  the most sensitive 
life stages (Eisler 2000). 

PLANTS 

Although a few studies have shown that PCBs in soils can reduce plant growth, these 
effects occurred at concentrations higher than those observed in the environment; 
overall, information on the toxicological effects of PCBs on plants is limited (Nagpal 
1992). 

FISH AND AQUATIC INVERTEBRATES  

In general, acute toxicity of PCBs to fish is low; in addition, resistance to bacterial 
diseases and behavioral responses also appear to be relatively insensitive endpoints 
(Niimi 1996).  Egg viability, fry mortality, hepatic lesion/tumor frequency, and 
enzyme activity are more sensitive (Niimi 1996, Eisler 2000).  Many studies have 
evaluated these endpoints in a laboratory context, using waterborne or food-based 
exposures, or even injections into fish eggs (Niimi 1996, Walker and Peterson 1991, 
Wright and Tillitt 1999). 

Of fish, lake trout are the most sensitive for early life stage mortality associated with 
dioxin-like compounds (Cook et al. 2003).  Historically, PCBs were associated with 
reproductive failures of lake trout in Green Bay and Lake Michigan, but since 1980, 
other factors appear to be substantially more important to the survival of fry in these 
areas (Stratus 1999).  In chinook salmon, PCBs have been associated with reduced 
hatching success in some studies (Ankley et al. 1991 as cited in Eisler 2000) but not 
others (Williams and Giesy 1992 as cited in Niimi 1996).   In Columbia River white 
sturgeon sampled downstream of the Hanford reach, researchers found negative 
correlations between a number of health metrics—including condition factor, as well 
as plasma androgens and gonad size in males—and tissue burdens of contaminants, 
including (but not limited to) PCBs (Feist et al. 2005).   

Walleye from Fox River, Wisconsin with average tissue burdens of 4.6 to 8.6 ppm, 
had significantly increased hepatic lesions and tumors compared to reference area fish 
(26% versus 7%), although no clear differences between sites were evident for other 
health metrics evaluated (immunological system effects, biochemical changes, 
disease, or endocrine system) (Barron et al. 1999).   

Biochemical responses are generally more sensitive with changes in activity levels 
occurring at lower concentrations than other endpoints (Niimi 1996), and liver in 
particular is the primary target organ for induction of monooxygenase enzymes in fish 
(Eisler 2000). 
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PCBs may also affect benthic invertebrates.  Fuchsman et al. (2006) summarizes acute 
mortality results from water-based laboratory toxicity testing of marine and freshwater 
invertebrate species.  Some spiked sediment PCB studies have also been performed 
for selected marine benthic invertebrate species (DiPinto et al. 1993, Swartz et al. 
1998).  However, few studies appear to have examined benthic community health in 
freshwater areas where PCBs are the predominant contaminant of concern.  Similarly, 
few sediment toxicity studies are available that use field-collected materials from 
PCB-contaminated sites.  Also of note, invertebrate AhRs do not strongly bind dioxins 
and related chemicals (Hahn 2002). 

BIRDS 

In birds, endpoints commonly associated with sufficient PCB exposure include 
embrolethality, chick mortality, and developmental abnormalities including beak 
deformities.   These effects have been observed in a variety of field studies on fish-
eating birds in the Great Lakes especially during the 1950s and 1960s (reviewed in 
Hoffman et al. 1996).  PCBs have also been associated with impaired bald eagle 
reproduction in the Great Lakes region in the period 1986-2000 (Best et al. 2010).  A 
study of nesting bald eagles along the Lower Columbia River did not find a 
statistically significant correlation between contaminant concentrations (including 
DDE and PCBs) and productivity, but the authors did conclude that at the older 
territories egg contaminant levels remained high enough to impair reproduction (Buck 
et al. 2005). 

PCBs may also cause endocrine disruption in birds, although these effects have been 
difficult to characterize in the field (Ottinger et al. 2009). Field studies also suggest 
that PCBs can cause reduced retinoid (Vitamin A) levels and histological 
abnormalities of the thyroid gland, although some laboratory studies have not found a 
consistent relationship between contaminants and thyroid hormone alterations 
(reviewed in Rolland 2000).  

Avian species vary in their sensitivity to PCBs by over 1000-fold, with domestic 
chickens being uniquely sensitive (Head et al. 2008).  Research suggests that part of 
the chicken’s particular sensitivity to dioxin-like compounds is attributable to the 
presence of two amino acids, Ile324 and Ser380, at key points in the ligand binding 
domain of the chicken’s AhR (Karchner et al. 2006).  Other species whose AhR genes 
were sequenced had a Val/Ala genotype and were the least sensitive, whereas those 
with an Ile/Ala genotype had intermediate sensitivity (Head et al. 2008).  Of course, 
variability in avian sensitivity to PCBs is also affected by other factors, as suggested 
by the observation that American kestrels are more sensitive to PCB 77 than herring 
gulls even though their AhR genes are identical at the amino acid level (ibid.). 

MAMMALS 

PCBs can affect growth, survival, reproduction, and metabolism of mammals (Eisler 
2000).  Mink (Mustela vison) are among the most sensitive mammals to the effects of 
PCBs (Eisler 2000).  Laboratory studies have shown that these effects include, but are 
not limited to, a variety of reproductive impairments such as reduced whelping, 
reduced kit growth and survival, as well as causing jaw lesions (e.g., Hornshaw et al. 
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1983, Restum et al. 1998, Bursian et al. 2006).  PCBs also may be estrogenic in 
mammals, although the evidence is not conclusive (Eisler 2000).  Otters are also 
sensitive to PCBs (Smit et al. 1996). 

Studies have also suggested that coplanar PCBs alter thyroid hormones and vitamin A 
status in wildlife, decreasing circulating levels of these compounds (Rolland 2000).  
Vitamin A (retinoids) and thyroid hormones play critical roles in mammal 
development and throughout life (ibid.). 

AMPHIBIANS AND REPTILES 

The reproduction and survival of amphibians and reptiles can be adversely affected by 
PCBs at environmentally relevant concentrations.  Wood frogs (Rana sylvatica) from 
vernal pools with higher levels of PCB contamination displayed skewed sex ratios and 
higher rates of abnormalities in metamorph specimens (FEL 2002b). Furthermore, 
adult female leopard frogs (Rana pipiens) collected from PCB-contaminated sites near 
the Housatonic River, Massachusetts, were not as reproductively fit as external 
reference specimens: only traces of mature oocytes were identified in these animals, 
and the proportion of mature oocytes was significantly negatively correlated with 
ovary tissue total PCB concentrations (FEL 2002a).  

Snapping turtles are also affected by PCB exposure.  For instance, Hudson River  
(NY) females pass on PCBs to their eggs, with the juveniles suffering from high rates 
of mortality eight or more months after hatching (Eisenreich et al. 2009). 

EFFECTS IN THE PRESENCE OF OTHER CONTAMINANTS 

With respect to dioxin-like toxicity, PCBs are generally considered to act in an 
additive fashion with dioxins/furans and other contaminants that act through the Ah 
receptor, and a “toxic equivalency” (TEQ) method has been established to quantify 
this relationship (e.g., Van Den Berg et al. 2005).   Because PCBs also act through 
mechanisms that are independent of the Ah-receptor, however, the accuracy of this 
approach may be limited (ATSDR 2000).  For example, mixtures of planar PCBs and 
dioxins produced synergism of AHH activity in fish liver at low doses but antagonistic 
effects at high doses, potentially due to the contributions of nonplanar compounds 
(Janz at Metcalfe 1991b as cited in Eisler 2000). 

DATA GAPS 

Relatively little information is available about potential impacts of PCBs to plants.  
Among animals, species differ in their sensitivities to PCBs, and while this seems to 
be at least partly attributable to the Ah receptor genotype, additional unidentified 
factors also likely influence this parameter.  The degree to which PCBs affect benthic 
invertebrates under field conditions is unclear. 

The most dramatic effects of PCBs on fish under field conditions are those associated 
with lake trout in the Great Lakes.  These appear to have attenuated over time with 
reductions in concentrations of PCBs and other contaminants that act through the Ah 
receptor; whether more subtle effects persist in these or other populations of wild fish, 
affecting their fitness, and whether these effects are attributable to PCBs as distinct 
from other contaminants present at sites, is not always clear. 
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Among mammals, with the exception of mink, relatively little information is available 
about the sensitivity to PCBs of most species likely to be present in the Hanford area. 

Finally, non-dioxin like effects of PCBs are less well understood than dioxin-like 
effects, and the mechanisms through which these effects occur are also not clearly 
established.  In part because of these factors, the use of TEQs to characterize dioxin-
like toxicity has limitations. 
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PLUTONIUM (Pu) 
ECOTOXICOLOGICAL PROFILE 

 
 

Plutonium (Pu) is one of the hazardous substances (as defined by Sections 101(14) 
and 101(33) of CERCLA and listed in 40 CFR §302.4) to which natural resources 
have been exposed as a result of operations and cleanup efforts over the past 60 years 
at the U.S. Department of Energy (DOE) Hanford Site in the State of Washington.  
Plutonium is primarily a man-made radioactive element, which consists of 20 isotopes 
(Pu-228 to Pu-277), the most important of which from an environmental toxicological 
perspective are Pu-238, Pu-239, Pu-240, and Pu-241.  The primary radiological 
properties of the most common isotopes of plutonium are shown in Exhibit 1. 

 

EXHIBIT 1 PLUTONIUM ISOTOPES AND HALF-LIVES (ATSDR 2008)*  

RADIOISOTOPE AND 

CAS NUMBER 

DECAY 

MODE(S)/ENERGY 

(MEV) 

RADIOACTIVE 

HALF LIFE 

(YEARS)** 

INITIAL DECAY 

PRODUCT(S) 

SPECIFIC 

ACTIVITY 

(CI/G) 

Pu-238 
13981-16-3 

Alpha/5.559 
Spontaneous 
fission 

88 
4.75x1010  

U-234 17 

Pu-239 
15117-48-3 

Alpha/5.244 
Spontaneous 
fission 

21,110 
8x1015 

U-235 0.063 

Pu-240 
14119-33-6 

Alpha/5.255 
Spontaneous 
fission 

6,560 
1.14x1011 

U-236 0.23 

Pu-241 
14119-32-5 

Beta/0.02 (99+%) 
alpha/5.138 
(0.002%) 

14.3 
Am-241 
U-237 

100 

Notes: 
* Originally from Baum et al. 2002, ChemIDplus 2009, Clark et al 2006; Lide 2008 
* Two half lives are provided because each isotope has two modes of decay, alpha decay and spontaneous 

fission, each with its own half life.  Note that spontaneous fission is a very rare event relative to alpha 
decay. 

 

As ATSDR (2008) states: 

“Plutonium is primarily a human-made radioactive element of the actinide series and 
was the first human-made element to be synthesized in weighable amounts. Plutonium 
was first synthesized by the bombardment of uranium with deuterons (2H) by Seaborg 
and co-workers in 1940. Although 20 isotopes of plutonium (228-247Pu) have been 
identified, the alpha-emitting 238Pu and 239Pu isotopes are the ones most commonly 
encountered and widely studied for potential adverse health effects. The main sources 
of plutonium in the environment are releases from research facilities, nuclear weapons 
testing, waste disposal, nuclear weapons production facilities, and accidents. 
Atmospheric testing of nuclear weapons, which ended in 1980, is the source of most 

I I .   SOURCES

I .  INTRODUCTION
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of the plutonium in the environment worldwide, which released approximately 10,000 
kilograms of plutonium. Plutonium released to the atmosphere reaches the earth's 
surface through wet and dry deposition to the soil and surface water. Once in these 
media, soluble plutonium can sorb to soil and sediment particles or bioaccumulate in 
terrestrial and aquatic food chains.” 

In addition, small quantities of plutonium are ubiquitous in the environment from 
global fallout from the reentry and burn up of satellites that used Pu-238 as a heat 
source in nuclear batteries used to produce electricity in devices, such as unmanned 
spacecraft and interplanetary probes (ATSDR 2008).   

Plutonium also occurs naturally in the environment as a result of the interaction of 
neutrons, primarily from spontaneous fission of uranium, with U-238 (ATSDR 2008).  
Trace amounts of naturally occurring Pu-239 are also found in naturally occurring 
uranium ores, although in such small amounts that extraction is not practical. Small 
amounts of 244Pu also exist in nature from remnants of primordial stellar 
nucleosynthesis and from “natural” reactors such as the Oklo natural reactor in the 
African nation of Gabon, which existed about 2 billion years ago (DOE 2005a as cited 
in ATSDR 2008).     

Taylor (2001) provides a detailed description of the natural processes that are 
responsible for naturally occurring plutonium in the environment, and estimates a 
concentration of about 100 amole/kg of the earth’s crust, where “a” stands for atto, 
which is a prefix meaning 10-18, or about 50 µBq/kg of earth’s crust.   Taylor (2001) 
also estimates that the rate of production of Pu-239 in the earth’s crust through natural 
processes (i.e., interaction of neutrons with U-238 to produce Np-239, which produces 
Pu-239 through beta decay) is about 28 kg of Pu-239 per year.  Taylor (2001) also 
provides estimates of the concentration of the various isotopes of plutonium in the 
earth’s crust from weapons testing, SNAP-9A satellite fallout, and releases from 
nuclear industry, along with the chronic daily inhalation and ingestion rate of 
plutonium by humans in Japan, New York, and Poland at different time periods from 
1962 to 1986. 

Essien (1994) provides a tabulation of the concentration of plutonium in the 
environment primarily from global fallout.  He reports bimonthly average 
concentrations of Pu-239 in rain and snow samples in Fayetteville, Arkansas between 
March 1980 and April 1983 ranging from 2.06 to 18.20 fCi/L.  (Note: “f” refers to 
“femto,” which is 10-15 of a curie.)  Table 6-6 of Eisenbud and Gesell (1997) report the 
range of U-238 in different types of soil and rock, where the reported values range 
from 7 to 60 Bq/kg (or 0.2 to 1.6 pCi/g, where “p” stands for pico or 10-12). 

Man-made sources of plutonium are also present in the environment at many sites 
throughout the United States that were involved in weapons production.  Hanford 
served as a plutonium production facility starting in 1945.  Relatively large quantities 
of plutonium and other transuranic elements (relative to the ubiquitous levels in the 
environment from natural and other anthropogenic sources) were discharged to the 
subsurface, primarily in the 200 Area (the Hanford Central Plateau) associated 
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primarily with activities at the Z-Plant (Plutonium Finishing Plant) complex and 
unlined ditches and ponds, high level waste tanks, and landfills.  In the past, 
plutonium and americium (Am) migrated deep into the subsurface at certain locations 
at Hanford, although plutonium and other transuranics are not currently being detected 
in significant concentrations in any associated groundwaters (Felmy et al. 2010).   

Plutonium-238, plutonium-239/240, plutonium-241, and other isotopes were released 
into the air from the 100, 200, 300, 400, and 600 Areas of the Hanford Site.  The Z 
plant (in the 200 West Area) also discharged plutonium in its gaseous effluents 
(ORAUT-TKBS-0006-4, 2010), which resulted in plutonium deposited in soil on and 
in the vicinity of the Hanford Reservation.   

The annual Hanford Site Environmental Reports provide information on the quantities 
of plutonium released to the Columbia River each year.104  For example, for calendar 
year 2009, Poston et al. (2010) provides information regarding waterborne releases of 
plutonium isotopes and measurements taken in various aquatic environmental media.  
Poston et al. (2010) estimate that approximately 3.6e-6 curies (Ci) of Pu-238 and 
3.0e-5 Ci of Pu-239/240 were contained in liquid effluent discharged in the 100 Areas 
in 2009.  Generally, this effluent consists of secondary cooling water discharged from 
the 100-K Area to the Columbia River via the NPDES-permitted 1908-K Outfall. 

 

As a preface to this section, it is appropriate to point out that the subject of 
environmental chemistry is vast, and can include both the physical and chemical 
behavior of plutonium in the environment and its transport through aquatic and 
terrestrial ecosystems.  Many compendia have been published that address this broad 
subject.  Till and Meyer (1983) is one of the earliest compilations and descriptions of 
models and parameters addressing the environmental behavior of radionuclides, 
including plutonium.  A recent addition to the literature on this subject is IAEA 
(2010).  In addition, the U.S. Department of Energy Richland Operations Office 
(DOE-RL) periodically updates the System Assessment Capability (SAC), which is an 
environmental assessment tool that can be used to assist in the analysis of the 
movement of contaminants from waste sites at the Hanford Site into and through the 
vadose zone, groundwater, atmosphere, and Columbia River.  These reports can serve 
as a convenient starting point for compiling generic and site-specific models and 
modeling parameters for assessing the behavior of plutonium in the environment at 
Hanford.  

Plutonium can exist in various oxidation states, including valence III, IV, V, VI, and 
VII (although, as discussed below, once exposed to the environment, plutonium 
oxidizes rapidly).  As indicated in Exhibit 1, certain plutonium isotopes have long 
half-lives and will not rapidly decay.  In addition, as discussed in greater detail below, 
plutonium generally binds strongly to soil and sediment, but there are physical, 

                                                 
104 The quantity of plutonium “released” to the Columbia River is based on concentrations of plutonium in liquid 

effluents.  The extent to which plutonium might be entering the Columbia River from groundwater discharges is a 

subject of active research and concern. 

I I I .   ENVIRONMENTAL

CHEMISTRY
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chemical, and biological processes that can increase its mobility in soil.  The 
conventional wisdom is that natural attenuation of plutonium is generally slow, but 
there are exceptions (see Smith and Amonette 2006). 

FATE AND TRANSPORT 

Once released to the environment, plutonium reacts readily with oxygen to form 
plutonium oxide, which is highly insoluble, binds strongly to soil and sediment, and 
generally does not migrate rapidly in the environment.  However, as discussed in 
ATSDR (2008), the chemistry of plutonium is complex, and its mobility in the 
environment will depend on its oxidation state, which is affected by soil and water 
chemistry and microbial action.  Its mobility also depends on the presence of 
complexing agents, such as chelating agents, colloids, and organic material.  
However, in general, plutonium is not very mobile in soil and sediment.  Smith and 
Amonette (2006) describe experience at Idaho National Laboratories and at the 
Nevada Test Site where plutonium moved in the vadose zone much more quickly than 
anticipated.  They also cite studies at Hanford where many radionuclides moved 
relatively quickly through the 90 meter thick unsaturated zone below the Hanford 
waste tanks.  The reasons cited for this unexpected behavior include (1) adsorption of 
plutonium onto colloids105 that remain suspended in soil pore water and move at the 
rate that the water moves through the vadose zone (as opposed to binding to the soil in 
the vadose zone), (2) pH and oxidative state affect the binding capability of plutonium 
to soil, (3) the presence of organic and inorganic complexing agents, including 
microbial activity and dissolved carbonates, and (4) chelating agents, such as EDTA. 

The fate of radionuclides, including plutonium in soils and in the subsurface, is 
understood in a general sense, and models are available to predict the behavior of 
plutonium in the environment.  Fundamental to the movement of radionuclides, 
including plutonium, in soil and the subsurface are the partition coefficients, or Kd 
values.  Partition coefficients describe the strength of plutonium’s binding to soil and 
sediments. 

Sheppard and Thibault (1990) compiled and reviewed the literature on the partition 
coefficients of numerous elements, including plutonium, where the partition 
coefficient is expressed as follows: 

Kd = Cs/Cl 

where: 

Kd = the partition coefficient of a given element in soil,  

Cs = the average concentration of a given element in soil in contact with the water 
for sufficient time to achieve equilibrium, and 

Cl = the average concentration of the element in water. 

                                                 
105 Zhao (1997) presents a detailed description of actinide colloid chemistry. 
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Depending on the characteristics of the soil, Sheppard and Thibault (1990) reported 
Kd values for plutonium ranging from 11 to 300,000, with central estimates of 550 for 
sand, 1,200 for loam, 5,100 for clay, and 1,900 for organic soils.  Included in their 
reported values of Kd, are values by Baes and Sharp (1983) of a best estimate of 1,800 
and range of 11 to 300,000 for agricultural soils and by Coughtrey (1985) of a best 
estimate of 5,000 and a range of 18 to 10,000.  The implications of these 
investigations are that, although the Kd values for plutonium at a site can be highly 
variable, the central estimates are generally quite high, and leaching and migration of 
plutonium out of soil and sediment is expected to be extremely slow.  The U.S. 
Department of Energy (DOE) Biota Dose Assessment Committee (BDAC) database 
contains 15 Kd entries for Pu for sands, clays, and loams that range from 10 to 330,000 
for clays and 18 to 16,000 for sands. 

Notwithstanding these general characteristics of plutonium, Felmy et al. (2010) 
reports that the chemical form of transuranics, including plutonium, in the deep 
subsurface sediments and the past mechanism of vertical migration at the Hanford 
reservation remain largely unknown.  Initial studies performed as part of research 
performed by Felmy et al. (2010) indicate that the chemical form of Pu can vary from 
disposal site to disposal site, depending upon the waste type, and the chemical form 
can also differ between surface sediments and deep subsurface sediments at the same 
site.  The implications of these investigations are that there is uncertainty regarding 
the chemical forms of plutonium in the subsurface in the vicinity of Hanford and also 
uncertainty in its mobility. 

Smith and Amonette (2006) summarize the literature describing the limitations of Kd 

values, explaining that any measured Kd  reflects only the very specific conditions 
under which those measurements were made.  It is for this reason that the reported 
range of Kd values is so large. 

A review of transuranic contamination, including plutonium, in sediment and 
groundwater at Hanford is provided by Cantrell (2009).  The review summarizes the 
types, quantities, and sources of liquid waste containing plutonium and other 
transuranics that was disposed of at various locations at the Hanford site.  They 
emphasize that, notwithstanding the large quantities of plutonium that have been 
disposed of and entered the near surface vadose zone, only miniscule amounts have 
entered the groundwater.  Cantrell (2009) explains that the reasons for the slow 
movement of plutonium in the vadose zone at Hanford are the typical oxidizing and 
neutral to slightly alkaline pH conditions in the vadose zone.   However, he also 
explains that transuranics disposed of with acidic waste moved much more quickly in 
the vadose zone (e.g., 36 meters below ground surface).   

These investigations reveal that the chemistry of plutonium in the subsurface at 
Hanford is complex, and it is difficult to draw simple conclusions regarding the rate at 
which plutonium may be moving through the vadose zone at different location at the 
site and at different time periods.   
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BIOACCUMULATION POTENTIAL 

ATSDR (2008) reports “Plutonium has been shown to bioconcentrate in aquatic 
organisms at the lower end of the food chain. However, data do not indicate that 
plutonium is bioconcentrated in plants, higher aquatic organisms, or animals. In 
addition, there is no indication that plutonium is biomagnified in terrestrial or aquatic 
food chains.”  Hinton and Pinder (2000) studied Pu in the environment in the vicinity 
of the Savannah River Plant.  These authors found that: (1) regardless of the crop type, 
plutonium contamination of plants was dominated by retention of plutonium bearing 
particles on plant surfaces from direct airborne deposition and resuspension, rather 
than root uptake, and, as such, it is the surface characteristics of the plant that 
determined the degree of contamination.  Furthermore, over 99% of the plutonium 
inventory in the aquatic ecosystem was in the sediment.  Hinton and Pinder (2000) 
also generally describe the factors that affected the cycling of plutonium in aquatic 
ecosystems. 

Aquat ic  Food Webs 

Notwithstanding the relatively high Kds reported for plutonium and the relatively low 
bioaccumulation factors for plutonium that have generally been observed in higher 
organisms, even small amounts of plutonium absorbed by higher organisms following 
intake by ingestion are of concern.  In addition plutonium adsorbed to the cell 
membrane of microorganisms, the surface of fish eggs, or the root hairs of higher 
plants are also of potential concern.  As discussed below, some studies have observed 
high concentrations of plutonium in aquatic organisms relative to the concentration of 
plutonium in the water in which they reside.  Hence, it is difficult to make broad 
generalizations regarding the transport and re-concentration of plutonium in the 
aquatic environment.   

A convenient method for relating the concentration of a given radionuclide in water to 
that in aquatic organisms is the use of empirically determined bioaccumulation factors 
(BFs).  The radioecological literature is filled with estimates of BFs for plutonium in 
fish and other aquatic organisms, expressed as follows: 

BF = Cbiota/Cwater   

where:  

BF is the bioaccumulation factor 

Cwater is the measured or estimated average concentration of a given radionuclide 
in water, and 

Cbiota is the measured or estimated average concentration of a given radionuclide 
in aquatic organisms living in the water and achieving a quasi-steady state 
equilibrium with the radionuclide in the water. 

BFs are useful because actual measurements of the concentration of a given 
radionuclide in specific aquatic organisms at a site might be lacking.  Without such 
information, it is difficult to estimate the potential ecological or public health damage 
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due to the presence of the radionuclide in the environment.  One method that can be 
used to estimate these concentrations in aquatic biota is by multiplying the observed 
or estimated concentration of a given radionuclide in water by an appropriate BF for 
the aquatic biota of concern. 

NCRP (1996) recommends a default BF for plutonium for freshwater fish of 30.  
However, caution must be used when selecting BFs because many site-specific factors 
affect the BF, including the chemical form of the plutonium, water chemistry, the 
composition of the food chain, the role of sediment in contributing to or limiting the 
uptake of plutonium by the organism, and uncertainty regarding the degree to which 
plutonium concentrations have reached equilibrium in organisms and the 
environment.  For example, Cummins (1994) summarizes plutonium BFs for fresh 
water organisms as observed at the Savannah River Site (SRS) and as reported in the 
literature as ranging from 0.4 to 840,000.  The BF for freshwater fish muscle ranged 
from 0.4 to 5600, the range for macroinvertebrate larvae ranged from 587 to 840,000, 
and the range for macrophytes ranged from 6,600 to 100,000. 

Emery and Klopfer (1974) present a Hanford-specific study of the ecological behavior 
of plutonium and americium in a freshwater system at Hanford.  They studied a 
shallow 14 acre pond that received waste waters from the waste trenches that were 
used for the disposal of waste water containing plutonium and americium. The pond 
contained macrophytes, algae, benthic invertebrates, and goldfish.  The report 
explains that the majority of the plutonium and americium was in the sediment (390 
pCi/g dry weight of Pu in the sediment and 0.01 pCi/L of Pu in the water).   The report 
goes on to describes the levels of Pu and Am found in the various organisms, 
providing some site-specific information regarding the behavior of Pu in one aquatic 
ecosystem at the site.   

Terrestr ia l  Food Webs 

Fundamental to understanding the movement of radionuclides from soil to biota in 
terrestrial ecosystems are the environmental transfer coefficients, including soil-to-
plant transfer factors and plant-to-animal transfer factors.  These transfer factors are 
used to predict the concentrations of radionuclides in plants given the radionuclide 
concentrations in soil, and the concentrations of radionuclides in animals given the 
concentrations of radionuclides in the diet of the animals of concern.  (Note that 
transfer factors are based on an assumption of equilibrium concentration in soil, 
plants, and animals.) 

For plants, these transfer factors are also referred to as concentration ratios (CRs) and 
can be expressed as the concentration of a given radionuclide in a plant (dry or wet 
weight) per unit concentration of a given radionuclide in soil (dry weight).  Care must 
be used when interpreting CRs reported in the literature since some CRs include only 
the radionuclides that have been absorbed into the organism, while other CRs also 
include radionuclide contaminants that have adsorbed onto the surface of the 
organisms.  This distinction is important because, whether one is concerned with 
chemical or radiological toxicity, the potential for injury is generally greater if the 
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plutonium is absorbed within the cell, where it can directly interfere with the cell’s 
biochemistry.  As shown below, the differences between CRs for plutonium that do 
and do not include surface contamination are large because plutonium is generally not 
very biologically mobile (i.e., it does not readily cross biological membranes). 

ANRCP (1998) presents a literature review of chromium, uranium, and plutonium in 
plant systems.  Some of the key points made in that review are: (1) up to 1000-fold 
increases in tumbleweed uptake of plutonium in the presence of diethylenetriamine-
pentaacetate added to soil,106 (2) soil-to-plant transfer factors have an enormous range 
(from 10-9 to 10-3), (3) the Pu concentration in roots exceeded those in shoots by 
factors of 3 to 8, and (4) direct deposition by dust is an important mechanism by 
which plants can be contaminated by plutonium. 

A large body of literature has been compiled on the transfer factors for many 
elements.  For example, Sheppard and Evenden (1997) state that over 7,000 CRs have 
been compiled for 22 elements.  Since the publication of this article, the CR database 
has expanded considerably.  More recent compendia on environmental transfer factors 
are provided in IAEA (1994), IAEA (2010), and numerous articles in the Journal of 
Health Physics and many other publications dealing with ecology and radioecology.    

Exhibit 2 shows data from Peterson (1983), which provides a number of dry weight 
soil-to-plant CRs for Pu-239.  Of note, these values represent a compendium 
published in 1983.  The numbers of reported values of CRs have increased 
substantially since then.   

Most of the published CR values for plutonium are for pasture and food crops, and the 
dry weight CRs are consistently a small fraction of 1.0 (e.g., see the review by Napier, 
et al. 2007, where the reported dry weight CR ratios for all plants ranged from 
0.00000048 to 0.39).  Complicating the interpretation of CR ratios for plants is the 
contribution to plant contamination by raindrop splash, where soil particles with 
relatively high concentrations of plutonium are splashed onto the surface of plants 
(Dreicer 1983).   

Some information is available on plutonium concentration ratios for local Hanford 
species.  Price (1972) found only “slight” uptake of plutonium by tumbleweed and 
cheatgrass (concentration ratios of 46x10-6 and 17x10-6, respectively). Similarly, Price 
(1973) found plant/soil concentration ratios for tumbleweed and cheatgrass to be 
between 14x10-6 and 310x10-6, depending on which acid was also added to the soil. 

 

                                                 
106 Ballou, et al. (1996) reports that many chelating agents, including EDTA, were found in the waste tanks at Hanford. 
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EXHIBIT 2 PLUTONIUM CONCENTRATION RATIOS (CRS)  IN PLANTS (FROM PETERSON 1983) 

TYPE OF PLANT 

NUMBER OF 

MEASUREMENTS PU-239 DRY WEIGHT CR* 

Forage: Legumes: alfalfa, clover, 
sorghum 

24 
 

2.3e-4 
 

Forage: Legumes: alfalfa, clover, 
sorghum (includes external 
contamination)  

6 0.066 

Forage: Grasses 35 9.2e-5 
Forage: Grasses (includes external 
contamination) 

9 0.014 

Grains (kernels): wheat, oat, barley 20 1.5e-6 
Grains (kernels): wheat, oat, barley 
(includes external contamination) 

8 0.018 

Grains: corn, rice (dry) (includes surface 
contamination) 

4 0.014 

Leafy: cabbage, lettuce, spinach 3 1.75e-4 
Leafy: cabbage, lettuce, spinach 
(includes surface contamination) 

1 1e-3 

Root: radish, carrot, turnip, beet 5 3.7e-4 
Root: radish, carrot, turnip, beet 
(includes surface contamination) 

1 4.6e-3 

Root: potato, sweet potato 1 1.4e-3 
Root: potato, sweet potato (includes 
surface contamination) 

5 1e-3 

Legumes: bean, pea, soybean 19 8.1e-6 
Legumes: bean, pea, soybean (includes 
surface contamination) 

5 1.0e-3 

Fruits: tomatoes, cucumbers, apples etc. 2 1.0e-4 
*  pCi/kg dry weight plant of the edible part of the plant per pCi/kg dry weight soil.  The 

values represent the 84th percentile confidence level on the mean. 

 

Sheppard and Evenden (1997)  investigated the uncertainty and variability of soil-to-
plant transfer factors and found that, in general, for a given element, the 95th percentile 
confidence interval for transfer factors encompasses a range of 1,300-fold.  In 
addition, they report that, for a given crop of interest at a given site for a given 
radionuclide, the uncertainty/variability is much smaller; i.e., the 95% confidence 
interval is about a factor of 5.  Peterson (1983) explains that a significant portion of 
the variability in the transfer factors is due to the variability in Kd, i.e., if the Kd is 
high, the amount of the radionuclide dissolved in water and available for root uptake 
is small, as is often (but not always) the case for plutonium.  Peterson (1983) also 
reports that, if chelating agents are present in the soil, the transfer factors can increase 
dramatically (i.e., up to a factor of over 800 has been observed).  The transfer factor 
also depends on the depth of the contamination and the root depth.  If the 
contamination is not located in the root zone, uptake is minimized. 
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Published plutonium transfer factors for animals are quite limited and emphasize beef, 
since the primary concern in the literature is to develop methods to assess impacts on 
humans.  These transfer factors are expressed in units of radionuclide concentration in 
beef per unit intake of the radionuclide ingested by the animal (i.e., pCi/kg of beef per 
pCi/day ingested, which reduces to units of days/kg).  For beef, Ng et al. (1979) 
reports a value of 1e-6 d/kg for plutonium.  Till and Moore (1988) report a value of 
1.4e-5 d/kg.  DOE (2002) and (2004) provide methods to predict uptake of 
radionuclides by animals other than beef cows.  IAEA (1994 and 2010) also provide 
transfer factors for many radionuclides and elements, including plutonium.   

The most important point of this discussion is that there is considerable variability and 
uncertainly in the partition and transfer factors of plutonium in aquatic and terrestrial 
ecosystems between sites.   

ACCUMULATION WITHIN TISSUES 

The primary concern associated with exposure of higher organisms to plutonium is 
inhalation of airborne particles of plutonium oxide bound to respirable aerosols and 
deposition in the lungs, where it has a generally very slow clearance rate.  In addition, 
as discussed above, as a general rule, plutonium does not readily cross biological 
membranes and enter cells or systemic circulation.  However, when it does, it is 
transported primarily to bone and the liver, where it has a relatively low clearance 
rate; i.e., a half life on the order of years (Taylor 1989). A complete description of the 
biokinetics of plutonium in humans is provided in the publications of the International 
Commission on Radiation Protection, in particular ICRP (1995 and 1996).  

The biochemical mechanism for the transport of plutonium that crosses biological 
membranes is believed to be transport by transferrin (Turner and Taylor 1968), a 
protein in blood plasma and cytoplasm that binds the ferric ion, and transfers it for 
utilization (Stryer 1988).  Welch (1992) summarizes the literature that confirms that 
plutonium binds to transferrin and follows a similar metabolic pathway as iron in 
mammalian systems, and eventually deposited on bone surfaces or incorporated into 
the iron-storage protein ferritin.  

In fish, plutonium is concentrated in bones rather than in muscle tissues (NCRP 1984 
as cited in ATSDR 2008), while in lobsters, plutonium accumulated primarily in the 
gills and exoskeleton (Swift 1992 as cited in ATSDR 2008). In birds and in mammals 
in general, it can be assumed that plutonium also tends to accumulate in bone and the 
liver.   

 
Plutonium in water and sediment is accumulated to varying degrees by aquatic 
organisms through direct adsorption and absorption for the lower trophic levels and 
through ingestion of food, water, and sediment by organisms higher up the food chain. 
As discussed above, in aquatic organisms, accumulation is expressed in terms of 
bioaccumulation factors.  In plants, accumulation is expressed in terms of 
concentration ratios, also referred to as soil-to-plant transfer factors. In mammals, 
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accumulation in muscle is expressed in terms of food-to-meat transfer factors (see also 
IAEA 1994). 

An attempt to build models that can be used to quantitatively analyze the 
accumulation, fate, and effects of a large number of radionuclides, including 
plutonium, in many organisms other than man is provided in DOE (2002) and (2004) 
and in ICRP (2008).  These publications and models extrapolate from a limited 
amount of radioecological data to develop methods to predict the fate and effects of a 
large number of radionuclides, including plutonium, in organisms other than man. 

Plutonium can enter the various trophic levels of a terrestrial food chain by deposition 
onto plant surfaces and, when deposited on or in soil, by adsorption to the surface of 
microorganisms and plant roots.  It can also be ingested or inhaled by higher 
organisms and, to a limited degree, be absorbed by the gastrointestinal (GI) tract, 
where it can have toxic effects on the organisms either through direct exposure of the 
GI tract to radiation emitted by the radionuclide as it passes through the GI tract, or to 
both chemical and radiological systemic effects from plutonium that is absorbed from 
the GI tract and transferred to other organs in the body, primarily to bone and the 
liver. (Till and Meyer 1983 present a comprehensive description of the behavior of 
radionuclides in the environment, including plutonium.).   

 
The chemical ecotoxicity of plutonium is not well-studied because the radiological 
ecotoxicity of plutonium is believed to be limiting for most organisms; chemical 
ecotoxicity, thus, has not been directly investigated.  For example, a literature review 
of the ecotoxicity of plutonium at the Hanford Reservation states that “the toxicity of 
plutonium is related to the radioactive properties of the radionuclide rather than its 
chemical properties” (Driver 1994).  Wilding and Garland (1982), who studied the 
effects of plutonium on soil microorganisms (organisms that are known to be highly 
radio-resistant), concluded that the toxicological effects they observed were due to the 
radiological and not the chemical toxicity of plutonium.  Others have likened 
plutonium’s chemical toxicity to that of other heavy metals such as lead (Craig 2010).   

Of note, care must be taken in interpreting the potential chemical and radiological 
toxicity of the observed concentrations of plutonium in organisms.  For example, as 
noted previously, plutonium often adsorbs to the surface of microorganisms, plants, 
and plant roots rather than being absorbed by them.  In addition, plutonium observed 
in fish could be associated with plutonium in sediment in the organism’s 
gastrointestinal tract.  If not actually assimilated into the plasma, tissue, and cytoplasm 
of an organism, there is some question regarding the extent of damage that the 
observed concentrations can cause.  The potential for chemical toxicological effects as 
a heavy metal is questionable because, if not absorbed, it would not have access to the 
intracellular or systemic biochemical machinery.  As a radionuclide, those isotopes of 
plutonium that emit beta and gamma radiation could cause tissue damage if adsorbed 
to external surfaces of the organisms.  However, because of the low penetrating power 
of alpha particles, radiation damage associated with external alpha exposure would be 
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limited, except for perhaps plant root hairs and fish eggs, which have very thin cell 
walls protecting the cytoplasm from external alpha radiation. 

  

A large body of literature exists on the observed radiological toxicity of the various 
isotopes of plutonium.  The following presents a limited review of the literature on 
this subject, drawing heavily from Driver (1994).  Note that many of these 
experimental outcomes are expressed in terms of effects observed at a given 
concentration of plutonium in water, soil, and sediment.  No attempt is made here to 
convert these exposure settings to the dose (in rads) experienced by the organisms.     

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no known beneficial or protective properties of plutonium.  

MECHANISM(S)  AND LOCI  OF TOXICITY 

Considerable literature exists which characterizes and quantifies the potential damages 
to terrestrial and aquatic organisms due to radionuclides in the environment.  
However, the literature specifically addressing the radioecological impacts of isotopes 
of plutonium in the environment is limited.  Driver (1994) summarizes the literature, 
stating that the damages to aquatic and terrestrial organisms due to plutonium in the 
environment are due to ionization caused by the interaction of highly energetic alpha 
particles with living tissue.107   

In particular, typical alpha particles, which have an energy of about 5 MeV, have a 
range in air of only about 4 cm (see Figure 6.7 of Shleien, et al. 1998).  In addition, a 
layer of tissue of 0.07 mm will stop a 7.5 MeV alpha particle (see Table 3-1 of 
Shleien, et al. 1999).  Hence, unless the plutonium alpha particle is in intimate contact 
with living tissue or is intracellular, it has a limited potential for biological damage.  
However, if it is in close proximity to living tissue and/or inside the cytoplasm or the 
nucleus of a cell, it deposits its 5 MeV alpha energy over a relatively short distance. 
For example, the typical binding energy of a hydrogen electron is about 13.6 eV and 
the typical energy required to ionize a molecule (i.e., eject an electron from its orbit) 
is about 34 to 35 eV (see page 17, Casarett, 1968).  Hence, in a relatively short 
distance, a large number of ion pairs are produced by the passage of a 5 MeV alpha 
particle through tissue.  For example, the total number of ion pairs produced by the 
energy deposited in tissue from a 5 MeV alpha particle is about 140,000 ion pairs (i.e., 
5 MeV/35 eV).  The pattern of energy deposition for a 5 MeV alpha particle is about 
110 keV/micron, which is also referred to as the linear energy transfer (see page 28 of 
Casarett, 1968).  Hence, about 3000 ion pairs are produced per micron.  Given that a 
typical cell is on the order of tens of microns (see page 102 of Curtis and Barnes, 
1989), a single cell might experience 30,000 ion pairs produced by the passage of a 
single 5 MeV alpha particle.  It is this deposited energy in living tissue that results in 
biological damage. 

                                                 
107 Among the various isotopes of plutonium, the primary concern is exposure to alpha particles.  However, the 
isotopes of plutonium emit x-rays and some emit beta particles.  
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FACTORS AFFECTING TOXICITY 

As discussed in more detail in the following sections, a variety of factors can affect 
the ecotoxicological effects of plutonium, including dose, exposure period, species, 
and route of exposure. 

PLANTS 

Literature explicitly addressing the effects of plutonium on plants and plant 
communities is sparse.  However, there is an abundance of publications on the effects 
of radiation in general on plants and plant communities.  A classic series of 
investigations on the effects of external gamma ionizing radiation on plant 
communities was performed at Brookhaven National Laboratory in Upton, New York 
in 1962.  A large (9500 Ci) Cs-137 source was place in a pine forest for 20 hours per 
day, where the external exposures ranged from several thousand R108 per day within a 
few meters of the source to about 1 rad per day at 130 meters from the source.  After 6 
months of exposure, a total kill zone was observed at dose of >350 R/day.  At 10 
R/day there was reduced shoot growth of all tree species but no trees died (Casarett, 
1994).   

Chapter 13 of Casarett (1968) provides an excellent review of the literature on the 
effects of radiation on higher plants and plant communities.  She provides data 
showing the percent germination for pollen germination for a variety of plants, as a 
function dose, where the doses ranged from zero to over 6000 rad.   She also 
summarizes studies on the effects of radiation on the fertilized egg, where effects on 
the developing plant were observed at 500 R, and the radiosensitivity of developing 
embryos varied 100-fold depending on plant species.  

Casarett (1968) also presents the results of investigations performed by Sparrow and 
Woodard (1962) where the effects of chronic exposure to Co-60 were measured.  The 
effects included 10% growth reduction, failure to set seed, 50% growth reduction, 
pollen sterility, floral inhibition or abortion, severe growth inhibition, and measures of 
LD50 and LD100 levels. 

Driver (1994) also does not specifically address experiments on the toxicity of 
plutonium in plants, but does summarize the general literature at that time regarding 
the effects of radiation on terrestrial plants (including the Brookhaven experiments).  
The following is excerpted from Driver (1994):    

Plants are relatively resistant to ionizing radiation. The effects of chronic 
irradiation (6 months) of a late successional oak-pine forest were studied at 
Brookhaven National Laboratory (BNL) in New York. Changes in 
ecosystem structure, diversity, primary production, total respiration, and 
nutrient-inventory occurred. The most resistant species were the ones 
commonly found in disturbed places, i.e., generalists capable of surviving a 
wide range of conditions. Mosses and lichens survived exposures greater 
than 1000 R/d. No higher plants survived greater than 200 R/d. Sedge 

                                                 
108  For simplicity, we can assume that one R or Roentgen is equal to 1 rad (or 100 ergs of energy deposited per gram of 
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(Carex pennsylvanica) survived 150 to 200 Rad. Shrubs (Vaccinium and 
Quercus ilicijolia) survived 40 to150 R/d. Oak trees survived up to 40 R/d, 
whereas pine trees were killed by 16 R/d. No change was noted in the 
number of species in an oak-pine forest up to 2 R/d, but changes in growth 
rates were detected at exposures as low as 1 R/d (Woodwell 1970).  Severe 
defects were observed in Tradescatia at an exposure rate of 40 R/d. 
However, an exposure of 6000 R/d was required to produce the same effect 
in a hybrid gladiolus (Odum 1956). The sensitivity of various plant species 
appears to be related to the cross-sectional area of the nucleus in relation to 
cell size: the larger the nucleus and chromosome volume, the more sensitive 
the plant (Underbrink and Sparrow 1968, 1974).   
 

Driver (1994) goes on to provide a tabulation of the effects of chronic exposure to 
external radiation on a variety of plants.   

One line of research of particular note is investigations of the damage done to pine 
forest in the vicinity of the Chernobyl accident.  From this work, it became clear that 
pine trees are among the most radiosensitive organisms.  “According to reports from 
Soviet scientists at the First International Conference on the Biological and 
Radiological Aspects of the Chernobyl Accident (September 1990), fallout levels in 
the 10 km zone around the plant were as high as 4.81 GBq/m². The so-called "red 
forest" of pine trees killed by heavy radioactive fallout lies immediately behind the 
reactor complex within the 10 km zone. The "red forest" covered some 4 km² and only 
pine trees died while birch and aspen survived. The "red forest" is so named because it 
was reported by evacuees that in the days following the accident the trees glowed red, 
apparently due to heavy radioactive fallout.109 

It is noteworthy that the above general discussion of the effects of radiation on trees 
emphasizes external exposure to gamma emitters and direct deposition of fallout.  
Specific research on the radiotoxic effects on trees of plutonium mixed in soil is 
sparse.  The National Aeronautics and Space Administration (NASA 1995) 
investigated this matter in its Final Environmental Statement (FEIS) for the Cassini 
Mission.  Appendix C of the FEIS investigates the impacts of plutonium dioxide fuel 
(mainly Pu-238), used as a radioisotope thermoelectric generator (RTG), if soil were 
contaminated following an accident.  The appendix explores the chemical behavior of 
PuO2 in soil, water, and sediment.  However, it concluded that, due to the very low 
soil-to-plant uptake factors, there was little potential for uptake by trees.  However, 
the report did not explore the external exposure of the root hairs of trees to Pu-238’s 
alpha emissions. 

AQUATIC INVERTEBRATES AND F ISH 

Literature explicitly addressing the effects of plutonium on aquatic biota is sparse.  
However, there is an abundance of publications on the effects of radiation in general 
on aquatic organisms. Driver (1994) summarizes the literature on the effects of 

                                                 
109 See http://www.wordiq.com/definition/Chernobyl_accident#Impact_on_the_natural_world 
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radiation on aquatic organisms, providing LD50 values fish (90,000 R), 50% survival 
doses for male and female germ cells (305 to 500 R), and reduction on population 
growth rate for white crappie, largemouth bass, and redhorse (25% reduction at 57 R 
external exposure). 

EA (2002) compares the effects of alpha and gamma radiation on the reproductive 
output of a freshwater fish.  In particular, zebrafish were exposed to gamma radiation 
at a dose rate of 30, 100, and 740 mrad/hr.  Only the highest dose rate group 
experinced effects on reproductive output (reduced egg count).  Polonium (Po)-210 
spiked meals were designed to deliver internal dose rates 0.8, 2.5, 18.5, and 74 
mrad/hr (of note, polonium is an alpha-emitter).  After the experiments, it was 
determined that the doses to the testes were actually 0.96, 1.9, 8.4. and 21.4 mrad/hr.   
Among these fish, no adverse effects were observed.  The study also concluded that 
alpha relative biological effectiveness (RBE110) was <7 to <20, and that the use of an 
RBE of 35 for internal exposure to alpha emitters is considered an upper bound for 
egg production as a biological endpoint.  

Till et al. (1976) evaluated the radiological and chemical toxicity of plutonium and 
uranium on the developing embryos of fish.  Eggs were used from carp and fathead 
minnows.  Fertilized eggs were developed in a high specific activity solution of Pu-
238 and low specific activity solution of Pu-244.  The penetration of the plutonium 
was evaluated, and results indicated that it accumulated in the carp embryos and was 
evenly distributed in the egg volume.  Overall, abnormalities was the most sensitive 
endpoint evaluated, followed by larval survival and then egg hatchability. 

Till et al. (1976) also found that although concentration of 7.5 µCi/ml of Pu-238 did 
not entirely inhibit carp eggs from hatching, a significant number of abnormalities 
resulted, and most of the larvae died within several hours of hatching.  At 3.9 pCi/ml 
normal hatching occurred, although there were a significant number of abnormalities 
in comparison to the control group, and the larvae died within 48 hours.  
Concentrations of 1.6 pCi/ml and 0.16 pCi/ml did not affect hatching, and the authors 
did not find a significant effect on larval survival at these levels. 

Till et al. (1976) also found fathead minnow eggs to be more sensitive than carp eggs: 
at a concentration of 1.3 µCi/ml of Pu-238, hatching was severely inhibited. At 0.85 
pCi/ml of Pu-238, many eggs hatched prematurely.  A concentration of 0.26 pCi/ml 
resulted in a significant number of abnormal larvae, and one-third of the eggs hatched 
prematurely.  No obvious effects on the fathead minnow eggs were found at 0.0056 
µCi/ml of Pu-238 (ibid.).  

Till et al. (1976)’s toxicity experiment using Pu-244 found that an alpha activity of 
0.02 µCi/ml (equivalent to a concentration of 20 ppm), prevented both carp and 
fathead minnow eggs from hatching.  A concentration of 9 ppm delayed hatching by 
approximately 6 hours compared to the control group, and by the fourth day, the 

                                                 
110  For a given biological endpoint, such as egg production, different types of radiation, such as gamma, beta, and 
alpha emitters, can have different levels of toxicity for the same dose in rads.  Relative biological effectiveness 
expresses the potential toxicity of a given dose of radiation relative to gamma radiation.  
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fathead minnow eggs had died.  The authors suggest that the absence of hatching in 
the 20 ppm exposure may have been the result of plutonium’s chemical rather than 
radiological toxicity (ibid.).   

Till et al. (1976) evaluated the dosimetry of the concentrations used in the above 
experiments and conclude that the doses from Pu-238 that affected the survival of the 
larvae were estimated to be about 8,200 rads for carp eggs and 1,900 rads for fathead 
minnows. A larger number of abnormal larvae than in the control groups were 
produced by Pu-238 doses of approximately 4,300 rads to carp and 570 rads to fathead 
minnows.  

SOIL MICROORGANISMS AND INVERTEBRATES 

Wilding and Garland (1982) studied the effects of plutonium in soil on 
microorganisms.  Significant effects on bacteria were observed at Pu-239 
concentrations as low as 1 µg/g of soil in the form of plutonium nitrate.  Fungi were 
not affected until exposed to much higher levels (180 µg/g).   

Driver (1994) cites literature that observed that 1780 Ci/m2 of Pu-239/240 in soil 
mixed to a depth of 25-30 cm decreased the population density of earthworms and 
insect larvae by 50% over three years. 

BIRDS 

Driver (1994) states that no information is available on plutonium effects in wild 
birds. A limited search of the published literature did not identify any experimental or 
environmental studies that investigated the potential toxic effects of plutonium on 
birds. 

MAMMALS 

The literature on the effects of plutonium on mammals is extensive, primarily because 
of concern over the toxicity of plutonium on humans.  ARSDR (2008) provides a 
detailed discussion of the toxicity of plutonium on man and a variety of mammals 
organized “first by route of exposure (inhalation, oral, and dermal) and then by health 
effect (death, systemic, immunological, neurological, reproductive, developmental, 
genotoxic, and carcinogenic effects). These data are discussed in terms of three 
exposure periods: acute (14 days or less), intermediate (15–364 days), and chronic 
(365 days or more).  ATSDR (2008) cites numerous studies conducted in nonhuman 
primates, dogs, and rodents. The ATSDR discussions primarily focused on the wealth 
of information that has been developed on the toxicology of plutonium in beagle dogs 
exposed by inhalation.  A detailed account is provided of the levels of exposure where 
adverse effects were observed under acute and chronic exposures.     

With respect to ingestion, ATSDR (2008) states: 

“No studies were located regarding death or lifespan shortening in humans after 
oral exposure to plutonium.  In neonatal rats, given a single 1.2x104 kBq 238Pu 
/kg dose (as plutonium citrate) by gavage, 45% mortality was observed by 2 
weeks post exposure; no deaths were reported following dosing at 3.7 kBq/kg 
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(Fritsch et al. 1987).  No studies were located regarding respiratory, 
cardiovascular, hematological, musculoskeletal, hepatic, renal, or dermal/ocular 
effects in humans or animals after oral exposure to plutonium. 

No studies were located regarding gastrointestinal effects in humans after oral 
exposure to plutonium. Gastrointestinal effects were observed in neonatal rats 
following oral administration of 238Pu/kg (as plutonium citrate) by gavage (Fritsch 
et al. 1987).  Mild hypertrophy of the crypts of the small intestine, which form the 
secretions of the small intestine, was observed in the rats receiving a 5,300 kBq 
238Pu/kg dose. Total disappearance of epithelial cells and crypts combined with 
intestinal hemorrhaging, was observed in rats that received 17,400 kBq 238Pu /kg 
(Fritsch et al. 1987).  Increased neutrophils were noted on the surface epithelium 
and superficial cellular layers of the large intestine in adult rats given 155 μCi 
238PuO2/kg (5,740 kBq/kg) (Sullivan et al. 1960). This effect was noted at 3 (but 
not 6) days post exposure. No studies were located regarding the following health 
effects in humans or animals after oral exposure to plutonium: immunological and 
lymphoreticular effects, neurological effects, reproductive effects, developmental 
effects, or cancer.” 

It is clear that there is a vast body of laboratory-based literature on the effects of 
plutonium on non-human mammals.  However, field studies on the toxicity of 
plutonium on mammals were not identified, nor were any laboratory studies of wild 
species. 

 

In theory, one would expect additive and synergistic effects of exposure to plutonium 
with other environmental toxicants, similar to those observed between other heavy 
metals.  For example, Schubert et al. (1978), Tabata et al. (2003), Traore et al. (1999), 
and Sanchez et al. (2001) address the synergistic cytotoxic and nephrotoxic effects of 
a number of heavy metals.  In addition, there may also be synergistic effects 
associated with the combined action of exposure to plutonium as a chemical and 
radiological toxin.  Concerns over the possible synergistic effects of exposure to 
radiation and chemical toxins have been extensively raised and reported in the 
scientific literature (Burkart et al. 1997, Prasad et al. 2004) but little consensus has 
been achieved in quantifying these effects in humans, except possibly for radon and 
smoking (BEIR IV, 1988) and certainly in the enhancement of the therapeutic effects 
of radiotherapy used to treat cancer (e.g., Lew et al. 2002).  Animal models (rats) have 
been used to demonstrate synergistic effects of plutonium and cigarette smoke 
(Mauderley et al. 2010). UNSCEAR (2000) Annex H explores the combined effects 
of radiation and chemical agents, including heavy metals.  Only a few data are 
available from combined exposures of radiation and metals in human populations and 
no firm evidence of interactions has been observed.  

There is some literature on observed synergistic adverse effects of radiation and toxic 
chemicals on organisms other than humans (e.g., salmon, Mothersill et al. 2007).  
Examples of ionizing radiation and metals producing combined effects in other 
biological systems include synergistic effects on soil microbial activity from cadmium 
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and zinc in combination with gamma radiation (summarized in UNSCEAR 2010).  
Also combined effects of cesium-134/137 and lead found in highly contaminated 
habitats in the Russian Federation increased the mutation rate in the plant Arabidopsis 
thaliana (summarized in UNSCEAR 2010).  However, the authors clearly indicate 
that the relative importance of different damage-inducing mechanisms of metals for 
combined exposures in human and non-human populations remains to be elucidated. 

Overall, there is a clear need for additional research on synergistic effects of multiple 
stressors in radioecotoxicology (e.g., Salbu and Skipperud 2007, Mothersill and 
Seymour 2007). In particular, these authors raise the issue of pesticides, organics, and 
endocrine disruptors and synergistic effects with radioactive materials, particularly 
with long-term exposure to various biological systems. Manti and D’Arco (2010) 
summarize the in vitro and animal-model studies and epidemiological surveys with 
two or more stressors, including radionuclides (DNA-damaging agents). They also 
emphasize that most research focuses only on the short-term effects of combined 
single exposures to animal models, and more work is needed to understand chronic 
exposure to trace contaminants and radioactive elements in the environment, including 
impacts to long-term genome stability. Specific research is lacking on plutonium 
effects with multiple stressors on biological systems, particularly non-human systems. 

 

As described in ATSDR (2008), though the environmental fate and transport of 
plutonium is understood to a degree, it is also acknowledged that, due to its complex 
chemistry, “information on environmental compartments, such as flux rates, and the 
mechanisms and rates of several processes involved in biogeochemical cycling of 
plutonium are still undefined.” Also, “the data available on the uptake of plutonium by 
plants is limited.”  In fact, though there is an abundance of literature citing plutonium 
bioaccumulation factors in aquatic organisms and soil-to-plant transfer factors in 
terrestrial plants, species specific bioaccumulation factors and soil-to-plant transfer 
factors for plutonium at Hanford appear to be limited. 

There is limited literature addressing the chemical toxicity of plutonium because it is 
widely acknowledged (see discussion above) that at all trophic levels the radiotoxicity 
of plutonium is limiting.  In addition, there appears to be a need to better understand 
the degree to which the combined chemical and radiological toxicity of plutonium 
might be additive and/or synergistic.  

There appears to be some literature on the radiotoxicity of plutonium on aquatic and 
terrestrial organisms based on laboratory experiments.  However, field studies of 
effects are limited, as are experimental data on the effects of plutonium on wild 
organisms.   

In addition, there are data gaps related to the sensitivity of plant root hairs and fish 
eggs to external exposure to alpha emitters, such as Pu-239, in soil and sediment, 
respectively.  With respect to fish eggs, this gap is based on calculations of the range 
of alpha particles in tissue as compared to the thickness of the egg chorion, which 
does not appear to be thick enough to protect the egg cytoplasm from the potential 
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harmful effects of external alpha emitters in river sediment (at least for some species 
of fish).  With regard to plant root hairs, they consist of a filament of cells without a 
protective membrane, other than the cell membrane, which is not thick enough to 
protect the cell interior from the potential harmful effects of exposure to external 
sources of alpha emitters in soil.  The literature reviewed here is silent on these 
subjects and appears to be worthy of further consideration. 
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STRONTIUM (SR-90)  
ECOTOXICOLOGICAL PROFILE 

 
 

Strontium-90 (Sr-90) is a radionuclide and is one of the hazardous substances (as 
defined by Sections 101(14) and 101(33) of CERCLA and listed in 40 CFR §302.4) to 
which natural resources have been exposed as a result of operations and cleanup 
efforts over the past 60 years at the U.S. Department of Energy (DOE) Hanford Site in 
the State of Washington.  Strontium is a hard, white-colored metal that in its natural 
form is found in the minerals celestite (SrSO4) and strontianite (SrCO3).  Its 
concentrations in most mineral materials are on the order of a few parts per million 
(ppm) (ATSDR 2004).  Strontium, which is chemically similar to calcium, exists as 
four stable isotopes in nature: Sr-84, Sr-86, Sr-87, and Sr-88, while Sr-90 is an 
artificial isotope formed in nuclear reactors or during the explosion of nuclear 
weapons (ibid.).  

As a radionuclide, Sr-90 has a half-life of about 29 years and decays by beta decay to 
yttrium-90 (Y-90), which is also radioactive.  Yttrium-90 decays by beta decay to 
zirconium-90 (Zr-90), which is stable (ATSDR 2004).  

Exhibit 1 summarizes the radiological properties of Sr-90 and its progeny, Y-90.  Of 
note, Y-90 has a half-life of about 64 hours.  This means that the Y-90 will grow in 
and achieve equilibrium with its parent in about 10 half-lives or 641 hours.  Once 
equilibrated, every disintegration of Sr-90 is associated with a disintegration of Y-90.  
This is important because Y-90 has much more energetic beta particles, and will be 
responsible for most of the beta energy deposited in an organism per disintegration of 
Sr-90, once the Sr-90 is absorbed. 

 
EXHIBIT 1    RADIOLOGICAL PROPERTIES  OF SR-90 AND IT’S PROGENY, Y-90 (EXCERPTED 

FROM SHLEIEN ET AL.  1998) 

ISOTOPE HALF-LIFE PROBABILITY 

OF DECAY 

MAX BETA/ 

ELECTRON 

ENERGY (MEV) 

AVERAGE BETA/ 

ELECTRON 

ENERGY (MEV) 

Sr-90 28.6 yrs 1.0 0.546 0.1958 

Y-90 64.1 hrs 1.0 2.2839 0.9348 

 
This profile draws heavily from a number of authoritative literature summaries on 
Sr-90, including, UNSCEAR (2000 and 2008), ATSDR (2004), the Hazardous 

I .   INTRODUCTION 
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Substance Databank (HSDB),111 and reports addressing the operation and remediation 
of the Hanford facility.112      

 
NATURAL SOURCES 

There are no naturally occurring sources of Sr-90. 

ANTHROPOGENIC SOURCES 

Sr-90 is a fission product and was produced in large quantities during above-ground 
weapons testing in the United States and the former Soviet Union during the 1950s 
and 1960s and also, to a lesser degree, by China, France, and the United Kingdom 
(UNSCEAR 2000).  It was also produced during below-ground weapons testing, but 
the fission products were largely confined below ground at the test sites (primarily the 
Nevada Test Site).  An historic account of all nuclear weapons testing by every nation 
through 1999 is provided in Mikhailov (1999). 

During testing, Sr-90 was produced at a rate of 30 to 40 atoms of Sr-90 for every 
1,000 fissions (or about 0.10 million curies per megaton), and, as a result, fallout from 
above-ground testing resulted in the widespread distribution of Sr-90 in soil, water, 
and food (see Glasstone and Dolan 1977).  The literature summarizing the 
concentrations of Sr-90 in air, soil, water, food items, and in aquatic and terrestrial 
organisms is vast.  Summaries of this literature can be found in Eisenbud and Gesell 
(1997) and UNSCEAR (2000 and 2008).  Eisenbud and Gesell (1997) provides a 
detailed summary of global fallout in the northern and southern hemispheres from 
1963 through 1981, with the atmospheric inventory peaking at about 5 million curies 
in 1963, the time at which above-ground testing ceased.  The atmospheric inventory 
declined to about 10 million curies in 1980, with periodic spikes associated with 
above-ground testing performed by other nations. 

Figure 9-20 in Eisenbud and Gesell (1997) presents isocontour lines of global Sr-90 
deposition as estimated based on soil samples collected from 1965 to 1967 (i.e., 
shortly after the conclusion of above-ground weapons testing by the U.S. and the 
former Soviet Union).  The middle latitudes of the northern hemisphere (including the 
U.S.) experienced a total Sr-90 deposition of about 80 millicuries per square 
kilometer.  UNSCEAR (2000) also presents a fairly detailed description of the 
deposition density (Bq/m2) of Sr-90 in the northern and southern hemispheres for 
different latitudes and as a function of time up to 2000.  Updated information was 
recently published in UNSCEAR (2008). 

The concentration of Sr-90 in the environment from weapons testing is gradually 
declining due to its 29 year half-life, and also due to natural attenuation; i.e., Sr-90 is 
gradually depleted from soil and sediment by downward migration and erosion, and 

                                                 
111The National Institute of Health maintains the Toxnet database that includes the Hazardous Substance Database, 

which can be found at: http://toxnet.nlm.nih.gov/cgi-bin/sis/search/f?./temp/~4x0jSB:1 

 
112 At several places in this profile, direct quotes make reference to additional specific source documents.  These 

references are included in the reference section of this profile so that readers can more easily identify and obtain the 

original source documents cited in the major publications. 

I I .   SOURCES 
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eventually transported into relatively inaccessible or less accessible environmental 
compartments, such as the ocean depths. 

In addition to weapons testing, Sr-90 has been and continues to be released in the 
routine liquid and gaseous effluents of nuclear facilities.  The concentrations of Sr-90 
in effluents of nuclear facilities are monitored as part of routine effluent monitoring 
programs.  In addition, the environmental radiological surveillance programs at these 
facilities also look for Sr-90 in environmental samples collected in the vicinity of 
these facilities.  However, the levels of Sr-90 in the effluent of these facilities are 
relatively low compared to that of Cs-137.  Tichler et al. (1988) show similar results.  
As a result, Sr-90 is not routinely detected in the environment at levels above those 
resulting from fallout.  The reason is that, although Sr-90 is produced at about the 
same rate as Cs-137 in the fission process and its inventory in reactor cores is about 
the same as that for Cs-137, its ability to escape the fuel cladding, enter the coolant, 
and be released from these facilities is much less.  However, like Cs-137, Sr-90 is 
present in large quantities in high-level radioactive waste and spent fuel. 

At Hanford, local sources include activities associated with the reactors at the 100 
Area North and leakage of the high-level and low-level radioactive wastes that have 
been stored onsite in the 200 Area tank farms.  Vermeul et al. (2009) provides 
background information on the origin of Sr-90 contamination in the subsurface 
environment in the 100 Area and describes concerns that it is migrating to the nearby 
Columbia River.  Reactor operation in 100-N Area required the disposal of bleed and 
feed cooling water, waste water from the spent fuel storage basis, and other reactor-
related sources.  This waste water was disposed of in cribs and trenches, and the water 
was allowed to percolate downward through the soil.  This water contained fission and 
activation products, including Sr-90, which has migrated to the Columbia River via 
the groundwater.  The migration and control of this source of contamination is the 
subject of extensive research cited in Vermeul et al. (2009).  A detailed description of 
the efforts being employed to reduce the flux of Sr-90 to the Columbia River by this 
pathway is provided in DOE (2005). 

OTA (1991), DOE (1995a), and DOE (1997) provide a general overview of waste 
tank use and associated leakages from these.  Detailed information is provided in 
Hanson (2000) and its citations such as Gephart and Lundgren (1998).  In summary, 
0.6 to 1.4 million gallons have leaked from the single-shell high-level waste tanks 
containing a total of 1 to 2 million curies, primarily Sr-90 and Cs-137.  As a result of 
the wastewater leakage from the single shell tanks in the 200 areas and also seepage 
from cribs and tanks in the 100 Area, there are ground water plumes containing Sr-90 
beneath the site and migrating toward the Columbia River.   

The behavior of this leakage in the subsurface environment is monitored (e.g., 
monitoring is being performed by the Defense Nuclear Facilities Safety Board, Linzau 
and Quirk 2010) and is also the subject of numerous publications.



 Public Review Draft Hanford Natural Resource Injury Assessment Plan 
 

  B8-4 
 

 
Strontium can exist in two oxidation states:  0 and +2 (written as Sr0 and Sr2+), 
although under normal environmental conditions, the +2 oxidation state dominates 
(ATSDR 2004).  Because strontium and calcium are both alkaline earth metals in 
group IIa of the periodic table of the elements, their chemical properties are similar 
and, as one would expect, their metabolism is similar (see Eisenbud and Gesell 1997).  
The metabolism of Sr-90 has been extensively studied.   As described in NCRP 
(1991):  

“… after radiostrontium is ingested, a fairly substantial part is absorbed from 
the gastrointestinal tract… That which is absorbed is (a) deposited in the bone 
volume; (b) distributed in the exchangeable pool which can be considered to 
be comprised on the plasma, extracellular fluid, soft tissue and bone surfaces; 
or (c) removed from the body by urinary and fecal excretion.”   

Because of the similarity in the chemistries of the two elements, their biokinetics are 
qualitatively similar and the concentrations of Sr-90 in tissues have been reported as a 
Sr/Ca ratio (i.e., pCi of Sr-90 per gram of Ca), referred to as the “sunshine unit” in the 
early years of the weapons resting program (NCRP 1991).   

FATE AND TRANSPORT 

Air  

Strontium released to the atmosphere can be transported and redeposited by either dry 
or wet deposition.  ATSDR (2004) states: “Dry deposition results from gravitational 
settling, impact, and sorption on surfaces (NCRP 1984).  Experimental data on dry 
deposition of strontium, present in the ambient atmosphere, is limited.  Rain, sleet, 
snow, or other forms of moisture can wash airborne particles containing strontium 
from the atmosphere by the process of wet deposition.  Wet deposition depends on 
conditions such as particle solubility, air concentration, rain drop size distribution, and 
rain fall rate (NCRP 1984).  Hirose et al. (1993) examined the mechanism of aerial 
deposition of 90Sr derived from the Chernobyl accident, and found that 96% of 
atmospheric 90Sr returned to earth as wet deposition.” 

Water 

In water, most forms of strontium are dissolved (ATSDR 2004), but as discussed 
below, strontium will tend to bind to suspended and deposited sediment and organic 
detritus.  

I I I .   ENVIRONMENTAL 

CHEMISTRY 
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Soi l  and Sediment 

Strontium “has moderate mobility in soils and sediments, and sorbs moderately to 
metal oxides and clays (Hayes and Traina 1998)” (ATSDR 2004).  Partition 
coefficients (Kd values) are a measure of the strength of Sr-90’s binding to soil and 
sediments, and therefore its potential for movement in soil and the subsurface. 113 

ATSDR (2004) summarizes literature that altogether has reported a wide range of Kd 
values for Sr2+, ranging from 4.7 to 496 L/kg.  At Hanford, Kd values of 15-40 L/kg 
were measured for Sr2+-90 in aquifer sediments near Liquid Waste Disposal Facilities 
(DOE 1996 as cited in ATSDR 2004). 

ATSDR (2004) notes that the range in these Kd values reflects “differences in soil and 
sediment conditions as well as the analytical techniques used (Bunde et al. 1997).”  In 
particular, factors such as soil type, organic matter content, the presence of calcium 
(Ca2+) and magnesium (Mg2+) ions, can affect the tendency of strontium to precipitate 
(e.g., as strontium carbonate or as Sr2+-organic matter complexes) and can affect its 
overall mobility (ATSDR 2004).  It is also important to recognize limitations of Kd 
values, as summarized by Smith and Amonette (2006), who explain that any measured 
Kd reflects only the very specific conditions under which those measurements were 
made.   

In addition to the literature cited in ATSDR (2004), there are many publications on the 
behavior of Sr-90 in terrestrial ecosystems.  For example, Schultz and Riedel (1961) 
describe investigations that showed that, as Sr-90 in soil ages, it becomes less 
available for uptake by plants.  They also cite studies that show availability for uptake 
remains essentially the same with time.  Hence, it is difficult to make general 
statements about the mobility of Sr-90 in terrestrial ecosystems. 

Animals can also play a role in terrestrial transportation of Sr-90: “Subsurface 90Sr can 
be transported from soil to top soil by burrowing animals, and is spread to the 
surrounding environment via animal tissues and fecal deposits.  At the Subsurface 
Disposal Area at the INEL [Idaho National Laboratory], deer mice had the highest 
contamination of all animals from ingestion of 90Sr-contaminated low level nuclear 
waste.  In addition, the biotic intrusion of soils covering the waste site brings water 
infiltration into buried LLW (Arthur and Janke 1986)” (ATSDR 2004). 

BIOACCUMULATION POTENTIAL  

Since strontium is chemically and biochemically similar to calcium, strontium is 
readily taken up by biota and transported up the food chain.  As discussed below, 
higher terrestrial and aquatic organisms (i.e., vertebrates) have a relatively high 
potential to accumulate Sr-90 because strontium is a chemical congener of calcium 
and is bioconcentrated in bone. However, also as discussed below, many plants do not 
                                                 
113 The partition coefficient is expressed as follows: Kd = Cs/Cl  where: 

Kd = the partition coefficient of a given element in soil,  

Cs = the average concentration of a given element in soil in contact with the water for sufficient time to achieve 

equilibrium, and 

Cl = the average concentration of the element in water. 
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have high bioaccumulation factors because of their lesser dependence on calcium as 
an essential nutrient as compared, for example, to vertebrates. 

Table 6-2 of ATSDR (2004) summarizes bioconcentration factors for Sr-90 measured 
at the Savannah River Site.  These range from less than one to 13 for terrestrial plants 
but for aquatic plants range from 2,100 to 9,400.  In other aquatic fish and 
invertebrates, values of approximately 60,000 have been measured.   Overall, “The 
study illustrates that the organisms with the highest uptake are aquatic organisms such 
as fish (large-mouthed bass), macroinvertebrates (insects), macrophytes (white-water 
lilies and bladderwort), and zooplankton.  Because of the similarity of strontium to 
calcium, boney fish had a very high BCF, with a value >50,000 measured in the boney 
tissue (Friday 1996).  In the muscle tissue of boney fish, BCF values for 90Sr ranged 
from high (benthic invertebrate and fish feeders; 610) to very high (piscivores; 3,400).  
Because strontium and calcium are chemically similar, the concentration of calcium in 
water can influence the bioaccumulation of strontium in biota.  Organisms such as fish 
bioaccumulate strontium with an inverse correlation to levels of calcium in water.  
However, this correlation is not universal and does not apply to other organisms such 
as algae and plants (NCRP 1984).” 

For plants, as presented in ATSDR (2004): 

“Strontium is not necessary for growth or reproduction for most plants, but is 
typically absorbed to satisfy the plant’s metabolic requirements for calcium (NCRP 
1984).  Soil to plant concentration ratios for strontium (the ratio of the 
concentration of strontium in wet vegetation to the concentration of strontium in 
dry soil) are 0.017–1.0 (NCRP 1984), and indicate that strontium can be easily 
absorbed into plants from soil.  The uptake of strontium by plants is greatest in 
sandy soils having low clay and organic matter content (Baes et al. 1986).  The 
concentration of nutritive mineral elements in soil such as calcium lower the intake 
of strontium to the aboveground phytomass.  The average reduction of the soil-to-
plant concentration ratios for 90Sr caused by amendment with Ca or K is around 
50–60% (Lembrechts 1993).  Strontium may be deposited on plant surfaces from 
the atmosphere, remain on the plant, be washed off, or be absorbed directly into the 
plant through leaves.  Contamination by direct deposition on foliage surfaces is 
predominantly a short-term mechanism with a weathering half-life of 
approximately 14 days (Lassey 1979).” 

ACCUMULATION WITHIN TISSUES 

Strontium is a metabolic analog of calcium (Eisenbud and Gesell 1997) and therefore 
tends to accumulate in tissues rich in that mineral.  In bony vertebrates, strontium-90, 
whether absorbed from the lung, gastrointestinal tract, or bloodstream (dermal 
exposure), in large part becomes deposited in the bone (Driver 1994).  Any tissue 
where calcium is deposited will have relatively high concentrations of Sr-90 (egg 
shells, milk, exoskeletons, etc.).  In fact, as described in Eisenbud and Gesell (1997), 
it was common practice to express the concentration of Sr-90 in a given sample in 
terms of pCi of Sr-90 per gram of calcium in the sample. In addition, the 
radioecological literature often derived what is referred to as the “observed ratio” 
(OR).  The OR is the concentration of Sr-90 in a given biotic sample relative to the 
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concentration of calcium in that sample (i.e., pCi/g of Sr-90 per gram of calcium) 
divided by that same ratio as measured in the organism’s precursor food item.  An 
example is the OR for plants as compared to soil was reported at about 0.7; for human 
bone to diet, it was reported to be about 0.15; from diet to cow milk is was reported as 
0.15 (Eisenbud and Gesell 1997). The OR is a useful metric because it allows one to 
predict the concentration of Sr-90 in a given organism if there is knowledge of the 
concentration of Sr-90 and calcium in its diet.  

ATSDR (2004) also discusses the transport and accumulation of strontium in plants: 

“Carini et al. (1999) examined the mechanism of translocation in three species of 
fruit-bearing plants exposed to aerial deposition of 85Sr and found that translocation 
of 85Sr is localized to the area of contamination on the plant.  However, uptake of 
strontium through the leaves is minor compared to root uptake.  Once absorbed in 
the plant, strontium translocates to other parts of the plant, such as the leaves or 
fruit.  Translocation of strontium in plants is affected by the particular species and 
stage of organism growth, and the most metabolically active parts (growing) will 
accumulate higher concentrations of strontium (Kodaira et al. 1973). 

Strontium, taken up by plants and translocated to the above-ground plant 
compartments, has been observed for deep-rooted plants, such as chasima 
(Chrysothamnus nauseosus), mulberry vegetation (Morus alba), quaking aspen 
(Populus tremuloides), and red maple (Acer rubrum) growing on top of low-level 
waste burial sites or contaminated soils (Cooper and Rahman 1994; DOE 1995; 
Fresquez et al. [1996]).” 

 

As discussed above, terrestrial plants take up Sr-90 primarily through their roots.  
Higher terrestrial and aquatic organisms accumulate Sr-90 primarily via the ingestion 
of contaminated food (NCRP 1991; Eisenbud and Gesell 1997).   

The following was excerpt from ATSDR (2004) describes the major exposure routes 
of strontium for humans, which includes inhalation and diet.  This general observation 
is also applicable to other terrestrial vertebrates.  For fish, as described above, uptake 
is primarily from its diet.  

“If a person breathes in vapors or dust containing a chemical form of strontium that 
is soluble in water, then the chemical will dissolve in the moist surface inside the 
lungs and strontium will enter the bloodstream relatively quickly.  If the chemical 
form of strontium does not dissolve in water easily, then particles may remain in 
the lung for a time.  When you eat food or drink water that contains strontium, only 
a small portion leaves the intestines and enters the bloodstream.  Studies in animals 
suggest that infants may absorb more strontium from the intestines than adults.  If a 
fluid mixture of a strontium salt is placed on the skin, the strontium will pass 
through the skin very slowly and then enter the bloodstream.  If the skin has 
scratches or cuts, strontium will pass through the skin much more quickly.  Once 
strontium enters the bloodstream, it is distributed throughout the body, where it can 
enter and leave cells quite easily.” 

 

 

IV.  TYPICAL MAJOR  

EXPOSURE ROUTES 
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In theory, biota can be damaged by both the chemical toxicity and radiotoxicity of 
Sr-90.  However, the specific activity of Sr-90 is relatively high and its chemical 
toxicity is relatively low.  For example, with respect to stable strontium, Driver (1994) 
states “strontium toxicity to copepods is low.  The 48-h LC50 of strontium in the 
copepods (Cyclops abyssorum and Eudiaptomus padanus) is 300 mg/L and 180 mg/L 
respectively.  Cladoceran sensitivity to strontium is also moderate (75 mg/L, 48-h 
LC50) (Baudouin and Scoppa 1974).”  ATSDR (2004) explains that, “In acute 
exposure studies in mice, the oral LD50 for strontium nitrate was reported to be 
2,350 mg strontium/kg in males (Llobet et al. 1991a)….  No studies were located 
regarding death in animals following chronic-duration oral administration of stable 
strontium.”  

It is important to recognize that the specific activity of Sr-90 is 139 Ci/gram or 
0.139 Ci per mg.114  Hence, a single mg of Sr-90 is highly radioactive and extremely 
radiotoxic.  As a result, the chemical toxicity of Sr-90 is of little concern relative to its 
radiotoxicity. 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no beneficial or protective properties associated with exposure to Sr-90. 

MECHANISMS OF ACTION 

Radioecological damages to aquatic and terrestrial organisms due to Sr-90 in the 
environment result from ionization caused by the interaction of its beta particles with 
living tissue.  As noted previously, upon each disintegration, Sr-90 and its progeny, Y-
90, emit a beta particle with an average energy of about 0.196 and 0.935 MeV, 
respectively (Shleien et al. 1998).   

In higher organisms, Sr-90 will be metabolized as if it were calcium.  In bony animals, 
therefore, Sr-90 is deposited in large part in bone (ATSDR 2004), and many of its 
effects are associated with that tissue.  However, depending on the organism and its 
diet and ecological niche, exposure to the beta emissions from Sr-90 and its progeny, 
Y-90, can be to any tissue in any stage of its life cycle.  Hence, the mechanism of 
action is very much dependent on a multitude of factors which are highly site- and 
organism-specific. For example, in addition to damage to bone, the mechanism of 
action could also be effects on fish eggs sitting in sediment, damage to fish gills, and 
damage to plant root hairs, to name a few potential mechanisms of action. 

In ternal  Beta Exposures 

Figure 5.8.1 of Shleien et al. (1998) indicates that beta particles of this energy have a 
range in water (which is equivalent to tissue in terms of stopping power) of about 
0.5 cm2/g, which is about 1 cm in tissue.  Given that the typical energy required to 
ionize a molecule (i.e., eject an electron from its orbit) is about 34 to 35 eV (see 
Casarett 1968, page 17), the total number of ion pairs produced by the energy 
deposited in tissue from the typical energy beta particle emitted by Sr-90/Y-90 is 
about 29,000 ion pairs (i.e., ~1 MeV/35 eV). 
                                                 
114 The equation used to derive specific activity is provided on page 3-17 of Schleien et al. (1998). 

V.  RADIOLOGICAL 

ECOTOXICITY 
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The pattern of energy deposition for beta particles is described in Morgan and Turner 
(1973) as follows: 

Mean linear ion density = T/Rt × W 

Where: 

T = average energy of electron liberated 

Rt = range or electrons of energy T 

W = average energy to form an ion pair 

For Sr-90, the equation is 1 MeV × 1,000,000 eV/MeV ÷ 0.5 cm × 35 eV/ion pair =  
5.7 × 104 ion pairs per cm or about 5.7 ion pairs per micron.  Given that a typical cell 
is on the order of tens of microns (see page 102 of Curtis and Barnes 1989), a single 
cell might experience about 50 to 60 ion pairs produced by the passage of a typical 
Sr-90 beta particle.  It is this deposited energy in living tissue that results in biological 
damage. 

External  Beta Exposures 

Sufficiently energetic beta particles can penetrate the dead layer of the skin of 
mammals (nominally 70 microns in humans) and deposit energy in underlying tissues.  
Thus, there is a real potential for exposure to terrestrial organisms from external 
radiation from beta particles emitted by Sr-90, except for organisms that have a thick 
outer layer (such as bark of trees, heavy fur, etc.) that can shield the living tissue 
beneath from the beta emissions.  In theory, aquatic organisms can also experience 
external exposure from beta particles but, due to the limited range of Sr-90 beta 
particles in water (about 1 cm), only Sr-90 in very close proximity to the organisms 
can result in exposure to living tissue.   

FACTORS AFFECTING TOXICITY 

There are numerous environmental factors can enhance or reduce the potential for 
biota to be exposed to Sr-90.  As discussed above, the uptake of radiostrontium can be 
enhanced or reduced by the amount of calcium in the environment or in an organism’s 
diet.  Also, if strontium is tenaciously bound to soil and sediment, it is less likely to be 
available for uptake by biota.   

PLANTS 

No studies were found on the effects of Sr-90 on plants, but there is an abundance of 
literature on the effects of radiation in general on plants and plant communities.  
Although most of these studies address external exposure to gamma radiation, if the 
exposure is expressed in units of dose (i.e., rad and for both internal and external 
exposures), these studies have applicability to internal exposure to Sr-90 (expressed in 
units of rad) because both gamma and beta radiation have a similar linear energy 
transfer.  In other words, whether the exposure is to external gamma or internal beta, 
the effects of comparable exposures, expressed in units of rad, should be similar. 

A classic series of investigations on the effects of external gamma ionizing radiation 
on plant communities was performed at Brookhaven National Laboratory in Upton, 
New York, in 1962.  A large (9,500 Ci) Cs-137 source was placed in a pine forest for 



 Public Review Draft Hanford Natural Resource Injury Assessment Plan 
 

  B8-10 
 

20 hours per day, where the external exposures ranged from several thousand R115 per 
day within a few meters of the source to about 1 rad per day at 130 meters from the 
source.  After 6 months of exposure, a total kill zone was observed at a dose of 
>350 R/day.  At 10 R/day, there was reduced shoot growth of all tree species, but no 
trees died (Casarett 1968). 

Chapter 13 of Casarett (1968) provides an excellent review of the literature on the 
effects of radiation on higher plants and plant communities.  She provides data 
showing the percent germination for pollen for a variety of plants, as a function of 
dose, where the doses ranged from zero to over 6,000 rad.  She also summarizes 
studies on the effects of radiation on the fertilized egg (ovule), where effects on the 
developing plant were observed at 500 R, and the radiosensitivity of developing 
embryos (fertilized ovule) varied 100-fold depending on plant species. 

Casarett (1968) also presents the results of investigations performed by Sparrow and 
Woodwell (1962), where the effects of chronic exposure to Co-60 were measured.  
The effects included 10% growth reduction, failure to set seed, 50% growth reduction, 
pollen sterility, floral inhibition or abortion, severe growth inhibition, and LD50 and 
LD100. 

Driver (1994) summarizes the general literature at that time regarding the effects of 
radiation on terrestrial plants (including the Brookhaven experiments): 

“Plants are relatively resistant to ionizing radiation.  [It should be noted that 
experience following the Chernobyl accident found pine trees to be radiosensitive, 
see below.]  The effects of chronic irradiation (6 months) of a late successional oak-
pine forest were studied at Brookhaven National Laboratory (BNL) in New York.  
Changes in ecosystem structure, diversity, primary production, total respiration, 
and nutrient-inventory occurred.  The most resistant species were the ones 
commonly found in disturbed places, i.e., generalists capable of surviving a wide 
range of conditions.  Mosses and lichens survived exposures greater than 1000 R/d.  
No higher plants survived greater than 200 R/d.  Sedge (Carex pennsylvanica) 
survived 150 to 200 Rad.  Shrubs (Vaccinium and Quercus ilicijolia) survived 40 to 
150 R/d.  Oak trees survived up to 40 R/d, whereas pine trees were killed by 
16 R/d.  No change was noted in the number of species in an oak-pine forest up to 
2 R/d, but changes in growth rates were detected at exposures as low as 1 R/d 
(Woodwell 1970).  Severe defects were observed in Tradescatia at an exposure rate 
of 40 R/d.  However, an exposure of 6000 R/d was required to produce the same 
effect in a hybrid gladiolus (Odum 1956).  The sensitivity of various plant species 
appears to be related to the cross-sectional area of the nucleus in relation to cell 
size: the larger the nucleus and chromosome volume, the more sensitive the plant 
(Underbrink and Sparrow 1968, 1974).”   

Table 2.2 of Driver (1994) provides a tabulation of the effects of chronic exposure to 
external radiation on a variety of plants.  The exposure levels at which no effects were 

                                                 
115  For simplicity, it can be assumed that one R or Roentgen is equal to 1 rad (or 100 ergs of energy deposited per gram 

of tissue). 
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observed ranged from 10 R/day for the lily to 1720 R/day for the wood rush. These 
exposures were performed under controlled experimental conditions. 

Also noteworthy are investigations of the damage done to conifer forests in the 
vicinity of the 1986 Chernobyl accident.  Radiation resulted in the death of many pine 
stands within approximately 5-10 km of the power plant, resulting in the so-called 
“red forest.”  In addition to mortality, adverse effects observed in the forest included 
reproduction anomalies, growth reductions, and morphological damage (ibid.).  The 
absorbed dose was largely due to beta radiation (90%), with some contribution from 
gamma radiation (10%), and four distinct zones of damage were identified, with 
different dose levels associated with different severities and types of injury (see Table 
6.3 in IAEA 2006). 

AQUATIC INVERTEBRATES AND F ISH 

Very little literature was found that specifically addresses the radiotoxicity of Sr-90 on 
aquatic organisms.  There is, however, an abundance of publications on the effects of 
radiation in general on aquatic organisms.  Of note, most of these studies involved 
external exposures to gamma radiation or internal exposure to internal gamma and 
beta radiation.  The internal exposure investigations are probably more applicable to 
this profile, because Sr-90/Y-90 is a pure beta emitter and the vast majority of 
exposure would be internal exposure to beta emissions.  However, most of the 
experimental work addresses uniform whole-body exposure to beta and gamma (both 
internal and external), while the concern with Sr-90 for most higher organisms is the 
localized deposition of beta particle energy in bone.   

For organisms where Sr-90 does not concentrate in calcium rich tissue but is 
distributed more uniformly in soft tissue, the effects would be more like those 
observed for external or internal uniform exposures.  Hence, the literature on the 
effects of radiation exposure in general, when expressed in units of rad, has some 
applicability to internal exposure of biota to Sr-90.  

NCRP (1991) provides an extensive review on the reproductive effects of radiation on 
in fish and invertebrates in natural and experimental settings.  Tables 3.3 to 3.8 of the 
report summarize the extensive literature on this subject.  Data are available on many 
life stages of the mosquito fish, roach, pond snail daphnia, Chinook salmon, coho 
salmon, stickleback, pike, rainbow trout, guppy, and medaka.    This report concludes 
that: 

The discharge of low-level radioactive effluents into the aquatic environment 
has resulted in chronic, low dose rate exposure aquatic organisms.  The fate of 
individual organisms is, generally, not the major concern but rather the 
response and maintenance of endemic populations. 

Experimental studies to date have shown that fertility and fecundity 
(gametogenesis) of the organisms and embryonic development are probably 
the most sensitive components of the radiation response, and it is precisely 
these attributes which are of importance in determining the fate of the 
population. 
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Driver (1994) summarizes the literature on the effects of radiation on aquatic 
organisms, providing LD50 values fish (90,000 R), 50% survival doses for male and 
female germ cells (305 to 500 R), and reduction on population growth rate for white 
crappie, largemouth bass, and redhorse (25% reduction at 57 R external exposure).   

Driver (1994) also references studies on the effects of radiation (not specifically Sr-
90) on crustaceans, snails, and daphnia, where effects of exposure to radiation were 
observed but only at very high dose rates (hundreds to thousands of rad).   Casarett 
(1968) 116 similarly states that “Most invertebrates have been shown to be more 
resistant than vertebrates [to the effects of ionizing radiation].”   

BIRDS 

Driver (1994) provides a review of literature specifically citing studies on the effects 
of Sr-90 on birds at Hanford, as follows: 

“Radiostrontium levels of up to 1700 and 560 pCi/kg ash of the eggshells and inner 
egg contents, respectively, have been found in Canada goose eggs on the Hanford 
Site (Rickard and Sweany 1977).  No impacts on clutch size, hatching success, 
viability of the young, or population parameters have been associated with these 
levels of contamination when compared to uncontaminated goose populations.” 

Although few studies were found on the effects of Sr-90 on birds, some information is 
available on the effects of radiation in general on birds and avian communities, and 
this has some applicability to Sr-90.   

For example, Casarett (1968) cites an LD50 of 800 rad for birds, which is higher than 
that for mammals but lower than that for fish.  Møller and Mousseau (2007a) report 
on a census of the bird populations in the vicinity of Chernobyl and correlated the 
varying levels of “background” radiation with bird abundance.  They found a 
decreasing bird population density with increasing background radiation, where the 
background radiation in the vicinity of Chernobyl varied from 0.04 to 135.89 mR/hr.  
(To place these values into perspective, typical background radiation is about 0.01 
mR/hr.)  Raptor abundance was also reduced in contaminated areas (Møller and 
Mousseau 2009b).  Also of note, Møller and Mousseau (2009a) found that the 
abundance of insects and spiders (prey items for some birds) to be negatively 
correlated to radiation exposure around Chernobyl. 

Reasons for differential interspecific responses to radiation in birds have also been 
explored.  Møller et al. (2010) found species that responded more strongly to the 
impact of the Chernobyl radiation to be those that in the past were more susceptible to 
factors causing mutations in mitochondrial DNA.  Møller and Mousseau (2007b) 
investigated the role of antioxidants (which are used by the body to neutralize free 
radicals and reduce the negative effects of radiation).  The authors identified 
associations between increased use of antioxidants in certain species (e.g., those that 
migrate, have greater dispersal distances, larger relative egg sizes, and carotenoid-

                                                 
116 Although this publication is highly authoritative, it is also quite dated.  There is certainly more information now 

available, especially after the Chernobyl accident.  Hence this table should be used only to obtain a general sense of the 

sensitivity of different types of organisms to the acute effects of radiation. 
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based plumage) and radiation sensitivity as indicated by relative abundance around 
Chernobyl. Galvan et al. (2010) found that highly pigmented birds were more 
adversely affected (i.e., reduced population density) by the radiation in the vicinity of 
Chernobyl than less pigmented birds.  The article hypothesizes that this may be 
because ionizing radiation depletes antioxidants, which are required in greater 
quantities in more highly pigmented birds.  Møller et al. (2011) further explored the 
issue of radiation levels and the abundance of birds and eight other taxa (spiders, 
dragonflies, grasshoppers, bumblebees, butterflies, amphibians, reptiles, and 
mammals) and found statistically significant effects of radiation on all groups, with 
effect sizes being larger in taxa with longer natal dispersal distances and higher 
population densities. 

MAMMALS 

Driver (1994), HSDB, and ATSDR (2004) all provide reviews of large numbers of 
studies on the effects of Sr-90 on mammalian species.  Information specific to wild 
species and to field conditions is, however, extremely limited.  The vast majority of 
studies represent laboratory studies on domestic animals such as dogs, mice, rats, 
mice, swine, and cows.  Exposure routes used in these studies include inhalation (to 
aerosol and particulate-bound forms), dermal exposure, and ingestion through food or 
drinking water. Endpoints evaluated include death, carcinogenic effects, and also 
immunological, neurological, reproductive, and developmental effects. 

Exposure through ingestion and aerosol-based inhalation resulted in the rapid passage 
of Sr-90 through the body and into the skeleton, where the radionuclide becomes 
associated with bone (ATSDR 2004), and many of the observed adverse effects are 
associated with this partitioning within the body and consequent skeletal radiation 
exposure.    In many studies, younger animals were more sensitive to these effects 
than were older animals, and some studies noted age-related differences in 
incorporation of Sr-90 into skeletal tissues, with juveniles having higher skeletal 
activities than adults (ATSDR 2004). 

The only identified study on a non-domestic or laboratory species is described in 
Driver (1994): “Tumorogenicity has also been observed in wild rodents.  A muskrat 
from White Oak Lake that had more than 1 Jlc of strontium per gram of bone, a total 
body burden of nearly 100~Ci (Krumholz and Rust 1954), displayed advanced 
osteogenic sarcoma with metastasized cells to both kidneys and lungs.” 

 

ATSDR (2004) does not cite interactions of Sr-90 with other chemicals that might 
influence the toxicity of Sr-90.  However, concerns over the possible synergistic 
effects of exposure to radiation and chemical toxins have been extensively raised and 
reported in the scientific literature (Burkart et al. 1997; Prasad et al. 2004), but little 
consensus has been achieved in quantifying these effects in humans, except possibly 
for radon and smoking (BEIR IV 1988) and certainly in the enhancement of the 
therapeutic effects of radiotherapy used to treat cancer (e.g., Lew et al. 2002).  
UNSCEAR (2000) Annex H explores the combined effects of radiation and chemical 
agents, including heavy metals.  Only a few data are available from combined 

VI.  EFFECTS IN 

THE PRESENCE 

OF OTHER 

CONTAMINANTS 
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exposures of radiation and metals in human populations and no firm evidence of 
interactions has been observed. 

As summarized in ATSDR (2004), there is some literature on observed synergistic 
adverse effects of radiation and toxic chemicals on organisms other than humans [e.g., 
salmon (Mothersill et al. 2007)].  Examples of ionizing radiation and metals 
producing combined effects in other biological systems include synergistic effects on 
soil microbial activity from cadmium and zinc in combination with gamma radiation 
(summarized in UNSCEAR 2000).   Furthermore, although not specific to Sr-90, 
combined effects of cesium-134/137 (another beta emitter) and lead found in highly 
contaminated habitats in the Russian Federation increased the mutation rate in the 
plant Arabidopsis thaliana (summarized in UNSCEAR 2000).  However, the authors 
clearly indicate that the relative importance of different damage-inducing mechanisms 
of metals for combined exposures in human and non-human populations remains to be 
elucidated. 

ATSDR (2004) states that, overall, there is a clear need for additional research on 
synergistic effects of multiple stressors in radioecotoxicology (e.g., Salbu and 
Skipperud 2007; Mothersill and Seymour 2007).  In particular, these authors raise the 
issue of pesticides, organics, and endocrine disruptors and synergistic effects with 
radioactive materials, particularly with long-term exposure to various biological 
systems.  Manti and D’Arco (2010) summarize the in vitro and animal-model studies 
and epidemiological surveys with two or more stressors, including radionuclides 
(DNA-damaging agents).  They also emphasize that most research focuses only on the 
short-term effects of combined single exposures to animal models, and more work is 
needed to understand chronic exposure to trace contaminants and radioactive elements 
in the environment, including impacts to long-term genome stability.  Specific 
research is lacking on Sr-90’s effects with multiple stressors on biological systems, 
particularly non-human systems. 

 

Information on the effects of Sr-90 in domestic/laboratory mammals is relatively 
extensive; however, effects data for other taxa are far fewer.  For example, this profile 
identified no Sr-90 specific effects information for plants, aquatic organisms, reptiles, 
or amphibians, and it identified very little Sr-90 effects information for birds and wild 
mammals.  Also, as described above, little is known about the combined action of 
exposure to radiation and other environmental toxicants.  

That said, some research on the effects of radiation has applicability to Sr-90, 
especially studies of exposure from internal or external beta or gamma emitters, if the 
exposure is expressed in units of dose (i.e., rad).  The research on the effects beta and 
gamma radiation in general on terrestrial and aquatic organisms is more substantial.  

 

Agency for Toxic Substances and Disease Registry (ATSDR). 2004.  Toxicological 
Profile for Strontium.  Agency for Toxic Substances and Disease Registry.  April 
2004. 
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TECHNETIUM (Tc-99)  
ECOTOXICOLOGICAL PROFILE 

 
 

Technetium-99 (Tc-99) is one of the hazardous substances (as defined by Sections 
101(14) and 101(33) of CERCLA and listed in 40 CFR §302.4) to which natural 
resources have been exposed as a result of operations and cleanup efforts over the past 
60 years at the U.S. Department of Energy (DOE) Hanford Site in the State of 
Washington. Technetium is primarily a man-made element that only occurs in the 
earth’s crust in minute quantities (EPA 2002). All forms of technetium are 
radioactive; it is the lowest atomic number (43) element with no stable isotopes. 
Forty-three isotopes and isomers are thought to exist, with atomic mass ranging from 
86 to 113 (HSDB 2008); according to Garcia-Leon (2005), 24 isotopes with 9 isomers 
are known (it appears that there is some ambiguity in the literature with regard to the 
number of isotopes). Technetium-99 (Tc-99) is the most common and readily 
available of all the isotopes, as it is generated in the fission of uranium (235U) and 
plutonium ( 239Pu) at a rate of about 6%. Tc-99 is a beta-emitter, Emax = 294 keV, with 
a very long half-life of T1/2 = 2.11 × 105 yr (Garcia-Leon 2005). Its short-lived gamma 
ray-emitting nuclear precursor, technetium-99m, is used in nuclear medicine for a 
wide variety of diagnostic tests due to its short half-life of a little over six hours 
(Krupke and Serne 2002).  

 

NATURAL SOURCES 

No primordial Tc-99 is thought to exist because it would have decayed long ago, but 
there is non-primordial Tc-99 in minute quantities in the earth’s crust from 
spontaneous fission, mainly of uranium-238 (EPA 2002, Schwochau 2000).  In 1937, 
it was artificially produced and called technetium, then considered the first man-made 
chemical element. It is not naturally present in significant amounts (i.e., relative to the 
amounts in the environment due to nuclear programs activities), but was found in 
African rock samples in the early 1960s in trace amounts, confirming the presence of 
a natural nuclear reactor (Scerri 2009).  

ANTHROPOGENIC SOURCES 

Most Tc-99 in the environment comes from a few sources: 1) the detonation of 
nuclear weapons (especially atmospheric weapons tests), 2) nuclear reactor airborne 
emissions, 3) nuclear fuel reprocessing plant airborne emissions, and 4) facilities that 
treat or store radioactive waste (EPA 2002). The production and use of technetium 
compounds in nuclear medicine and as superconducting materials also may result in 
their release to the environment from various waste streams, although the medical 
industry uses 99-m isomer that decays in a matter of hours (HSDB 2008). Rough 
estimates indicate that, including all possible sources, at least 49,000-64,000 TBq had 
been produced worldwide by the mid-1990s (Garcia-Leon 2005, Yoshihara 1996).  

In the absence of a local source, due to its low specific activity, estimated 
concentrations in surface soil tend to be very low—on the order of 0.0001 picocuries 
per gram (pCi/g) (ANL 2005).  

I I .   SOURCES 

I .   INTRODUCTION 
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Technetium in the environment surrounding the Hanford site originated from nuclear 
fuel cycle processes at that site. The Hanford operations included plutonium 
production and research reactors, chemical separation facilities, and fuel fabrication 
facilities, all of which involved processing and storing various uranium compounds, 
resulting in the production of technetium.   

As technetium-99 is a product of nuclear fission, it is present at numerous areas 
throughout the Hanford Site including in groundwater; 2009 levels at and near the site 
are detailed in the Hanford Site Environmental Report (Poston et al. 2010). According 
to Poston et al. (2010) contaminant plumes totaling approximately 2.4 km2 in area 
exceed the drinking water standard for Tc-99 at Hanford. The only wild plant tested 
for Tc-99, as reported in the most recent Hanford Site Environmental report (Poston et 
al. 2010) was an edible wild chive (Allium schoenoprasum) growing in riparian 
habitats along the Hanford Reach of the Columbia River. The samples did not contain 
Tc-99 above the minimum detectable limit.  However, because Tc-99 is a low energy 
beta-emitter, it is more difficult to detect than gamma-emitting radionuclides, so some 
surveys for radionuclides are not designed to detect Tc-99 (e.g., most vegetation 
monitoring, Hanford Site Environmental Report, Poston et al. 2010).  Exhibit 1 
presents selected data on Tc-99 concentrations in environmental media. 

 

EXHIBIT 1 SELECTED TECHNETIUM-99 CONCENTRATIONS IN WATER, SEDIMENTS, AND 

BIOTA 

 LOCATION AMOUNT SOURCE 

Groundwater 
 
DOE Idaho NL 

 
2000-2840 pCi/L 

 
Idaho DEQ (2003) 

 Savannah River Site 200-1100 pCi/L Carleton et al. (1993) 

Surface Water Savannah River Site 0.42-0.58 pCi/L Carleton et al. (1993) 

Soil 
Chernobyl 30 km 
zone 

1.1-14.1 Bq/kg dry wt 
org. soil 
0.13-0.83 Bq/kg dry wt 
mineral layers Uchida et al. (1999) 

Biota    

Potamogeton lucens 
(aquatic plant) 

Yenisei River, 
Russia 82 Bq/kg biomass 

Bolsunovskii et al. 
(2010) 

Farmed salmon Scotland 0.11 Bq/kg max Scottish EPA (2003) 

 

Krupke and Serne (2002 and 2003) summarize the extensive literature on technetium 
environmental chemistry. Technetium exists in valence states from +7 to -1. In natural 
environments, the most stable valence states of technetium are +7 and +4 (i.e., 
Tc(VII) and Tc(IV)) under oxidizing and reducing conditions, respectively. Dissolved 
technetium is present in aerobic systems as the aqueous Tc(VII) oxyanion species 
pertechnetate (TcO4-), which is essentially nonadsorptive (i.e., Kd values are ≈0 
ml/g) at circumneutral and basic pH values and is highly soluble. Therefore, the 
concentration of Tc(VII) in the vadose zone and groundwater is not limited by 
adsorption or solubility processes, and it will be highly mobile in aerobic 
environments. 

I I I .   ENVIRONMENTAL 

CHEMISTRY 
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Under reducing conditions, technetium is present in the +4 oxidation state, which is 
not very soluble and is highly sorbed, usually existing in lower oxidative forms such 
as TcO2, TcO(OH)2, TcS2 or in complexes with humic material (HSDB 2008, Multi-
agency NUREG 2004). Technetium (IV) is considered to be essentially immobile in 
reducing subsurface environments. It is highly sorbed to iron and aluminum oxides 
and clays in this state (Krupke and Serne 2002).  

The results of studies of waste samples from underground storage tanks at the Hanford 
Site indicate that a significant fraction of the technetium in the waste is present in the 
+4 oxidation state. According to Krupke and Serne (2002), “future conceptual models 
for the release of technetium from the Hanford underground storage tanks will need to 
consider the potential mobility of Tc(IV) in the near-field, vadose sediments and 
potential interactions of organics present in the tanks with respect to complexing and 
stabilizing Tc(IV) and possibly other intermediate valance states of dissolved 
technetium.” 

Immobilization of the high-level nuclear waste stored at the Hanford Reservation has 
been complicated by the presence of soluble, lower-valent (<+4) technetium species. 
These species cannot be removed by ion-exchange and are difficult to oxidize. Lukens 
et al. (2004) found that soluble complexes of the Tc(I)-carbonyl species exist, 
especially fac-Tc(CO)3(gluconate)(2-), with implications for storage and clean-up. 
Extensive work has been done on clean-up techniques, utilizing both microbial and 
chemical means (e.g., iron-sulfides, Watson and Ellwood 2003). 

FATE AND TRANSPORT 

As described above, anaerobic vs. aerobic conditions influence the chemical behavior 
of technetium, and the transport potential of the +7 and +4 oxidation states differ 
dramatically. Because the pertechnetate anion (TcO4-) is highly soluble and is not 
strongly sorbed at neutral and basic pH conditions, it is highly mobile in most 
oxidizing systems. In the +4 valence state, technetium exists as the tetravalent cation 
and is relatively immobile in the absence of strongly complexing ligands. Numerous 
studies of the sorption of technetium on sediments, soils, pure minerals, oxide phases, 
and crushed rock materials have been conducted. An extensive review of these studies 
is presented in Krupke and Serne (2003) and Kd values for Tc-99 at the Hanford site 
are summarized in Krupke and Serne (2002). 

Soi l s/Sediments 

The behavior of Tc-99 in soils depends on many factors, such as texture and organic 
content. In soils rich in organic matter, Tc-99 is retained and does not have high 
mobility. Under aerobic conditions, technetium compounds in soils dominated by 
pertechnetate (TcO4-) are readily taken up by plants (EPA 2002; see “Bioaccumulation 
Potential”). Under both aerobic and anoxic conditions, little adsorption is observed for 
technetium in lake sediment with low organic matter content (Tagami and Uchida 
1999a). 

Keith-Roach et al. (2003) investigated the relative uptake of Tc-99 among sites in 
coastal environments in Europe with reducing waters and/or sediments that represent 
potential sinks. Uptake varied greatly between the sites, with the highest occurring at 
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an almost permanently anoxic fjord, followed by a brackish, seasonally eutrophic 
fjord, then a sub-oxic salt marsh, and finally sulfidic and iron-reducing muddy sandy 
sediments. Relatively high uptake of Tc into sediments at particular fjords occurred 
due to the fact that TcO4- was exposed to both reducing sediments and high mixing of 
in the water column, or an oxic/anoxic water boundary.  The lowest sediment uptake 
site could be explained by the speciation of technetium at this site in the carbonate 
phase, which is largely soluble. The other three sites showed that organic matter, in 
conjunction with reducing conditions, was very important for binding and retaining 
Tc-99 in sediments. 

The Argonne National Laboratory’s Human Health Fact Sheet (ANL 2005) states: 
“From the surface [technetium] can move rapidly downward with percolating water 
because most technetium compounds do not bind well to soil particles. The 
concentration associated with sandy soil particles is estimated at 0.1 of that in 
interstitial water (in the pore spaces between the soil particles), although technetium 
binds more tightly to clay soils (with concentration ratios 10 times higher). For this 
reason, technetium-99 has been found in groundwater at several DOE sites.” IAEA 
(2010) summarizes concentration ratios and Kd values for technetium. 

Groundwater  

In groundwater, technetium’s behavior is highly dependent on its oxidative state, and  
as noted previously, the predominant species under oxidizing conditions, 
pertechnetate (TcO4-), tends to be highly mobile, nonadsorptive, and soluble. The 
pertechnetate ion is stable over the complete pH range of natural waters, and is not 
known to form any strong aqueous complexes (Krupke and Serne 2002). Due to these 
properties, it has high dissemination potential in natural systems.  

Under reducing (anaerobic) conditions, technetium precipitates mainly as technetium 
dioxide (TcO2), which is very insoluble and relatively immobile (ANL 2005). 

Water 

The reactions of technetium in water are similar to those that occur in soils. In natural 
waters, the reduced form of technetium may also form highly stable complexes with 
humic and fulvic acids (Schulte and Scoppa 1987). However, additional studies are 
needed to determine the stability constants and potential roles of important 
complexing ligands, such as carbonate, phosphate, sulfide, and others, on the 
adsorption and solubility of Tc(IV). Technetium is primarily released to and present in 
the vadose zone and groundwater at the Hanford Site as oxidized Tc(VII), 
pertechnetate (Krupke and Serne 2002).  

Air  

Because technetium compounds are ionic, volatilization from moist or dry soil 
surfaces or surface water will not occur (HSDB 2008). Ionic technetium compounds 
only exist in the particulate phase in air. Particulate phase technetium compounds may 
be removed from the air by wet and dry deposition (HSDB 2008). Tagami and Uchida 
(1999b) developed a sensitive analytical method of determining concentration of Tc-
99 in rain and dry fallout by inductively coupled plasma mass spectroscopy (ICP-MS). 
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BIOACCUMULATION POTENTIAL 

Terrestr ia l  Systems 

Plant affinity for pertechnetate (TcO4-) applied to soil is high and generally exceeds 
that reported for other non-nutrient nuclides resulting from the nuclear fuel cycle 
(Menzel 1965, cited in Schwochau 2000). 

Driver (1994) notes that “Plants readily concentrate technetium in their tissues and 
play an important role in technetium cycling in the environment. Plants are able to 
effectively accumulate technetium at soil levels as low as 0.01g/g. … In general, 
between 47% and 74% of the technetium applied to soil in water is assimilated by 
plants.”   Eudicots appear to bioaccumulate Tc-99 to a greater extent than do 
monocots (Driver et al. 1994, Willey et al. 2010). 

Tagami and Uchida (2005a) studied the uptake of Tc-99 and rhenium (a chemical 
analogue of Tc) in three crop species (Cucumis sativus, Raphanus sativus, and 
Brassica chinensis). The results showed that Tc and Re uptake occurred not only with 
water mass flow or active nutrient uptake, but also with uptake of nutrient cations 
such as K+. It is likely that the stable chemical form under aerobic conditions, 
pertechnetate, is used in cation transport as a substitute ion, such as Cl-. After TcO4- 
passes through a root surface, it moves through the xylem together with cations. Due 
to these uptake mechanisms, Tc is highly accumulated in plants, and chemical effects 
are likely important (Tagami and Uchida 2005a). However, when Tagami and Uchida 
(2005b) collected plant samples in the Chernobyl area to obtain transfer factors of Tc-
99 in the soil-plant system under environmental conditions, their experimental results 
indicated that Tc-99 released from the Chernobyl Nuclear Power Plant showed low 
transfer rates to plants.   

Other forms of technetium such as TcO2 are not as readily taken up by plants 
(Sheppard and Evendon 1991, in Driver 1994, Yoshihara 1996).  Furthermore, 
Yoshihara (1996) states that “even under aerobic conditions, the transfer rate to plants 
decreases with time, indicating that soluble pertechnetate changes to insoluble forms 
by action of microorganisms which produce a local anaerobic condition around 
themselves” (e.g., studies by Landa et al. 1977, Hoffman et al. 1980, Van Loon et al. 
1989, Tagami and Uchida 1996).  In contrast, experiments with ryegrass showed that 
mobility of Tc-99 was not changed by aerobic microbial activity, and bioavailability 
of Tc-99 decreased with biomass production and not with time (Echevarria et al. 
1997). 

Mean soil to plant transfer factors (Fv) range from 9.4 x 10-2 for tubers in loamy soil to 
2.5 x 102 for leafy vegetables growing in loamy soil (IAEA 2010). Van Loon et al. 
(1989) describe a general soil-to-plant transfer function for technetium. Concentration 
factors for technetium from the upper 15 cm of soil at field sites have been reported to 
range from 3 to 370 (Garland et al. 1983) and from 2 to 200 (Hoffman et al. 1980). 
Laboratory studies produced concentration factors of 10 to 1200 (Landa et al. 1977, 
Wildung et al. 1977, Mousney and Myttenaere 1981). For native plants at the Hanford 
Site, Rouston and Cataldo (1977) suggest a concentration factor of 76 to 390 for 
tumbleweed and 54 to 421 for cheat grass from five Hanford project soils.  
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Factors that affect the extent of uptake by plants include soil type (e.g., sand versus 
peat), alkalinity, root depth, nutrients (manganese, sulfate, phosphate, and 
molybdenate), and the presence of actinides (Sheppard et al. 1983, Garten et al. 
1986a, Sheppard and Evenden 1985, Landa et al. 1977, Cataldo et al. 1989, Masson et 
al. 1989). 

Field studies near an old radioactive waste disposal site at Oak Ridge, TN, indicated 
that following root uptake, metabolism by deciduous trees rendered Tc-99 less 
biogeochemically mobile than expected, based on chemistry of the pertechnetate 
TcO4- anion (Garten and Lomax 1989). In the leaf, TcO4-, is converted to less soluble 
forms apparently associated with structural components of leaf cell walls. This 
conversion explains why Tc-99 is not easily leached by rainfall from tree foliage and 
why Tc-99 appears to accumulate in forest floor leaf litter layers at the Oak Ridge 
study site (Garten and Lomax 1989).  

Technetium compounds do not appear to be readily bioaccumulated by animals, 
although data are somewhat mixed.  Driver (1994) states: “although assimilation of 
ingested technetium compounds can be high, retention of the radionuclide is low in 
animals. Transfer of technetium incorporated in plant tissue to animals and its 
retention in their tissues are even lower than for unincorporated technetium, indicating 
a low potential for food chain magnification.” However, Garten, et al. (1986b) 
presents research that indicated a substantial increase of technetium-99 (20 and 16-
fold, respectively) above levels found in contaminated soil samples from a radioactive 
waste storage site for snails and millipedes. 

Based on a review of the literature, Thorne (2003) summarized biokinetic models for 
the uptake and retention of iodine, technetium, selenium and uranium for agricultural 
animals, reindeer, and humans.117  This article includes a summary of transfer factors 
for technetium-95m in birds; in particular, results have been reported for Tc-95m in 
hens and Japanese quail. Thomas et al. (1984) found that although as much as 8.4% of 
ionic technetium was transferred to quail eggs, only 2% was transferred when the 
radionuclide was ingested in plant material. Of the technetium deposited in the egg, 
80% appeared in the yolk and 20% in the albumin. In hens, technetium concentrations 
are much higher in eggs than in meat, but this is not the case in Japanese quail. Using 
Tc-95m in feed, Thomas et al. (1986) found transfer factors of 3.5x10-1d/kg for meat 
and 9x10-2 d/kg for eggs for quail. It is unclear how applicable these numbers are to 
Tc-99 in the environment because the chemical form used in the experiments may 
differ from that in various environments.   

Aquat ic Systems 

The freshwater microalgae Chorella emersonii, Chlamydomonas reinhardtii and 
Scenedesmus obliquus were all found to adsorb Tc-99 in the form of TcO4- (Garnham 
et al. 1992).  That adsorption was concentration-dependent and increased with 
decreased external pH.  

                                                 
117 Of note, however, most studies of the transfer of technetium to animals have employed the short-lived gamma-

emitting radioisotopes Tc-95m and Tc-99m, not Tc-99. 
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Hattink et al. (2003) confirmed that aquatic plants show a strong accumulation and 
retention of Tc-99, even after they have died. Accumulation experiments in duckweed 
suggested that reduction of TcO4- and subsequent complexation are responsible for the 
accumulation of Tc-99 in the plant. A steady state concentration of TcO4- in duckweed 
was reached within 24 hours, but the total concentration of Tc-99 increased 
continuously. Only a small part (</=5%) of Tc-99 was present as TcO4- and 
elimination experiments showed TcO4- to be the mobile species. Other Tc-99 species 
are responsible for the retention of Tc-99 in duckweed. It is known that these species 
are not bio-available and only slowly re-oxidize to pertechnetate, resulting in a longer 
residence time in ecosystems. 

Wolterbeek (2001) assessed whether the transfer factor or bioconcentration factor is 
an important parameter in the environmental distribution of Tc-99. This study 
evaluated the transfer factor concept for Tc-99 in duckweed by evaluating Tc-99 
steady-state concentrations in duckweed against growth rate and nutrient 
concentration. They concluded that Tc-99 accumulation is not homostatically 
controlled and the transfer factor is inversely proportional to the growth rate in aquatic 
biota. To date, few measurements on the uptake of Tc-99 by aquatic plants (or other 
organisms) have been made under field conditions.  

Some laboratory studies have indicated that technetium is not highly bioconcentrated 
in aquatic organisms. Driver (1994) states: “The Commission of the European 
Communities (1979) suggests a technetium concentration factor for freshwater fish of 
30 L/kg. This value is then multiplied by the concentration of technetium in the water 
to obtain the concentration of technetium in the organism (Zeevaert et al. 1989). In the 
absence of site-specific data, recommended default values for the water-based 
bioconcentration factor for technetium in the flesh of freshwater fish are 15 (NRCC 
1982), 30 (CSA 1987), and 15 (Poston and Klopfer 1985, Myers et al. 1989).”  

Blaylock et al. (1982) obtained concentration factors for fish and snails by spiking a 
small experimental freshwater pond with Tc-95m (most freshwater studies have not 
used the longer-lasting Tc-99). A model using the pond data was developed to 
calculate steady-state body burdens for freshwater biota. The concentration factors 
based on the calculated body burden for carp (Caprinus carpio), mosquitofish 
(Gambusia affinis), and snails (Helisoma sp.) were 11, 75 and 121, respectively.  

Masson et al. (1989) summarizes the bioaccumulation potential of Tc-99 as follows: 
“Concentration factors (CF) from water to organisms are generally very low (1 to 10); 
however, CF greater than 1000 have been observed for some biota such as 
macrophytic brown algae, worms and lobsters. Biochemical analysis has shown that 
Tc-99 was essentially free and partially bonded to proteins. The transfer factors 
between sediments and species are very low (TF less than 0.5).” 

ACCUMULATION WITHIN TISSUES 

In mammals, absorption of inorganic pertechnetate from the gastrointestinal tract is 
about 90%, although when technetium has been incorporated in plant tissue, the 
absorption rate is greatly reduced (Sullivan et al. 1979). Hunt et al. (2001) 
investigated the uptake of Tc-99 in the human gut after subjects consumed 



 Public Review Draft Hanford Natural Resource Injury Assessment Plan 
 

  B9-8 
 

contaminated lobster. A low value of the gut transfer factor (f1 value) was determined 
by comparing intake and fecal measurements: up to 0.1 with a maximum (two 
standard deviations) level of about 0.3.  

Polygastric animals appear to absorb less technetium than monogastric animals 
(Gerber et al. 1989). This reduced absorption may be due to the reduction of TcO4- in 
the rumen of polygastric animals that interferes with its reabsorption from the 
intestine (Jones 1989).  

Once absorbed, technetium’s biological half-life in mammals appears to be short; 
however, very little research has been done on Tc-99, with most studies focused on 
the medically-used Tc-95m.   

In rats and guinea pigs, 75-80% of ingested technetium-95m had been excreted within 
two days (Sullivan et al. 1979).  According to an EPA fact sheet (primary source 
unknown), the human body excretes half the ingested Tc-99 within 60 hours, 
continuing to excrete half of the remaining Tc-99 every 60 hours that follow. After 
120 hours, one-fourth of the ingested Tc-99 remains in the body, and nearly all of the 
ingested Tc-99 will be excreted from the body within a month (EPA 2010).  

Once absorbed, various organs and tissues can accumulate technetium, especially the 
kidneys, which are responsible for excretion of about 50% of intravenously 
administered technetium (Thorne 2003). Other organs and tissues that take up 
technetium are the stomach, salivary glands, thyroid, choroid plexus, mucus 
membranes, small and large intestines, sweat glands (Thorne 2003), and the thyroid 
and parathyroid (McGill et al. 1971) as well as bones and skin (Gerber et al. 1989). 
Hair also accumulates technetium and may be useful as a bioindicator of technetium 
exposure (Gerber et al. 1989). However, limited data exist on the relationship between 
tissue activity and exposure or dose-response. 

According to Sharp et al. (1998), technetium is generally found in body fluids as 
pertechnetate, regardless of the form in which it was administered. About 70–80% of 
the pertechnetate ions become bound to serum proteins, but unbound technetium 
rapidly diffuses into interstitial fluids and protein-bound technetium is released to 
compensate for this diffusion (Sharp et al. 1998).  

Studies are lacking on accumulation of Tc-99 in the tissue of non-mammalian species. 
A recent summary includes estimates of concentration ratios (CR) in reptiles in 
terrestrial environments (Wood et al. 2010). Only Tc-95m has been studied in 
Japanese quail and hens (summarized in Thorne 2003). 

As discussed in other sections of this profile, surface soil can and has been 
contaminated as a result of the discharge of Tc-99 in airborne effluents from nuclear 
facilities, contamination of the subsurface environment at many sites from leaking 
tanks, and aquatic ecosystems have been contaminated from deliberate and 
inadvertent discharges of liquid waste to the environment.  Though its beta energy is 
weak, Tc-99 in the environment can result in external exposure from Tc-99 that comes 
into close contact with biota.  However, the principle pathway of exposure to Tc-99 is 
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from internal exposures resulting from root uptake by plants and ingestion by aquatic 
and terrestrial animals 

 

The chemical versus radiological toxicity of technetium is debated in the literature. 
Driver (1994) summarizes its toxicity: “Although technetium has a long half-life and 
is distributed more readily in the environment than most other radionuclides with long 
half-lives, technetium-99 as a beta-emitter is much less toxic than the alpha-emitting 
actinides. The toxicity of technetium in animals is low and appears to be related to the 
radioactive properties of the radionuclide rather than its chemical properties. 
However, a chemical toxicity has been associated with reduced fertility. Technetium 
is very toxic to plants. Its chemical properties affect the distribution, and biological 
half-life in plants, and may influence the retention of plutonium in target tissues 
(Roucoux and Colle 1986).” 

According to Schwochau (2000), “the radiological toxicity of Tc-99 might be even 
less than its chemical toxicity.”  He states that technetium-99 is often thought to be a 
significant long-term risk to humans, spreading more readily in the environment than 
many other radionuclides (as pertechnetate), but presents limited evidence for this 
risk. The literature on the topic of radiological toxicity is lacking, although most 
recent studies point to effects of chemical toxicity, mainly in plants. 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no known beneficial effects associated with exposure to Tc-99.  The 
gamma-emitting precursor, Tc-99m is used in medical therapy in brain, bone, liver, 
spleen, kidney, and thyroid scanning and for blood flow studies. Tc-99m is the 
radioisotope most widely used as a tracer for medical diagnosis (EPA 2002). 

MECHANISM(S)  AND LOCI  OF CHEMICAL TOXICITY 

In plants, it is likely that Tc-99 exhibits a role in nutrient competition and/or 
substitution in uptake or metabolism (Berlyn et al. 1980). More specifically, it appears 
that incorporation of technetium results in technetium-cysteine, which is unable to 
form disulfide-like bridges. Formation of technetium-cysteine leads to nonfunctional 
proteins that accumulate and to increased production proteins (which end up 
defective) that, in turn, lead to metabolic dysfunction, especially in young tissue 
where protein synthesis is critical (Cataldo et al. 1989). Cellular effects of technetium 
have also been attributed to alteration of membrane permeability (Neel and Onasch 
1989) and cellular energetics (microorganisms, Gearing et al. 1975; aquatic plants, 
Hattink and Wolterbeek 2004). Limited information on mechanisms of toxicity on 
animals is available. 

PLANTS 

Research on the toxicity of technetium to plants has focused largely on agricultural 
species and aquatic plants. In most studies, adverse effects have been observed in the 
early stages of development (e.g., germination) and on plant growth. 

For example, laboratory-grown soybeans exhibited stunted growth when exposed to 
Tc-99: at the 0.1 g/g level, growth did not occur beyond cotyledon expansion; at the 
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5 g/g level growth ceased three days after emergence (Berlyn et al. 1980). 
Observations of mitotic figures in soybean plants exposed to Tc-99 did not reveal any 
chromosome aberrations, micronuclei, or chromosomal bridges (Wildung et al. 1977). 
Schwochau (2000) states that this study suggests that growth effects were due to 
chemical toxicity, possibly due to nutrient competition and/or substitution in uptake or 
metabolism, but that a radiological effect cannot be ruled out.  

Driver (1994)’s literature review states: “Growth anomalies only occur in plants 
germinated in the presence of technetium, indicating that the toxicity of this 
radionuclide is probably associated with early stages of plant growth such as 
embryonic cell division. Adverse effects on germinating wheat seedlings were first 
observed at shoot tissue concentrations of 0.68 to 2.8 Ci/g (a specific activity of 17 
mCi/g corresponds to technetium levels in tissue of 40 to 165 ppm). The threshold 
dose rate that induced depression of shoot-tissue yield occurred at 2 rad/d. This low-
dose rate suggests technetium toxicity is chemical rather than radiological. 
Technetium-treated plants display similar symptomology to plants suffering from 2,4-
Dichlorophenoxyacetic acid (2,4-D) poisoning (an artificial plant hormone, causing 
unsustainable, rapid growth, leaf withering, and eventual plant death [Landa et al. 
1977]). In lettuce, the chemical toxicity threshold (growth reduction) was observed at 
concentrations of 0.2 ng/g dry weight of soil (Masson et al. 1989). The lethal 
concentration for Swiss chard was 0.05 g/g technetium/g dry soil. Even at low 
concentrations of 0.1 g/g technetium/g dry soil, technetium has been shown to inhibit 
plant growth and development in soybeans (Cataldo et al. 1978). Toxic effects were 
largely observed in buds and young leaves rather than in mature tissues (Finch 1983).”  

The specific mechanism of toxic effects in plants is not well-established. Hattink and 
Wolterbeek (2004) concluded that Tc-99 continuously accumulates in the biomass of 
duckweed, eventually leading to toxic effects that are a result of oxidative stress rather 
than damage from radiation. Woodard-Blankenship (1995) showed that in low light 
conditions, Tc-99 significantly decreased growth and the concentration of 
chlorophylls in soybean leaves, presumably by inducing damage in chloroplasts by 
peroxication of membrane lipids. As exposure to Tc-99 increased, growth and 
development abnormalities become more evident.  It was not clear, however, whether 
the observed effects resulted from radiological damage, chemical toxicity, or some 
combination thereof.  

Another study (Hattink and Wolterbeek 2002) suggested interference with Tc-99 
accumulation was the result of three mechanisms. These mechanisms are: 1) changes 
in the plant physiological status, 2) competitive effects with nutrient uptake, and 3) 
electrostatic cell wall interactions. This study focused on whether these mechanisms 
are relevant for aquatic plants grown under natural conditions. Tc-99 accumulation in 
five aquatic plant species correlated strongly with the calcium concentration in the 
water. Growth rate or possible competition with Cl-, NO3

-, PO4
3- or SO4

2- did not 
significantly affect, if at all, the Tc-99 accumulation in submerged aquatic plants. The 
study also suggested that water hardness and electrostatic cell wall interactions are the 
dominant factors interfering with the Tc-99 accumulation in submerged aquatic plants 
(Hattink and Wolterbeek 2002). 
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Vázquez et al. (1990) treated beans with and without cotyledons with technetium, 
determining that treated plants without cotyledons displayed increased autophagic 
vacuole activity, accumulation of protein bodies in roots, and decreased starch content 
and severe ultrastructural alterations in chloroplasts. Their results support the 
hypothesis that toxicity is mainly associated with anabolic processes in developing 
tissues. 

AQUATIC INVERTEBRATES AND F ISH 

Research is limited on the toxicological effects (either chemical or radiological) of 
technetium on aquatic biota. The limited available information, including Hanford-
specific information focuses on exposures and potential risks rather than direct 
measurements of effects (e.g., Smith et al. 2001, Poston et al. 2003). Durand et al. 
(1994) investigated the biochemical affinity and metabolic behavior of technetium in 
marine invertebrates (lobster). 

MAMMALS 

Limited information exists on the chemical toxicity of technetium to mammals. In one 
study, Gerber et al. (1989) gave rats large amounts of Tc-99 in either a normal or an 
iodine-deficient diet for several months starting 2 weeks before mating. Newborns 
were continued on these diets after weaning. Administration of very high 
concentrations of technetium (>10 g/g) in food was required to produce deleterious 
effects to thyroid function, fertility, and postnatal development in mammals (rats, 
Gerber et al. 1989). Van Bruwaene et al. (1986) found similar results in sheep.  Iodine 
deficiency only slightly influenced the Tc-99 toxicity in the rats (Gerber et al. 1989). 
Gerber et al. (1989) opined that the fertility and fetal development impacts were likely 
caused by the chemical rather than radiation toxicity of technetium.  

Because effects were found only at high concentrations in this study, Schwochau 
(2000) states, “it seems unlikely that contamination levels in the environment would 
ever reach levels that could lead to serious non-stochastic effects, even in the 
developing organism.”  Consistent with this view, Driver (1994) notes, “[although] 
there are few available data on the chemical toxicity of technetium in animals… it is 
chemically similar to rhenium, and its toxicity is probably between manganese and 
rhenium. The toxicity of common manganese compounds varies from 90 to 934 
mg/kg (Bowen 1979; NIOSH 1987). Rhenium toxicity is low. Intraperitoneal injection 
of rhenium trichloride results in an LD50 of 280 mg/kg (Lewis 1992).” 

BIRDS 

Information on technetium’s effects on birds is very limited. Driver (1994) 
summarizes that although technetium is concentrated in avian oocytes (Roche et al. 
1957, Thomas et al. 1984), no impacts to developing embryos have been noted. No 
more recent studies examining Tc-99 effects on birds were found. 
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The literature specifically addressing the radioecological impacts of technetium-99 in 
the environment is limited. Technetium-99 decays by emitting a beta particle to 
produce the stable isotope ruthenium-99. Tc-99’s very long half-life (2.11 × 105 yr) 
and low specific activity limit its radioactive hazards.  

Radioecological damages to aquatic and terrestrial organisms due to Tc-99 in the 
environment result from ionization caused by the interaction of its beta particles with 
living tissue. In particular, upon each disintegration, Tc-99 emits a beta particle with 
an average energy of 84.6 keV and a maximum energy of 294 keV (Shleien et al. 
1998). The range of beta particles in matter is given by (Shleien et al. 1998, Formula 
2a, p 3-15): 

for (0.01≤E≤2.5 MeV):   

R = 412*E(1.265-0.0954*ln(E) 

where R = range in mg/cm2 (range in cm times the density of the absorbing 
medium in mg/cm3) 

E = energy of the beta particle in MeV  

Using this equation, the approximate range of Tc-99 beta particles in tissue is about 
0.010 cm.  Given that the typical energy required to ionize a molecule (i.e., eject an 
electron from its orbit) is about 34 to 35 eV (see page 17, Casarett 1968), the total 
number of ion pairs produced by the energy deposited in tissue from the average 
energy beta particle emitted by Tc-99 is about 2400 ion pairs (i.e., 84.6 keV/35 eV).   

The pattern of energy deposition for beta particles is described in Morgan and Turner 
(1973) as follows: 

mean linear ion density = T/Rt×W 

where: 

T = average energy of electron liberated 

Rt = range or electrons of energy T 

W = average energy to form an ion pair 

For Tc-99, the equation is 84.6 keV x 1000 eV/keV ÷ 0.010 cm x 35 eV/ion pair =  
2.39×105 ion pairs per cm or about 23.9 ion pairs per micron.  Given that a typical cell 
is on the order of tens of microns (see page 102 of Curtis and Barnes, 1989), a single 
cell might experience about 240 ion pairs produced by the passage of an average Tc-
99 beta particle.  It is this deposited energy in living tissue that results in biological 
damage. 

Sufficiently energetic beta particles can penetrate the dead layer of the skin of 
mammals (nominally 70 microns in humans) and deposit energy in underlying tissues.  
Tc-99 emits beta particles with an average energy of 86.4 keV and that have a range 
of about 9 cm in air and 0.010 cm (100 microns) in tissue (Shleien et al. 1998).  Thus, 
there is a real potential for exposure from external radiation from Tc-99, including all 
aquatic and terrestrial organisms and all stages of their life cycle, except for organisms 
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that have a thick outer layer (such as bark of trees, heavy fur, scales, etc.) that can 
shield the living tissue beneath from the beta emissions. 

As discussed above, most studies have interpreted toxic effects on plants as mainly 
from chemical toxicity, possibly due to nutrient competition and/or substitution in 
uptake or metabolism. Several studies have suggested possible technetium impacts on 
cellular energetics, possibly by elevating levels of ATP (e.g., soybeans, Woodard-
Blakenship 1995; blue-green algae, Gearing et al. 1975). It is likely that the 
mechanism for these effects is chemical rather than radiological, but more research is 
needed. 

Barnaby and Boeker (1999) call for a reassessment of the radiological risks of Tc-99 
to human health, with concerns about the large discharges of Tc-99 into the ocean at 
Sellafield, in particular. Tc-99 is known to concentrate in seaweed, periwinkles, 
lobster, and mussels; these authors call on researchers to investigate the possibility of 
radiation induced genomic instability, as well as cancer risk from Tc-99.  

 
The presence of actinides has been reported to enhance technetium uptake in plants in 
some soil types (Masson et al. 1989). Technetium uptake in leaves of radish plants 
grown in calcareous soils increased 4 times in the presence of uranium and 4.5 times 
in plutonium-amended soils. Plutonium also appeared to increase technetium uptake 
1.5 times in the leaves and 3 times in roots of plants grown in acid soils. The presence 
of americium in organic soils resulted in a six-fold increase in leaf uptake of 
technetium (Roucoux and Colle 1986, Masson et al. 1989). However, because no soil 
plant concentrations or statistical information is presented, the validity of the reported 
technetium actinide relationship is unclear. Incorporation of technetium in plant tissue 
alters the absorption and retention of the radionuclide in animal tissues. 

Overall, additional studies are needed to determine the stability constants and 
potential roles of important complexing ligands, such as carbonate, phosphate, sulfide, 
and others, on the adsorption and solubility of Tc(IV) (EPA 2010). Synergistic effects 
with other toxins have not been studied extensively, and there may also be synergistic 
effects associated with technetium’s role as a chemical and radiological toxin.   

  

Partially because of the difficulty in detecting Tc-99 as a beta-emitter, the fact that it 
will usually be present in the environment with other radionuclides (especially 
actinides), and lack of stable isotopes of this element, chemical toxicity to biota is 
difficult to determine. Overall, there is a paucity of information on Tc-99 toxicity to 
humans (Tc-99 is not addressed in the ATSDR toxicity profiles) and animals, even 
though this is the decisive criterion for assessing the consequences of the occurrence 
of Tc-99 in the environment (Schwochau 2000). Driver (1994) and this review found 
no studies on the toxicity of Tc-99 to amphibians and reptiles, potentially important 
classes of biota on which to focus in the Columbia River watershed. Similarly, 
toxicity of Tc-99 on birds has not been extensively studied; most (limited) research on 
accumulation in tissues has focused on Tc-99m in domestic fowl and has not 
investigated physiological effects. Information on radiological toxicity is limited, 
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although chemical toxicity appears to be more biologically significant for a wide 
range of taxa than is radiological toxicity. Beresford (2010) and other papers within 
volume 49 of Radiation and Environmental Biophysics summarize the status of 
radiological data used in environmental assessments to date, including methods to 
model wildlife impacts when data are lacking; however, data on technetium-99 and 
effects on wildlife are particularly scarce. 
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TRITIUM 
ECOTOXICOLOGICAL PROFILE 

 
Tritium (radioactive hydrogen) is one of the hazardous substances (as defined by 
Sections 101(14) and 101(33) of CERCLA and listed in 40 CFR §302.4) to which 
natural resources have been exposed as a result of operations and cleanup efforts over 
the past 60 years at the U.S. Department of Energy (DOE) Hanford Site in the State of  
Washington. Tritium ( 3

1 H or T2, atomic mass of three), has one proton and two 
neutrons in the nucleus.  Oxidation causes tritium gas (HTO) to become the most 
common form in the environment.  Tritium at room temperature in its gaseous form 
reacts with hydrogen to form HT. Tritium is a beta emitter, decaying to helium (3He) 
by emitting a beta particle and an antineutrino from one of the neutrons in the nucleus.  
The energy of the beta particle varies from 0 to 18.6 kiloelectron-volts (keV) with an 
average energy of 5.69 keV. For scientific purposes, the generally accepted value for 
the half-life of tritium, as measured by Mound Laboratories, is 12.323 ± 0.004 years 
(4500.88 ± 1.46 days).  For DOE accountability purposes, the half-life of tritium is 
12.33 +/- 0.06 years (NCRP 1979, DOE Handbook 2008). Tritium is generally 
accepted to have relatively low radiotoxicity and no chemical toxicity (ANL 2005). 

 

NATURAL SOURCES 

Tritium is a naturally occurring isotope of hydrogen produced in the upper atmosphere 
by cosmic rays and in rocks by decay of naturally occurring radioactive elements. The 
natural steady-state global inventory of tritium is about 7.3 kg (ANL 2005). Tritium 
commonly occurs in nature as part of a water molecule (HTO), so when it is produced 
in the atmosphere, it falls to the earth as rain and enters the hydrological cycle.  

ANTHROPOGENIC SOURCES 

Tritium is a fission product in nuclear weapons tests, existing in worldwide fallout 
from historical testing. It is also produced in nuclear power reactors by ternary fission 
and by activation of light elements such as boron, which is used for reactivity control 
in pressurized water reactors, and lithium, used to control corrosion (NCRP 1979).  
Tritium has a fission yield of one atom of tritium per approximately 10,000 fissions, 
or 0.01% (ANL 2005).  In 1979 it was estimated that by 1986 emissions from the 
nuclear fuel cycle would become more important than residue from weapons testing 
(NCRP 1979).  

Tritium also has a variety of uses.  It is a key element in nuclear fusion, in which 
energy is produced by the controlled fusion of tritium with deuterium.  Tritium is also 
used as an agent in luminous paints such as those used to make building exit signs, 
airport runway lights and watch dials, and even in novelty items such as glow sticks; it 
is thought that the presence of tritium leachate in municipal and other landfills is a 
result of these commercial uses (Mutch and Mahony 2008). 

The United States is estimated to have a current inventory (as of 2005) of 
approximately 75 kg of tritium (ANL 2005). Discharges from medical and research 

I I .   SOURCES 

I .   INTRODUCTION 
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facilities contribute various forms of organically bound tritium (OBT) as well as 
tritiated water (e.g., Williams et al. 2001).  

At Hanford, the processing of zirconium alloy clad fuel released about five to nine 
percent of the dissolved tritium to the atmosphere, less than one percent to recovered 
fuel, five to 16 percent to waste storage, and 73-90 percent to ponds (NCRP 1979). 

Tritium is one of the most widespread contaminant at the Hanford site, originating 
from the central part of the site, which includes the 200 Area and the high level 
radioactive waste tanks. The 200 Area, located on Hanford’s Central Plateau, is where 
chemical processing, plutonium finishing, and defense waste management activities 
took place. The tritium plume from Hanford’s 200 Area is the largest known 
contaminant plume associated with the site, and it extends east to the Columbia River. 
The sediments in this area are highly permeable, and the plume has traveled more than 
20 km, whereas plumes originating in the less permeable aquifer of west-central 
Hanford have moved only about three km (Hartman 2003). The 200 Area plume 
extends under the 400 Area and has historically affected tritium concentrations in all 
400 Area drinking wells, though the concentrations have decreased since 1990. In 
2009 all samples from these wells were below the state and Federal drinking water 
standard of 20,000 pCi/L (Poston et al. 2010).  However a total tritium-contaminated 
groundwater plume of 126.5 km2 still exists at Hanford that exceeds the drinking 
water standard. Elevated tritium in the 300 Area of Shoreline Springs indicates that 
the groundwater plume is still evident from the 200 Area (Poston et al. 2010).  

One source of tritium to the 200 Area is the onsite disposal of tritium-containing 
wastewater at the State-Approved Land Disposal Site (SALDS) located north of the 
200 West Area.  Wastewater containing tritium has been discharged to the ground in 
this area since 1995 (Caron 2008), and in 2009, approximately 96.2 million liters 
(25.4 million gallons) was disposed of in this fashion (Poston et al. 2010).  Tritium is 
discharged to SALDS because no known economically reasonable method of removal 
has been identified (Barnett et al. 2004).  Tritium (usually in stacks and vents) has 
also been released at the permitted discharge points in the 100, 200, 300, 400 and 600 
Areas of Hanford Site (Poston et al. 2010).  

Tritium was detected at low levels in some samples from food products at locations 
near the Hanford Site, including alfalfa, apples, leaf vegetables, milk, potatoes, 
tomatoes and wine collected in the vicinity of the site in 2009 (Poston et al. 2010). 

 

Tritium is the only radioactive isotope of hydrogen. It has one proton and two 
neutrons in the nucleus, in contrast to the nucleus of an ordinary hydrogen atom 
(which consists solely of a proton) and a deuterium atom (which consists of one 
proton and one neutron). Ordinary hydrogen comprises over 99.9% of all naturally 
occurring hydrogen. Deuterium comprises about 0.02%, and tritium comprises about a 
billionth of a billionth (10-16 percent) of natural hydrogen (ANL 2005). Tritiated water 
is generally indistinguishable from normal water and can move rapidly through the 
environment in the same way as water.  

I I I .   ENVIRONMENTAL 

CHEMISTRY 
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The electronic configuration and the chemical properties of tritium are essentially the 
same as protium and deuterium. Due to the fact that the different isotopes have very 
different atomic masses, the rates of reaction for the different isotopes vary. The 
energy provided by the radioactive decay of tritium provides the activation energy 
required so that some reactions will occur with tritium that will not occur with 
deuterium or hydrogen (NCRP 1979).  

Tritium in the form of HTO may be difficult to store for long periods due to its 
corrosive properties. This corrosiveness is likely due to tritium oxide generating free 
radicals (OH−) from radiolytic decomposition of water in addition to extra energy 
from beta decay impinging on surrounding molecules (DOE 2008). 

When tritium replaces the hydrogen atoms of compounds other than water, they are 
defined as special tritium compounds (STCs). Examples of STCs are metal tritides 
and organically bound tritium (OBT). The physical properties of special tritium 
compounds may make their detection, characterization, and assessments of hazards 
and exposure effects (i.e., individual dose assessments) difficult (DOE 2008). 

FATE AND TRANSPORT 

Tritiated water will replace water when released in natural systems, and it behaves 
much like water in the environment. It is thus one of the most widely distributed 
contaminants at nuclear facilities. Tritium can transfer to and from the atmosphere 
from surface runoff, direct evaporation from the surfaces of vegetation, standing pools 
of water, and the soil surface. Tritiated water that infiltrates the soil is cycled more 
slowly, and movement in soil may occur both laterally and vertically with losses due 
to transpiration, evaporation, recharge of surface streams, and direct groundwater flow 
into oceans. Some of the water that recharges the groundwater moves so slowly that a 
portion of this tritium is effectively lost from circulation (NCRP 1979). 

Soi l s/Sediments 

Because hydrogen is a major constituent of biotic material (along with carbon, oxygen 
and nitrogen), tritium can become a component of organic molecules within cells and 
can become involved in biologic processes in the soil and sediments. Differences in 
bonding forces within organic matter mean that there are two types of organically 
bound tritium (OBT): exchangeable OBT (exchangeable with hydrogen in cell water) 
and non-exchangeable OBT (specifically, tritium bound to carbon). The exchange 
processes can be slowed or even stopped after the death of an organism, causing the 
organic molecules to remain for a certain time in the soil or sediments (ASN 2010). 
NCRP (1979) summarizes the soil parameters that affect tritiated water transport: state 
of the soil (cultivated or fallow), type of soil (clay, loam, or sand), water content, and 
organic matter. In general, the more water that is already present in the soil, the more 
slowly the tritiated water will move. Water associated with minerals in the ground will 
have different degrees of mobility and will be affected by pore size of the sediments. 

It is generally assumed that tritium’s reactivity with ligands and solids in aquatic 
systems is limited. Recent studies have shown that the sorption of tritiated water in 
river water and seawater appears to be influenced by its affinity for organic matter, 
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and that understanding the behavior of OBT is critical. Although tritium equilibrates 
quickly with dissolved organic ligands and with suspended sediment particles, a 
fraction of sorbed tritium associates with proteinaceous material that is potentially 
available to sediment-feeding organisms (Turner et al. 2009). High concentrations of 
organic tritium have been measured in the sediment of water courses affected by 
discharges from the watchmaking industry, with the organically bound tritium (OBT) 
content varying with respect to HTO content in the river water by factors of between 
1,000 and 10,000 (Jean-Baptiste et al. 2007, ASN 2010). 

Groundwater  

Tritiated groundwater behaves like water, except for a slight change in vapor pressure 
(NCRP 1979). As a contaminant, it is of most concern in the vadose zone, as it travels 
through the environment as rapidly as water. At Hanford approximately two-thirds of 
the tritium produced by fission was released into the groundwater (Haney et al. 1962 
in NCRP 1979). Studies of the hydrologic and geologic conditions at Hanford have 
aided in predictions of contaminant migration pathways based on integration of 
various parameters into three-dimensional hydrogeologic models or “hydrofacies” 
using tritium as a model because of its ubiquitous, conservative nature. Aspects of the 
hydrogeological profile such as grain size and sorting, degree of cementation, packing 
arrangement, sedimentary structures and grain shape affected movement of tritium 
through the aquifer, as water would be also affected by these parameters (Poeter and 
Gaylord 1990).  

Barnett et al. (2004) modeled and ground-truthed the behavior of the tritium plume at 
Hanford based on lithostratigraphic and hydrostratigraphic conditions. Predictions 
based on this model and updated increases in future tritium inventories suggest that 
concentration levels would not drop below the 500 pCi/L level until about the year 
2140.  

Belot et al. (2005) conducted an exercise revealing how much variation can exist in 
groundwater modeling of tritium depending on different factors. Tritium 
concentration varies dramatically over short distances and is very sensitive to many 
interactive factors including rainfall amount, evapotranspiration rate, rooting depth 
and water table position. Therefore modeling of tritium movement close to the ground 
surface generally requires rather complex models and detailed input. Others have 
identified air emissions as a pathway to groundwater contamination, which may be 
worth further exploration in environmental assessments (Lyness 2000). 

Water 

Tritium is naturally present in surface waters at about 10 to 30 pCi/L (ANL 2005). 
Tritium released from nuclear facilities ends up in the environment mainly as tritiated 
water, which, if dispersed in rivers, is rapidly taken up by biota. In many cases only a 
few minutes are required for equilibrium conditions to be reached. Most tritium ends 
up in the aqueous environment, and cycles through the hydrosphere (Blaylock et al. 
1986). The relative net flux of HTO from pond water into air with greater than eight 
percent humidity is greater than that of H20 (NCRP 1979). 
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Air  

A Tritium Unit (TU) is a metric of atmospheric tritium, representing one atom of 
tritium per 1x1018 atoms of hydrogen. The level of tritium in atmospheric hydrogen 
increased from 3,800 tritium units in 1948 and 1949 to 490,000 TU in 1959 (Katz 
2005). Extensive monitoring of atmospheric tritium concentrations have taken place in 
Japan from 1984-1999 to establish a general database on the behavior of tritium in the 
atmosphere (Okai et al. 1999). There are three main forms in the atmosphere: tritiated 
water vapor (HTO), tritiated hydrogen (HT) and tritiated hydrocarbons (primarily 
tritiated methane, CH3T). HTO concentrations have a strong correlation with the 
atmospheric humidity, typically high in the summer and low in winter. In the case of 
HT and CH3T, no seasonal variations were observed, and specific activities of the 
three forms vary, and are much lower for HTO than for the other two (Okai et al. 
1999).  

The transformation of tritium released to the atmosphere into tritiated water vapor is a 
complex process, with the rate of oxidation depending upon the presence of catalysts 
as well as on HT and HTO concentrations (NCRP 1979). In order to model tritium’s 
behavior in the global hydrologic cycle, assumptions are typically made about 
tritium’s distribution in the mixed layer of the oceans in the northern hemisphere, as 
well as food and water consumption by the world’s population. Others have put 
tritium into three (or up to seven) compartments (e.g., atmosphere, oceans, and surface 
water) in order to model its dynamic behavior (references within NCRP 1979). HTO 
essentially mimics the hydrological cycle if certain assumptions are made about 
surface runoff, evaporation, precipitation, absence of HTO releases directly to 
groundwater, and latitudinal fluxes (NCRP 1979). 

BIOACCUMULATION POTENTIAL 

Aquat ic Systems  

Tritium has high food chain mobility because it essentially replaces hydrogen in water 
and organic compounds. It is not typically thought to bioaccumulate, but recent results 
from marine studies (e.g., Hunt et al. 2010, ASN 2010) indicate that there is potential 
for bioaccumulation/biomagnification of organically bound tritium, particularly in the 
marine environment.  

Earlier studies of aquatic organisms, however, showed no evidence of 
bioaccumulation at higher trophic levels (e.g., Blaylock et al. 1986). Tritium is rapidly 
taken up by organisms, but it is also rapidly excreted, with a small fraction that can be 
bound in tissues and incorporated into proteins and DNA. It is this organically bound 
tritium (OBT) that is of biomagnification concern, and incorporation of tritium from 
HTO into the organic matter of algae, for example, occurs mainly by photosynthesis, 
which causes the splitting of the tritiated molecule (references within Blaylock et al. 
1986). The specific activity of the total organic matter of algae depends on the 
external tritium concentration and medium. The marine algae Acetabularia attained a 
specific activity in its organic matter of about six percent of the external medium; in 
comparison the freshwater algae Chlamydomonas reached a specific activity about 
five times higher for the same concentration of tritiated water. The fate of OBT 
depends largely on the chemical form of the molecule, with certain biological 
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molecules such as specific amino acids and nucleic acids showing very different 
concentration ratios (Blaylock et al. 1986). 

Aquatic plants have not been researched as extensively as aquatic algae, but Harrison 
and Koranda (1973, in Blaylock et al. 1986) found that cattails (Typha angustifolia) 
grown in a pool of tritiated water for 230 days never equilibrated with levels of tritium 
in the water. In contrast, tissue free water of the submergent pond weed (Potamogeton 
foliosus) was at equilibrium with the lake water; lack of equilibrium for cattails was 
attributed to exchange with atmospheric water by the exposed leaves, similar to 
terrestrial plants. 

In a more recent study of cattails and carp (Cyprinus carpio) in a reservoir 
contaminated by the cooling operations of a nuclear power plant, tritium levels 
fluctuated throughout the study period (Baeza et al. 2009). Incorporation of tritium to 
bulrushes and carp was fairly similar, the respective mean concentration factors being 
0.74 and 0.8. The temporal changes in tritium levels fairly closely followed that 
observed for the surface water tritium, although evapotranspiration and the seasonal 
growth of cattails produced an annual periodicity for the levels of tritium in the plant. 

Most studies reviewed by Blaylock et al. (1986) to determine trophic transfer and 
bioaccumulation were experimental manipulations. Organically bound tritium is 
accumulated slowly and does not reach concentrations as high as those in tissue free 
water , but organisms that consume tritiated food accumulate OBT at a faster rate and 
attain a higher concentration than those only exposed to tritiated water. There was no 
indication of biomagnification of tritium through food chains from these studies. 

The recent white paper from the Tritium Working Group of the French Autorité de 
Sûreté Nuclairé (ASN 2010) attempts to begin to address the potential for 
biomagnification in the marine environment, and the authors make the distinction 
between bioconcentration, bioaccumulation, and biomagnification118 

Concentrations of tritium in seawater and marine biota have been elevated as a result 
of discharges from nuclear facilities in the UK (Cardiff, Sellafield, Hartlepool). Near 
Cardiff, concentration factors above a priori values have been attributed to discharges 
of OBT from a health care facility (e.g., Williams et al. 2001). Concentration factors 
increased to values near 7,000 in flounders and about 4,000 in mussels, but since 

                                                 
118

 Bioconcentration is generally the presence of a substance in an organism (e.g., aquatic organism) at a higher 

concentration than is measured in the environment (e.g., water). Bioconcentration factors (ratio between the 

contaminant concentration in the organism and the surrounding environment) are usually defined in the laboratory and 

do not take into account transmission up trophic levels. Bioaccumulation is often used with the same meaning as 

bioconcentration, and includes food as a source of contaminant increase, but also takes into account accumulation of 

the contaminant from other sources in the environment (atmosphere, water, etc.). If the phenomenon of increased 

contamination occurs at each trophic level, with cumulative increase in concentration of the substance as it moves up 

the food chain, the term used is biomagnification. Another important consideration with regard to tritium is the idea 

of remnance, where an organism was exposed to higher environmental concentrations in the past than in the present, 

leading to a higher concentration of the contaminant as compared to the environment because it fixes in the organism 

at a particular concentration and remains there for a period of time. Remnance can also apply to abiotic aspects of the 

environment such as sediments, when biophysical processes can cause a substance to be fixed in the environment over 

the long-term (ASN 2010). 
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2001, have been decreasing.119 The tritium concentration factors are still high near 
Cardiff, but not the other two sites; the variation between years, sites, and organisms 
could be due to changes in discharges. Differences in the organic content of effluent 
and uptake by different organisms near the different sites may be contributing (Hunt et 
al. 2010).  

For the Sellafield site (fuel reprocessing facility which discharges tritiated water), 
tritium content found as free tritium (HTO) or organically bound tritium (OBT) in 
marine fauna (fish, crustaceans and mollusks) varies by a factor of 10 with respect to 
the concentrations found as HTO in the sea water with a one to two year time lag 
between the maximum discharge values and the maximum tritium values in mollusks 
and flat fish (ASN 2010). The ASN (2010) Working Group discussed various 
hypotheses to account for these findings: “Some consider that the abnormally high 
concentrations measured in fish near Sellafield may result either from remnance in 
sediment labelling following previously large discharges or from the existence of 
tritiated organic molecules in the same water outflow. Others consider that this is a 
case of bioaccumulation which is related to the discharge of tritiated water. According 
to proponents of this view, the hypothesis of marine currents carrying tritium-labelled 
organic molecules discharged by the Cardiff radiochemical plant is refuted by the fact 
that analysis carried out near the Wylfa nuclear power plant (NPP), on the west coast 
of the UK between Cardiff and Sellafield did not find any detectable presence of 
tritium in the marine fauna.” 

Concentration ratios (CRs), or the whole organism-to-water activity concentrations, 
are typically used to estimate radionuclide concentrations in biota at particular bodies 
of water over time based on surface water measurements. An international model 
validation study has begun to address the complexities of developing and 
standardizing methods of assessing impacts of radionuclide contamination on diverse 
biota and whole ecosystems rather than just humans (e.g., Yankovich et al. 2009). 
Numerous models were tested with field measurements of tritium at Perch Lake, 
Atomic Energy of Canada Limited (AECL)’s Chalk River Laboratories site. In 
general, modeled values were 1-3-fold less than measured values based on a 
concentration ratio (CR) of one, though two models (RESRAD-BIOTA, NRPA and 
USDOE 2002, in Yankovich et al. 2009) over- and under-estimated tritium activity 
concentrations in fish by 10- and five-fold, respectively (Yankovich et al. 2009).  

Additional discussion of bioconcentration factors and accumulation within tissues of 
aquatic organisms continues below (in the section ‘Accumulation Within Tissues’). 

Terrestr ia l  Systems 

Tritium is readily incorporated into plants during photosynthesis and is distributed 
throughout the food chain by consumption of plants (e.g., Choi and Aranoff 1966, 
Kanazawa et al. 1982 in Driver 1994). Retention in terrestrial systems depends on 

                                                 
119 Since tritiated water is effectively chemically identical to normal water, the concentration of tritiated water in an 

organism is expected to be very close to the concentration of tritiated water in the water from which the organisms 

obtains its water.  When a large breakdown in this relationship is observed, it is likely due to a temporal change in the 

concentration of tritium in the water resource and the organisms has not had a chance to re-establish equilibrium 

between the organism and its source of water. 
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rates of catabolism at various trophic levels and the forms and extent of OBT 
incorporated into organisms (Driver 1994). Neither plants nor animals are traditionally 
thought to concentrate tritium in their tissues, and hence its biomagnification potential 
is generally discounted (Driver 1994). Boyer et al. (2009) review the literature on 
tritium in plants, including the processes of uptake, incorporation and conversion of 
tritium into plants.  

Tritium concentration in plants is strongly correlated to the HTO concentration in 
water vapor and precipitation, and plants obtain tritium from both water vapor and 
soil-water. The relative humidity of the atmosphere strongly influences where plants 
get most of their tritium: if humidity is high, most tritium originates from the air, and 
if humidity is low, most tritium enters plants via the root system (Kumar et al. 2010). 
These authors also reiterate the need for additional study of OBT in plants in order to 
understand the behavior of tritium in terrestrial systems. 

Vichot et al. (2008) studied plants and lichens continuously exposed to tritium in the 
atmosphere in order to test exposure models. The concentration of organically bound 
tritium in tree rings was strongly correlated with timing of tritium releases, and 
distance from releases could explain some variation. Lichens are recognized as 
bioindicators, and for very contaminated areas, OBT activity in lichens has been 
measured at levels 1,000 times higher than background, and still 10-100 times higher 
at a distance of 20 km from the tritium release source (Daillant et al. 2004). Their 
slow metabolism makes them suitable for tracing of tritium incorporated by 
photosynthesis. Other authors argue that lichens cannot be used to determine tritium 
integration time and integration appears to be variable depending on lichen species, 
however, so their use as bioindicators may be limited (Vichot et al. 2008). 

Momoshima et al. (2000) found that tritium concentrations in organic fractions of 
dead and degraded pine needles accumulated on the forest floor was higher than the 
water fractions of tritium. The higher tritium concentration in the organic fraction was 
thought to be caused by decomposition, particularly microbial oxidation of 
atmospheric hydrogen and methane. Rain was the primary source of water fractions in 
the samples (with larger water fractions in fresh pine needles, but lower tritium 
concentrations in the fresh needles).  

ACCUMULATION WITHIN TISSUES 

Photosynthesis readily incorporates tritium into plant tissues, but neither plants nor 
animals are thought to concentrate tritium in their tissues (Driver 1994). The 
biological half-life for plants can be thought of in three phases: the first component is 
rapidly excreted (about 90%) within 0.3 to 2.0 hours, the organically bound tritium 
(OBT) is excreted within 17 to 30 hours, and tritium in the soil water has a half-life of 
80 to 270 hours (references within Driver 1994). Plant concentration ratios are less 
than 1.0 for plants exposed to tritiated water (Diabete et al. 1990 in Driver 1994). 

Ingested HTO in animals is almost completely absorbed from the gastrointestinal tract 
and is quickly incorporated into the blood (Pinson and Langham 1957 in NCRP 
1979). Within minutes it can be found in varying concentrations in the various organs, 
fluids, and tissues of the body (references within NCRP 1979). Most mammalian 
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studies on tritium ingestion and accumulation have been done on mice, rats or 
agricultural animals (references within Driver 1994). The biological half-life of 
tritium is known to vary with animal species, the age of the animal, and the tissue or 
organ under consideration (NCRP 1979). Most relevant to the effects of tritium and its 
half-life within an organism is how much of it is incorporated into DNA. In one study 
with mice and rats given tritiated water for 41-147 days, the nonexchangeable OBT 
was 25-40% of the tissue free water tritium. The mouse liver DNA non-exchangeable 
OBT was 12% of that of the tissue water. In another study (Mewissen and Rust 1975 
in NCRP 1979) incorporation of tritium into RNA was five-fold greater than in DNA.  

Calves and pigs show a 10-60-fold increase of tritium in their tissues if they ingest 
tritiated plant material vs. drinking tritiated water (Kirchmann et al. 1977 within 
Driver 1994). Rats show an increase in tritium in their tissues related to the protein 
content of the plant materials they ingest, and food with higher fat content meant 
higher tritium content in the rats’ fat tissue (Takeda and Iwakura 1992 in Driver 
1994). Rats, mice, and rabbits fed either tritiated food or tritiated water had specific 
activity ratios ranging from 0.2-1.0 after continuous ingestion of tritium (references in 
Driver 1994). Only kangaroo rats had higher concentration of tritium because of their 
unique water metabolism (1.2-1.6). Biological half-lives of the first compartment of 
tritium in body water of mice, pigs, and cows range from 1.1 hours (mouse) to over 
four hours for pigs and cows. The second OBT compartment was 33 hours for 
lactating cows and 40 hours for non-lactating cows (references within Driver 1994). 
There are differences in the residual specific activity of tritium in various organs and 
tissues, with higher specific activity typically seen in brain and body fat, but it is 
always well below (10-40%) the specific activity of the tritiated water from which it 
was derived (Thompson 1971 in NCRP 1979). 

Studies on birds are limited, with most on domestic fowl, with human ingestion as the 
focus of most investigations. Peak activity of the free water fraction of chicken eggs 
occurred one day after hens received a single dose of tritiated water, and decreased 
with an average half-life of 3.65 days (Mullen et al. 1975). Peak activity of tritium 
incorporated into the organic constituents was recorded after six days for albumen and 
eight days for yolk with half-lives very similar to the free water fraction (Mullen et al. 
1975). 

As described above, the exchangeable form of tritium contains hydrogen molecules 
bound to elements other than carbon. About 70% of the body’s hydrogen is in this 
form, as body water, whereas non-exchangeable hydrogen makes up the remainder in 
compounds such as proteins, lipids, carbohydrates, and nucleic acids. These strong 
carbon-hydrogen bonds are stable and only broken down with enzymatic reactions, so 
once tritium is incorporated into these components of cells as organically bound 
tritium (OBT), it has a longer biological half-life (e.g., Galeriu et al. 2005). Other 
studies in birds have focused on tritiated thymidine because of its use in molecular 
tracing studies. Party et al. (1997) found that birds injected with tritiated thymidine 
eliminated 98% of the radioactivity within 28 hours, via excreta. 

The majority of marine/aquatic studies focus on the dose effects on humans (e.g., 
Hodgson et al. 2005, Harrison 2009), but some assays that have shown genotoxic 
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effects on mussels (Mytilus edilus), have also shown that inorganic tritium 
accumulated differently in mussel tissues, with the gut accumulating the highest 
amount of radioactivity, followed by the gill, mantle, muscle, food and byssus thread 
(Jha et al. 2005). Differential accumulation within tissues of aquatic organisms has 
implications for biomonitoring assays. 

Numerous studies have focused on dose coefficients for humans, typically using the 
rat model, but with renewed interest in risk from seafood ingestion because of high 
tritium releases in areas like Cardiff Bay, U.K. (e.g., Hodgson et al. 2005, Harrison 
2009). For marine animals biological half-lives vary from 110-290 days (NCRP 
1979). Particular concern exists about ingestion of OBT directly, and estimates of 
incorporation into body tissues (particularly DNA) because of uncertainties in 
biokinetics and reliance on animal models. For intakes of OBT by adults it is 
generally assumed that 50% of tritium is non-exchangeably incorporated into organic 
molecules in body tissues. Substantial uncertainty is associated with this estimate 
because it is based on the behavior of selected forms of OBT in animals (Hodgson et 
al. 2005). Dose coefficients for ingestion of HTO or OBT also assume that absorption 
of tritium from the alimentary tract to blood is complete, and that tritium is then 
uniformly distributed throughout all body tissues. For intakes of HTO, the two 
components (HTO and OBT) are taken to account for 97% and 3% of tritium reaching 
blood, with half-times of retention in adults of 10 days and 40 days, respectively 
(ICRP 1993 and Harrison et al. 2002 in Hodgson et al. 2005). 

Devol and Powell (2004) investigated theoretical vs. experimentally-based dose ratios 
of OBT to free water tritium from ingestion of various foods, with theoretical values 
from grains in particular being 261% above the experimentally-derived value. The 
OBT vs. free water tritium content of different foods and the T:H ratio is a function of 
the kinetics associated with the assimilation of tritium into the tissues (Devol and 
Powell 2004). 

 
As discussed in other sections of this profile, tritiated water, atmospheric tritium 
including tritiated water vapor and food products containing tritium (particularly 
organically bound tritium) are all routes of exposure for organisms including humans 
and other animals directly or indirectly. Though its beta energy is weak, tritium 
exposure through food is of concern (especially food containing OBT); if tritium is 
incorporated into DNA, genotoxicity can result (e.g., Balonov et al. 1993). Tritium 
can be absorbed either as a gas or water vapor via skin or lungs and when humans 
inhale gaseous tritium a very small fraction is converted to HTO (about 0.004%) and 
retained as free water (Pinson 1951 in NCRP 1979). A small fraction of the tritium 
atoms from HTO can be incorporated into OBT, but most is turned over from the free 
water pool quickly. The uptake of tritium via inhalation of tritiated water vapor is 
efficient, with 99% of that inhaled taken into the body water within seconds (Hutchins 
and Vaughn 1965 in NCRP 1979). Skin uptake of tritiated water is correlated with 
skin temperature and is typically about equal to intake by inhalation (Osborne 1966 in 
NCRP 1979), and the amount of HTO absorbed through the skin is dependent on 

IV.   TYPICAL MAJOR 

EXPOSURE ROUTES 
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humidity as well. Hot weather and high humidity means more absorption of HTO, as 
would occur with regular water moving through the skin (ANL 2005). 

 

Tritium, especially in the form of tritiated water, which is by far its most common 
form in the environment, is generally not considered to be chemically toxic because it 
is, for all intents and purposes, water.  However, according to NCRP (1979): “when 
radioactive decay of tritium occurs, the emission of the beta particle gives the 
resulting species a recoil momentum that is very large in chemical terms.” The so-
called "hot atoms" can be used for labeling organic compounds (e.g., thymidine) and 
the recoil momentum of the helium ion formed by beta decay is sufficient to break C-
H bonds and allow substitution of tritium at any position occupied by a hydrogen 
atom. In this respect, tritiated water can be considered to be chemically toxic, but, in 
fact, it is its radiological decay that is responsible for this particular type of 
biochemical insult. 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no known beneficial or protective properties of tritium, although it does 
have beneficial uses.  Tritium is used as a tracer in biological and environmental 
studies, and as an agent in luminous paints such as those used to make building exit 
signs, airport runway lights and watch dials (ANL 2005, Mutch and Mahony 2008). 
Tritium is also widely used as a tracer in molecular biology experiments in which 
tritium-labeled thymidine is typically used (Katz 2005). 

 

MECHANISM(S)  AND LOCI  OF TOXICITY 

Radioecological damages to aquatic and terrestrial organisms due to tritium in the 
environment result from ionization caused by the interaction of its beta particles with 
living tissue and to a lesser degree the recoil of the tritium atom incorporated into 
DNA and the associated changes in the base pair sequences. 

Upon each disintegration, tritium emits a beta particle with a maximum energy of 
0.0186 MeV and an average energy of 0.0057 MeV (Shleien et al. 1998).  In all 
organisms, tritium is metabolized as water, and distributed throughout the body as 
water, where all of its beta energy is deposited. 

In ternal  Beta Exposures 

Figure 5.8.1 of Shleien et al. 1998 indicates that beta particles of this energy have a 
range in water (which is equivalent to tissue in terms of stopping power) of about 
0.0001 cm2/g, which is about 0.0001 cm in tissue.  Given that the typical energy 
required to ionize a molecule (i.e., eject an electron from its orbit) is about 34 to 35 
eV (see Casarett 1968, page 17), the total number of ion pairs produced by the energy 
deposited in tissue from the typical energy beta particle emitted by tritium is about 
2163 ion pairs (i.e., ~0.0057 MeV/35 eV). 

The pattern of energy deposition for beta particles is described in Morgan and Turner 
(1973) as follows: 

V.  CHEMICAL 

ECOTOXICITY 

VI .   RADIOLOGICAL 

ECOTOXICITY 



 Public Review Draft Hanford Natural Resource Injury Assessment Plan 
 

 

  B10-12 
 

Mean linear ion density = T/Rt × W 

Where: 

T = average energy of electron liberated 

Rt = range or electrons of energy T 

W = average energy to form an ion pair 

For tritium, the equation is 0.0057 MeV × 1,000,000 eV/MeV ÷ 0.0001 cm × 35 
eV/ion pair =  1.6 × 106 ion pairs per cm or about 160 ion pairs per micron.  Given 
that a typical cell is on the order of tens of microns (see page 102 of Curtis and Barnes 
1989), a single cell might experience about 1600 ion pairs produced by the passage of 
a typical tritium beta particle.  It is primarily this deposited energy in living tissue that 
results in biological damage. Also of concern is the replacement of hydrogen atoms 
with tritium in nucleic acids, and resulting genotoxic effects.  

Jones et al. (2010) summarizes the impact of ionizing radiation on cells: 

“Ionizing radiation is now recognized to be a significant risk for carcinogenic 
events. By its nature, radiation exposure to living system of energy sufficient to 
produce atomic ionization, can damage key cellular molecules and organelles, 
especially nuclear and mitochondrial nucleic acids. Significant exposure or high 
energy radiation produces single and double strand breaks in the nucleic acids. 
Damaged cellular molecules can result in perturbed cellular function, altered 
transcription, translation, and reproduction. These perturbations are the root for 
cellular genotypic and phenotypic changes that lead to neoplastic transformation. 
Recent studies are beginning to unfold possible mechanisms of ionizing radiation-
induced carcinogenesis… Epidemiological data has been accumulating from 
numerous sources of animal and human ionizing radiation exposure, which clearly 
links these exposures with subsequent carcinogenesis. At sub-lethal doses, 
ionizing radiation is a powerful carcinogen, even though at high doses it is lethal 
to both normal and neoplastic cells and tissues. Since at least one of the molecular 
events seems to occur via radiation-induced reactive oxygen species (ROS) 
formation, then a possible means to reduce the risk of radiation-induced cellular 
damage may be via free radical scavengers, antioxidants, stimulators of ROS 
clearance and other radioprotectors and immune modulators.” 

FACTORS AFFECTING TOXICITY 

Because tritium in the environment and incorporated into biota is chemically identical 
to water, there are no factors that can affect its uptake or toxicity.  However, in higher 
organisms, drinking lots of  water increases the rate at which tritiated water is excreted 
from the body, thereby reducing the dose to organisms that have absorbed tritium.  As 
far as combined effects, very little is known about the combined action of other 
stressors on the adverse effects of radiation, including internal exposure to tritium, on 
biota. 
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PLANTS 

Boyer et al. (2009) review the literature on tritium in plants, including the processes 
of uptake, incorporation and conversion of tritium into plants. Little work has been 
done on the effects of beta-emitters such as tritium alone on plants, as most ionizing 
radiation exposure includes gamma- and alpha-emitters. However, numerous studies 
have investigated the effects of chronic exposure to multiple radionuclides at sites 
such as Chernobyl (e.g., Grihikh and Shevchenkovv 1992, Bourbriak et al. 2008). 
Chromosomal aberrations are typically evident in root meristematic cells during the 
first mitosis metaphases of seed germination, with especially high frequency soon 
after initial radiation release (Grihikh and Shevchenkovv 1992). Both diploid cells 
(e.g., seed embryos of the evening primrose) and haploid cells (e.g., birch pollen) 
from plants in fall-out sites show DNA damage as well as improved capacity to repair 
DNA damage over time; however the ability to repair DNA damage does not seem to 
improve at sites exposed to combined alpha- and gamma/beta- emissions (Bourbriak 
et al. 2008). 

AQUATIC INVERTEBRATES AND F ISH 

According to NCRP (1979) the vertebrates with the shortest half-life for free water 
tritium probably are freshwater fish, with a two component half-life of 0.2 hours 
(96%) and 0.9 hours (4%) and for OBT a half-life of 8.7 days, except for small 
remaining residue. 

One of the largest spawning populations of fall Chinook salmon (Oncorhynchus 
tshawytscha) occurs on the Hanford Reach (Dauble and Watson 1997) and other 
nearby ‘Ecologically Significant Units’ of this species are listed as threatened or 
endangered under the federal Endangered Species Act. Steelhead trout (Oncorhynchus 
mykiss) within the Hanford Reach are considered part of the upper Columbia River 
Evolutionarily Significant Unit and are listed as endangered under the federal 
Endangered Species Act (Mueller 2009). The early life stages of these species are 
potentially exposed to radiological contaminants that enter the river via shoreline 
seeps and upwelling through the river substrate (Poston et al. 2003). Poston et al. 
(2003) performed dose assessments for developing salmonid embryos for hypothetical 
exposure to tritium at specific sites on the Hanford Reach, and found that at the Tier I 
screening level, no site approached the dose guideline of 10 mGy/d established with 
the RAD-BCG calculator, but cumulative impacts should be monitored.  

Jha et al. (2005, 2006) investigated the genotoxic effects of tritium on adult mussel 
(Mytilus edilus) haemocytes. A dose dependent increase was seen in induction of 
micronuclei and single strand DNA breaks/alkali labile sites (Comet assay), and less 
than 500 Gy /h (0.05  rad/h) of tritium is capable of inducing genetic damage.  

MAMMALS 

Tritium ingested in organic form in food is approximately three times more radiotoxic 
than tritiated water (dose coefficient per unit of activity ingested is approximately 
three times higher) due to the biological (elimination) half-life (ASN 2010).  
Consistent with this, the frequency of dominant lethal mutations induced by OBT in 
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the form of labeled lysine, thymidine, and deoxycytidine is three to 12 times higher 
than those induced by equal HTO activity (Balonov et al. 1993).   

Even tritiated water has the potential to have genotoxic effects, however. Ribas et al. 
(1994) found that low concentrations of beta-radiation administered in the form of 
tritiated water to human blood lymphocyte cultures induced a significant increase in 
the frequency of chromosome aberrations, though it did not induce sister-chromatid 
exchanges. Other studies have investigated the effects of tritiated water on DNA 
damage and repair in blood cells, mainly using mice and rats as models (e.g., Balonov 
et al. 1993). Because tritium is readily absorbed into the bloodstream from all routes 
of exposure, radiological effects are comparable to those of whole body exposure 
(Osborn 1972 in Driver 1994). Studies in mice and rats indicate that the 
radiobiological effects of tritium beta radiation in the form of HTO is two to six times 
higher than gamma radiation of Cesium-137 (Balonov et al. 1993).  This is believed to 
occur because the linear energy transfer (LET) of the betas from tritium are higher 
than the LET from other beta and gamma emitters.  Hence, the same dose in rad from 
tritium is more damaging than the dose from other beta/gamma emitters. 

Genetic consequences, especially in ovaries and testes are of primary concern (Driver 
1994). Again, the mouse model is most common in studies of tritium effects on 
oocytes. For example, a particular dose response relationship is defined for 
frequencies of chromosome aberrations in mouse eggs at the pronuclear stage exposed 
to beta-particles via tritiated water (Matsuda et al. 1986). 

Tritium has also been studied in mammals in the context of relative biological 
effectiveness (RBE) experiments (Little and Lambert 2008).  The RBE is a way to 
estimate the absorbed dose of particular radiation under consideration by using 
reference doses of other types of radiation (gamma, x-ray).  Little and Lambert (2008) 
compiled tritium RBE studies that evaluated endpoints including carcinogenesis, 
chromosomal aberration, cell death, and others; however, reference radiations vary 
widely in the published literature, and doses and dose rates studied in organisms other 
than man are frequently much higher than those normally received by humans. The 
authors caution that the RBE values summarized in their review should not be used as 
RBEmax (the maximum relative biological effects observed experimentally) because 
of flaws and varied interpretations in many of the studies. Challenges with 
understanding risk to humans from tritium radiation are many, and ecologically 
relevant wildlife studies are few (Little and Lambert 2008).  It is important to keep in 
mind that experimentally observed RBEs are unique to the radionuclide, organism, 
biological end point, and circumstances that apply to a given experiment.  Hence, 
caution must be used when extending an RBE determined from one experiment to 
another. 

BIRDS 

Driver (1994) summarizes general effects of ionizing radiation on birds: “As a group, 
birds appear to be at greater risk of beta-gamma radiation exposure than other wild 
animals. About 33% of birds collected from a contaminated area had radiation counts 
above the background level, whereas only 7% of the mammals collected, and 5% of 
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the reptiles collected had higher-than-background counts. The higher rate of 
contamination was attributed to the grit-use behavior of birds (Bellamy et al. 1949).” 

Information on tritium’s specific effects on birds is limited. Driver (1994) summarizes 
Hanson and Watson’s (1960) concentration factors for beta-emitters for birds that 
might inhabit the Columbia River area, including shorebirds, diving ducks, river 
ducks, grebes, gulls, and mergansers. They concluded that omnivorous and fish-eating 
birds have lower concentration factors than invertebrate- or larvae-feeders or 
herbivores. Driver (1994) also reviewed LD50/30s for a variety of avian species 
(passerines and waterfowl) and found that LD50/30s ranged from 400-1060 rad. 
Types of radiation were not always defined in this review, but impacts of ionizing 
radiation on a wide range of species, behavioral impacts, genotoxic effects, and 
abnormalities are summarized. For some studies of sublethal effects, no reproductive 
effects were observed, even at relatively high cumulative doses (e.g., 500 to 5316 R 
did not affect egg production, plumage coloration, or ovarian tissue structure (Greb 
1955, Greb and Morgan 1961 in Driver 1994). For those studies that focused on 
genotoxic and other cellular effects, these ranged from increased mitotic abnormalities 
and inhibition of cell division of the cornea to testicular damage- and arrested germ 
cell maturation. Driver (1994) concludes that gross congenital abnormalities induced 
by radiation are relatively uncommon in birds. 

 
There have been few studies on tritium’s synergistic effects with other contaminants. 
One would expect additive and synergistic effects of exposure to tritium with other 
environmental toxicants, such as heavy metals. Also because tritium’s effects are only 
radiological, exposure to tritium usually comes with exposure to other radionuclides 
that might be more toxic, especially cumulatively (e.g., Balonov et al. 1993). 
Concerns over the possible synergistic effects of exposure to radiation and chemical 
toxins have been extensively raised and reported in the scientific literature (Burkart et 
al. 1997, Prasad et al. 2004) but little consensus has been achieved in quantifying 
these effects in humans, except possibly for radon and smoking (BEIR IV 1988) and 
certainly in the enhancement of the therapeutic effects of radiotherapy used to treat 
cancer (e.g., Lew et al. 2002).  UNSCEAR (2000) Annex H explores the combined 
effects of radiation and chemical agents, including heavy metals.  Only a few data are 
available from combined exposures of radiation and metals in human populations and 
no firm evidence of interactions has been observed.  

There is some literature on observed synergistic adverse effects of radiation and toxic 
chemicals on organisms other than humans (e.g., salmon, Mothersill et al. 2007).  
Examples of ionizing radiation and metals producing combined effects in other 
biological systems include synergistic effects on soil microbial activity from cadmium 
and zinc in combination with gamma radiation (summarized in UNSCEAR 2000).   

Overall, there is a clear need for additional research on synergistic effects of multiple 
stressors in radioecotoxicology (e.g., Salbu and Skipperud 2007, Mothersill and 
Seymour 2007). In particular, these authors raise the issue of pesticides, organics, and 
endocrine disruptors and synergistic effects with radioactive materials, particularly 
with long-term exposure to various biological systems. Manti and D’Arco (2010) 

VI I .  EFFECTS IN THE 

PRESENCE OF OTHER 

CONTAMINANTS 
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summarize the in vitro and animal-model studies and epidemiological surveys with 
two or more stressors, including radionuclides (DNA-damaging agents). They also 
emphasize that most research focuses only on the short-term effects of combined 
single exposures to animal models, and more work is needed to understand chronic 
exposure to trace contaminants and radioactive elements in the environment, including 
impacts to long-term genome stability. Specific research is lacking on tritium effects 
with multiple stressors on biological systems, particularly non-human systems. 

  

The recent  Autorité de Sûreté Nuclairé (ASN) Working Group on Tritium in France 
(ASN 2010)  put out several recommendations for further study surrounding tritium in 
the environment including: 1) standardizing measurement protocols for the various 
forms of tritium (particularly exchangeable and non-exchangeable), 2) improvement 
of monitoring of discharges (particularly of OBT) and reference species for 
environmental sampling, 3) improvement of RBE estimates, 4) standardizing dose 
assessment methods according to the forms of tritium, contamination pathways and 
length of exposure, 5) focusing studies on the effects of tritium exposure on embryos 
and fetuses, and investigate potential induction of hereditary effects, and 6) assessing 
the feasibility of epidemiological studies. This group also focused on the need for 
more work on the possible biomagnifications of OBT, as some suspect may occur in 
marine systems.  

Studies of ecologically relevant doses and effects of tritium to wildlife species are 
lacking, particularly for non-laboratory, non-agricultural mammals, birds, amphibians, 
and reptiles. 
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URANIUM (U)  
ECOTOXICOLOGICAL PROFILE 

 
 

Uranium (U) is one of the hazardous substances (as defined by Sections 101(14) and 
101(33) of CERCLA and listed in 40 CFR §302.4) to which natural resources have 
been exposed as a result of operations and cleanup efforts over the past 60 years at the 
U.S. Department of Energy (DOE) Hanford Site in the State of Washington.  Uranium 
is a naturally occurring element in rocks and minerals in the earth’s crust and has the 
highest atomic weight of any naturally occurring element. Uranium is unusual in that 
it is both radiologically and chemically toxic.   

Natural uranium is made up of three isotopes120: U-238, U-234 and U-235.  U-238 is 
the most abundant of the three isotopes, making up 99.27% of the total mass of natural 
uranium. U-234 and U-235 make up only a fraction of a percent of the total mass: 
0.0005% and 0.72%, respectively. Although the U-238 isotope makes up the majority 
by mass of natural uranium, it is not particularly radioactive, with a very long half-life 
of 4.5 x 109 years (ATSDR 1999).  The radioactive properties of natural uranium are 
due partially to the presence of the other two less stable isotopes.  U-234 has a half 
life of 2.4 x 105 years, which is several orders of magnitude lower than that of U-238, 
and U-235 has a half-life of 7.0 x 108 years (ATSDR 1999).  Since U-235 is the only 
naturally occurring fissile isotope, the concentration of U-235 is often increased 
through the enrichment process in order for uranium to be used as nuclear fuel, as was 
the case at the Hanford Site.   This is typically accomplished by chemically separating 
the uranium from the ore matrix, converting the uranium to uranium oxide (U3O8), 
and then processing the oxide in various manners, including fluorination to uranium 
gas (UF6), which is passed through a diffusion process in order to produce the 
enriched uranium.  

 

NATURAL SOURCES 

Uranium is found in rocks and soil and is released into the environment by natural 
weathering of the rocks, erosion by wind, and by volcanic activity (ATSDR 1999).  
Typical concentrations of uranium in common rock types are 0.5 to 4.7 ppm 
(Eisenbud and Gesell 1997).  Exhibit 1 summarizes typical concentrations of natural 
uranium in air, drinking water, and a variety of food products. 

 

                                                 
120 A nuclide of an element having the same number of protons but a different number of neutrons.  Nuclide is a general 

term applicable to all atomic forms of an element. Nuclides are characterized by the number of protons and neutrons 

in the nucleus, as well as by the amount of energy contained within the atom 

(http://www.epa.gov/radiation/glossary/index.html).  

I I .   SOURCES 

I .   INTRODUCTION 
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EXHIBIT 1 URANIUM CONCENTRATIONS IN AIR  AND FOOD PRODUCTS (UNSCEAR 2000) 

 
URANIUM CONCENTRATION 

(PCI/M3) 

Air 2.43e-5 – 1.35e-4 

 
URANIUM CONCENTRATION 

(PCI/KG) 

Milk 0.019 
Meat 0.02 – 0.06 
Grain 0.08 – 0.6 
Leafy vegetables 0.65 
Root vegetables and Fruits 0.024 – 0.21 
Fish products 0.35 – 51.3 
Drinking water 0.008 – 2.1 

 

EXHIBIT 2   RADIOACTIVE DECAY SERIES  FOR U-238 

NUCLIDE AND RADIATION TYPE APPROXIMATE HALF-LIFE 

Uranium‐238 4.5 x 109 years


Thorium‐234 24 days


Protactinium‐234 1 minute


Uranium‐234 2.4 x 105 years


Thorium‐230 7.7 x 104 years


Radium‐226 1600 years


Radon‐222 3.8 days


Polonium‐218 3 minutes


Lead‐214 27 minutes


Bismuth‐214 20 minutes


Polonoium‐214 1.6 x 10‐4 seconds


Lead‐210 22 years


Bismuth‐210 5 days


Polonium‐210 140 days


Lead‐206 Stable
Source:  http://pubs.usgs.gov/of/2004/1050/uranium.htm 
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When present in the environment, uranium is often accompanied by the other 
members of its naturally occurring decay series121.   Exhibit 2 presents the U-238 
decay series.  When present naturally in the environment (such as uranium ore), all 
these radionuclides are also often present in radioactive equilibrium.  This means that 
each radionuclide in the series is present in the same concentration (e.g., if 1 pCi of U-
238 is present in a gram of soil, it is likely that all the other radionuclides in the decay 
chain are also present at comparable concentrations).  When uranium is chemically 
separated from its ore, the short-lived progeny of U-238 (Th-234 and Pa-234) grow in 
quickly and will also be present.  

ANTHROPOGENIC SOURCES 

The anthropogenic sources of uranium in the environment surrounding the Hanford 
Site originated from releases from the nuclear fuel cycle processes at that site.  The 
Hanford operations included plutonium (Pu) production and research reactors, 
chemical separation facilities, and fuel fabrication facilities, all of which involved 
processing and storing of various uranium compounds.    

The 100 Area at Hanford contained the nine reactors where the uranium targets were 
bombarded with neutrons produced from uranium fuel to produce plutonium. 
“Because only a fraction of the uranium in fuel and targets was converted to 
plutonium during each cycle through a reactor, workers at Hanford and Savannah 
River Site processed hundreds of thousands of tons of uranium” (DOE 1996).   

Plutonium was subsequently separated from the uranium at the Hanford 200W and 
200E Areas.  The separation facilities consisted of the B Plant, T Plant, U Plant, 
Reduction-Oxidation (REDOX), the Plutonium-Uranium Extraction (PUREX), UO3, 
and C Plant (ORAU 2010).   

Uranium was also processed and fabricated in the 300 Area.  The facilities in that area 
included the Uranium Metal Fuels Fabrication Facility, which processed and encased 
rods in aluminum, the Uranium Metal Extrusion Facility, which processed raw 
uranium billets into rods, and the 303 Facilities Fresh Metal Storage Facility, which 
consisted of 10 buildings reserved for the storage of fresh uranium, chemicals, 
uranium scrap and plutonium.  Building 303-L was an additional building built in 
1961 for the purpose of burning uranium metal scrap to uranium oxide so the leftover 
usable uranium could be recovered.  The burning resulted in elevated airborne 
uranium concentration levels that exceeded the maximum allowable levels at that 
time. The 303-L building was subsequently shut down in 1971 (ORAU 2010).  To 
varying degrees, these processes resulted in the release of uranium into the 
atmosphere and later deposition on the soil and surface water.  Some of the wastes 
from these processes leached into the groundwater and entered into the Columbia 
River (Delistraty and Yokel 1998). 

 

                                                 
121 Most naturally occurring radioactive materials and many fission products; undergo radioactive decay through a series 

of transformations rather than in a single step. Until the last step, these radionuclides emit energy or particle with 

each transformation and become another radionuclide. This decay chain, or decay series, ends in a stable nuclide 

(http://www.epa.gov/radiation/understand/chain.html). 
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As a preface to this section, it is appropriate to point out that the subject of the 
environmental chemistry of uranium is vast, and can include both the physical and 
chemical behavior of uranium in the environment as well as its transport through 
aquatic and terrestrial ecosystems.  Many compendia have been published that address 
this broad subject.  Till and Meyer (1983) is one of the earliest compilations and 
describes the environmental behavior of radionuclides, including uranium.  A recent 
addition to the literature on this subject is the International Atomic Energy Agency’s 
(IAEA) Handbook of Parameter Values for the Prediction of Radionuclide transfer in 
Terrestrial and freshwater Environments (2010).  In addition, the U.S. Department of 
Energy Richland Operations Office (DOE-RL) periodically updates the System 
Assessment Capability (SAC), which is an environmental assessment tool that can be 
used to assist in the analysis of the movement of contaminants from waste sites at the 
Hanford Site into and through the vadose zone, groundwater, atmosphere, and 
Columbia River.  These reports can serve as a convenient starting point for compiling 
generic and site-specific models and modeling parameters for assessing the behavior 
of uranium in the environment at Hanford.  

The ATSDR report on uranium describes, in general, the interaction of uranium 
compounds with the environment:  

“Uranium deposited by wet or dry precipitation will be deposited on land or in 
surface waters. If land deposition occurs, the uranium can be reincorporated 
into the soil, resuspended in the atmosphere (typically factors are around  

10-6/m), washed from the land into surface water, incorporated into 
groundwater, or deposited on or adsorbed onto plant roots (little or none 
enters the plant through leaves or roots). Conditions that increase the rate of 
formation of soluble complexes and decrease the rate of sorption of labile 
uranium in soil and sediment enhance the mobility of uranium. Significant 
reactions of uranium in soil are formation of complexes with anions and 
ligands (e.g. CO3

-2, OH-1) or humic acid, and reduction of U+6 to U+4.  Other 
factors that control the mobility of uranium in soil are the oxidation-reduction 
potential, the pH, and the sorbing characteristics of the sediments and soils” 
(p. 259 of ATSDR 1999).” 

The uranyl ion (UO2
2+) is the most stable form of uranium and therefore the most 

common form found in the environment (Sheppard 2005).  Sheppard (2005) 
summarizes the oxidation states of uranium and their interaction with the 
environment: 

“The oxidized U (+VI) (uranyl) ion complexes readily with carbonate, 
phosphate or sulfate ions. In these forms, U is soluble and readily transported. 
In contrast, under reducing conditions, such as those found in anoxic waters 
and sediment, U occurs in the tetravalent (U(+IV)) state which has a strong 
tendency to bind to organic material and to precipitate, and is therefore 
immobile. Metallic U and particles of insoluble U compounds are not very 
bioavailable.” 

I I I .   ENVIRONMENTAL 

CHEMISTRY 



 Public Review Draft Hanford Natural Resource Injury Assessment Plan 
 

 

  B11-5 
 

FATE AND TRANSPORT 

A comprehensive review of binding coefficients for a broad range of elements, 
including uranium, is provided by Sheppard and Thibault (1990), as shown in Exhibit 
3.   

EXHIBIT 3  URANIUM Kd VALUES (SHEPPARD AND THIBAULT 1990) 

SOIL TYPE 
GEOMETRIC MEAN OR BEST 

ESTIMATE OF Kd VALUE 
RANGE 

Sand 35 0.03 – 2,200 
Loam 15 0.2 – 4,500 
Clay 1600 46 – 395,100 
Organic 410 35 – 7,350 
Agricultural Soils & Clays, pH of 4.5 – 9  
(Baes & Sharp 1983) 

45 10.5 – 4,400 

 

Given the wide range in values, it is clear that Kd values are of limited use unless a 
great deal of information is available regarding the chemical properties and types of 
soil at the site. 

Serne et al. (2002) performed experiments to assess the leaching and sediment 
sorption of uranium in soil samples taken from the Hanford 300 Area. Their 
laboratory results show that “uranium sorption onto the uncontaminated sediment was 
highly variable and the sorption was dependent on the solution concentrations of 
inorganic carbon, pH, and to a lesser extent total dissolved solids.”  They also found 
that the “uranium adsorption Kd values ranged from 0 ml/g to >100 ml/g depending on 
which solution parameter was being adjusted.”  

The uranium Kd values may also range widely in the actual environment surrounding 
Hanford since Serne et al. (2002) describe that the natural vadose porewater and the 
groundwater composition vary according to rain and snowfall and the “fluctuations of 
the [Columbia] River which cause groundwater and river water to mix at different 
proportions at different times of the year and different times of the day.” 

BIOACCUMULATION POTENTIAL 

Bioconcentration factors for uranium vary widely among different types of organisms, 
with the highest bioaccumulation observed in low trophic organisms, such as bacteria 
and algae.  Bioconcentration factors for water bacteria range from 2,794 to 354,000 
(Driver 1994).  A bioconcentration factor of 1,576 has been measured in fresh water 
algae, and a factor of 439 has been measured in plankton (Driver 1994; ATSDR 
1999). Uranium bioaccumulation studies involving a variety of fish species showed 
that the bioconcentration factors for fish are no greater than 38.  It appears that, in the 
case of bacteria, the observed bioconcentration is a result of the adsorption of uranium 
on the cell wall and not the absorption of uranium within the cell.  A similar 
observation regarding the adsorption of uranium has been made for plants.  Studies 
show that uranium adheres to the outer layer of the roots but does not penetrate the 
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inner tissue of the plant.  Therefore, root vegetables grown in soil containing elevated 
levels of uranium are potential sources of uranium exposure to humans and animals 
(ATSDR 1999).  

A recent IAEA (2010) publication reports uranium soil-to-plant transfer factors.  
Exhibit 4 is excerpted and summarized directly from Table 17 of IAEA 2010. 

 

EXHIBIT 4 URANIUM SOIL-TO-PLANT TRANSFER FACTORS (DRY WEIGHT) FOR THE 

TEMPERATE ZONE (ALL SOIL GROUPS) ( IAEA 2010) 

PLANT GROUP  COMPARTMENT N MEAN MIN MAX 

Root crops 
Roots 
Stems & Shoots 

48 
37 

8.4e-3 
2.8e-2 

4.9e-4 
2.0e-3 

2.6e-1 
7.0e-1 

Tubers 
Tubers 
Stems & shoots 

28 
1 

5.0e-3 
1.9e-1 

1.8e-4 
- 

8.0e-2 
- 

Herbs  9 3.6e-2 8.6e-1 4.1e-1 

Other crops 
Sunflower leaves 
Sunflower grain 

39 
7.1e-2 
1.5e-2 

8.9e-3 
8.2e-3 

7.8 
2.9e-2 

Grasses Stems & shoots 2 1.7e-2 2.0e-4 5.5 
Pasture Stems & shoots 147 4.6e-2 1.3e-3 14 
Leguminous fodder Stems & shoots 53 1.5e-2 2.0e-3 1.6 
Unspecified  1 0.1 - - 
Cereals Grain 5 5.0e-4 - - 
Leafy veg Leaves 1 2.0e-3 - - 

Non-leafy vegs Fruits, beads, berries, 
buds 1 2.0e-3 - - 

Root crops Roots 1 2.0e-3 - - 
Tubers Tubers 1 1.0e-3 - - 
Pasture Stems & shoots 1 5.0e-3 - - 

 

The unabbreviated version of IAEA (2010)’s Table 17 (2010) provides more detailed 
information, where the soil-to-plant uptake factors for different types and parts of 
plants are further divided into different types of soil.  Other compendia of this type are 
provided in earlier publications, such as Table 5.17 of Till and Meyer (1983).  These 
values may be useful in predicting the concentration of uranium in plants given the 
concentration of uranium in soil.  However, it is not clear from a review of IAEA 
(2010) whether a distinction has been made between uranium adsorbed to plant 
surfaces as opposed to uranium that has been absorbed within the cells.  In addition, 
given the variability of soil-to-plant uptake factors, it is important to use site-specific 
values if at all possible. 

Regarding the trophic transfer of uranium, Driver (1994) states “Uranium enters the 
food chain via adsorption on surfaces of plants and small animals.  Because of 
membrane discrimination against uranium, little uranium is accumulated internally in 
biota.  Consequently, concentration factors for uranium decline substantially with 
trophic level.” 
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IAEA (2010) also presents information on the gastrointestinal (GI) absorption of 
uranium in cows, uranium transfer factors for beef, expressed in units of pCi/kg beef 
per pCi/day ingested by cows.  These values could be useful in predicting the uptake 
of uranium by some animals following ingestion of uranium.  However, as previously 
stated, the use of site-specific values is preferable. 

ACCUMULATION WITHIN TISSUES 

Barillet et al. (2007) observed the accumulation of uranium in the gills and liver of the 
zebrafish Danio rerio.  This study also observed that since the gills serve as the uptake 
route for pollutants, “they could also serve as an effective barrier to uranium uptake, 
particularly if uranium is trapped within the protective mucus layer, as previously 
shown for other divalent metals in fish.” 

IAEA (2010) presents fresh weight concentration ratios for freshwater invertebrates (a 
minimum of 360 and a maximum of 400) and for freshwater fish (1.5 and 3.3).  IAEA 
(2010) provides a number of transfer factors (for a variety of aquatic and terrestrial 
organisms) that might be useful in predicting the uptake of uranium by organisms 
other that man, given information on the concentration of uranium in soil, sediment, 
water and food items at Hanford.  However, though useful, site-specific values for 
these parameters are always preferred. 

Driver (1994) summarizes the accumulation of uranium in mammalian tissue 
following acute and chronic exposure. Uranium has been found to accumulate in 
mammalian kidneys, liver, bone, cardiovascular and central nervous system.  In 
particular: “Kidney and bone tissues are the main targets of both the radiation and 
chemical toxicity or uranium in vertebrate organisms. Of these two tissues, kidney 
tissue is the most sensitive and is considered to be the key target organ for hazard 
assessment.”   The lung and the skeletal systems are critical target organs for 
radiological damage from uranium carcinogenesis. 

Uranium contamination of both surface and groundwater has occurred in the vicinity 
of the Hanford Site due to discharges of wastes into the Columbia River and into the 
ground, which leached down into the groundwater (Delistraty and Yokel 1998).  
Sediment samples taken near the 300 Area were found to have elevated levels of 
uranium (Serne et al. 2002), and sediment samples taken from the river bank and river 
bank areas in the vicinity of the 100 B, N, D, and F areas, as well as the 300 Area, 
were found to have contaminants (Delistraty and Yokel 1998).  Schnug et al. (2006) 
states that uranium that has entered the environment through anthropogenic activities 
“is easily mobilized and transported into the food chain.”  

 

Aquatic invertebrates and fish could ingest uranium that was adsorbed onto sediment 
particles in the water.  Plants adsorb uranium onto their roots from contaminated soil 
(ATSDR 1999).  Terrestrial animals, including birds and mammals, can be exposed to 
uranium in the environment by inhalation, skin contact, and most commonly, through 
ingestion of contaminated water, plants, and animals (Schnug et al. 2006).  In fact, 
Schnug et al. (2006) states that ingestion of contaminated water “accounts for more 
than 80% of the total uranium ingestion” by animals. 

IV.  TYPICAL MAJOR 

EXPOSURE ROUTES 
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Exposure to uranium can cause lethal and sub-lethal effects on both aquatic and 
terrestrial organisms, although most research has focused on lethality.  Driver (1994) 
summarizes these toxic effects and LC50 values for various aquatic and terrestrial 
biota, and notes that the toxicity of uranium is due primarily to the chemical properties 
of the uranyl ion rather than its radiological properties (Driver 1994).   In all cases, the 
discussion of toxicity in this section refers to chemical and not radiological toxicity.  
For a discussion of radiological toxicity, see Section VI. 

KNOWN BENEFICIAL OR PROTECTIVE PROPERTIES 

There are no known beneficial or protective properties of uranium.  

MECHANISM(S)  AND LOCI  OF TOXICITY 

Labrot et al. (1999) describes the two types of effects that exposure to heavy metals 
can have on biota: (1) an indirect effect, which is “due to the additional metabolic cost 
of accumulating, transporting, storing, and excreting the contaminant, and (2) a direct 
[effect], on cellular membranes and/or specific biochemical pathways.” As was 
previously mentioned, uranium is not usually found in the inner tissues of plants and 
does not usually cross the cell membrane of most organisms.  The soluble uranyl ion 
can form complexes with proteins and anions (Schnug et al. 2006).  The detrimental 
effects of exposure to uranium appear to be the result of the adsorption of uranium on 
the cell membranes, which results in a disruption of normal cellular processes.  

Monleau et al. (2005), Darolles et al. (2009), and Lerebours et al. (2009) explore the 
genotoxic effects of depleted and enriched uranium.  These investigators provide 
insight into the interaction of uranium as both a radionuclide and a heavy metal at the 
molecular level.  These studies are concerned with the effects (both direct and 
indirect) of uranium on gene expression, a relatively more recent area of inquiry. 

FACTORS AFFECTING TOXICITY 

As discussed in more detail in the following sections, a variety of factors can affect 
the ecotoxicological properties of uranium.  In aquatic systems, harder water reduces 
the toxicity of uranium to aquatic organisms (Driver 1994).  Dissolved organic matter 
may also reduce uranium’s toxicity.  The toxic effects of uranium on mammals 
depend on its chemical and physical form, route of intake, and level of enrichment 
(ATSDR 1999). 

PLANTS 

Sheppard et al. (1992) comments on the conflicting information in the literature on the 
toxicity of uranium to plants. Toxicity to plants has been reported beginning at 
background levels of uranium, while others report no toxicity at 100 to 1000 times 
higher than background. Sheppard et al. (1992) attempted to resolve some of these 
discrepancies by conducting a series of experiments.  Plant seedlings, including 
lettuce, tomato, corn, pine, and Brassica rapa (commonly known as field mustard or 
turnip mustard), were grown in soil contaminated with varying levels of uranium. 
Their results show that all plants species observed showed reduced rate of germination 
when grown in uranium contaminated soil. Notably, toxicological studies of terrestrial 
plants have been largely limited to human food crops (Driver 1994). 

V. CHEMICAL 

ECOTOXICITY 
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AQUATIC INVERTEBRATES AND F ISH 

There are numerous publications addressing the toxicity of uranium to algae, daphnia, 
and other aquatic organisms (Poston et al. (1978); Parkhurst, et al. 1983; Hogan et al, 
2005).  These studies were initiated due to concern over uranium mine effluents 
entering the freshwater environment, and measuring the growth rate of a variety of 
aquatic organisms as indicators of potential ecological damage. 

In aquatic microorganisms, uranium exposure has been found to inhibit growth, cell 
division, and food intake.  For the algae Scenedesmus, cell division was inhibited by 
uranium exposure.  For the protozoan Microregma, food intake was inhibited 
following exposure to uranium.  The freshwater hydrae (Hydra viridissima) has been 
found to be particularly sensitive to uranium exposure. Elevated uranium 
concentrations were found to be lethal to hydrae after 48 hours of exposure, and 
growth was inhibited at relatively low concentrations.  Further analysis demonstrated 
that the observed growth inhibition was most likely due to the accumulation of 
uranium on the hydra nematocysts, which was disrupting the organism’s ability to 
capture prey (Driver 1994).  For various species of freshwater water fleas, LC50 
toxicity values were reported over a range of values, depending on the species and the 
water hardness level, which is indicated by the amount of CaCO3/L.  

In aquatic systems, exposure to uranium is more toxic in soft water than in hard water.  
In fact, the hardness of the water is a key factor in the toxicity of uranium, where the 
tolerance of uranium by aquatic organisms increases dramatically with the increased 
level of CaCO3 and the increased hardness of the water (Driver 1994).  Studies 
performed by Charles et al. (2002) involving the tropical freshwater alga Chlorella sp. 
showed that a “50 fold increase in water hardness resulted in a 5 fold decrease in the 
toxicity of uranium to Chlorella sp.” The authors determined that this observation was 
mostly likely due to competition between uranium and calcium and/or magnesium for 
the binding sites on the cell surface.  

As with aquatic invertebrates, the uranium LC50 values for freshwater fish vary with 
the hardness of the water.  Driver (1994) presents an extensive list of LC50 values for 
freshwater fish found in the northern hemisphere. 

The toxicity of uranium to aquatic organisms was also found to be dependent on the 
presence of dissolved organic matter.  Hogan et al. (2005) grew the alga Chlorella sp. 
in both natural water from the Magela Creek in northern Australia and synthetic 
water, which contained no organic matter.  “The toxicity of uranium to Chlorella sp. 
in NMCW [natural creek water] was approximately two to four times lower than in 
SMCW [synthetic creek water].  Based on geochemical speciation modeling, this 
difference corresponded to a four-fold decrease in the proportion of free uranyl ion in 
NMCW [natural water] compared to SMCW [synthetic water], most likely due to the 
presence of dissolved organic carbon.” 

A variety of lethal and sublethal effects have been observed in fish exposed to varying 
levels of uranium, including damage to the liver, kidneys, brain, and olfactory centers.  
In studies performed by Cooley et al. (2000), lake whitefish (Coregonus 
clupeaformis) were fed a uranium contaminated diet with three concentrations of 
uranium, 100, 1000, and 10,000 g U/g.  Results showed elevated levels of serum 
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lipid peroxides indicating damage to cellular membranes. Following prolonged 
exposure to uranium in their diet, the lake whitefish exhibited numerous types of renal 
and liver lesions and pathologies.  Lerebours et al. (2009) observed genotoxic effects, 
with a change of gene expression in brain, liver and muscle tissue of zebrafish 
following waterborne exposure to uranium. In the liver they observed the induction of 
genes involved in detoxification, apoptotic mechanism and immune response. In the 
skeletal muscles, genes involved in mitochondrial metabolism and production of 
reactive oxygen species were induced. Finally, the results of this study showed an 
increase of the expression of genes involved in neural transmission. Barillet et al. 
(2007) observed similar effects on brain activity with an increase in 
acetylcholinesterase activity following uranium exposure in zebrafish. In their 2010 
study, Lerebours et al. also observed damage to the olfactory bulb of the zebrafish 
following exposure to uranium and mentions previous studies suggesting that uranium 
may cross the blood-brain barrier. The sensory nerves of the olfactory bulb are nearly 
in direct contact with the surrounding water, and damage to the olfactory center in fish 
has the potential to disrupt various life functions and behavior.  For fish, olfaction 
plays a key role in detection of mates and relatives through phermones, detection of 
prey or predators, homing, and detection of changes in the surrounding environment 
(Tierney et al. 2009). 

TERRESTRIAL INVERTEBRATES 

Sheppard et al. (1992) found that earthworm growth and survival was compromised 
following exposure to uranium at concentrations of 1000 mg U/kg. There appears to 
be limited investigation of the toxicity of uranium to terrestrial invertebrates.   

MAMMALS  

The toxic effects of uranium on mammals vary with the solubility of the uranium 
compound and the route of the exposure. Effects include teratogenic effects, 
reproductive effects, genotoxic effects, and damage to various organs and tissues, 
particularly to the kidneys, liver, bone and blood. Several laboratory studies have been 
performed that examine the effects of uranium exposure on reproduction and fetal 
development in mice and rats.  Domingo et al. (2001) and Driver (1994) summarize 
these results, which include skeletal malformations and other developmental 
anomalies, decreased birth weight, and body length and smaller litter size.  
Reproductive effects of uranium exposure include damage to testes. Damage to other 
various organs and tissues, including kidneys, liver, bone and blood, was observed. 
Acute uranium exposures can result in damage to the nephron, which is the 
functioning unit of the kidney. Specifically, Driver (1994) describes the renal damage 
in mammals as “injury and necrosis of the terminal segments of the renal proximal 
tubule [of the nephron].” Driver also reports injury of the glomerulus, which is the 
group of filtering capillaries associated with the nephron.  

The extent of toxicity to mammals depends on a variety of factors, including:  

“[its] chemical and physical form, route of intake, and level of enrichment.  
The chemical form of uranium determines its solubility and, thus, 
transportability in body fluids as well as retention in the body and various 
organs.” (ATSDR 1999). 
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Driver (1994) provides LC50 values for some small mammals exposed acutely to 
airborne uranium for 10 minute periods and chronic airborne exposures over the 
course of a few months to one year.  The exposures resulted in kidney damage and 
death to guinea pigs, rabbits, and dogs.   

Monleau et al. (2005) examine the genotoxic effects of depleted uranium on rat lung 
tissue and found that rats exposed to depleted uranium by inhalation experienced 
DNA damage in the lung cells, which may be a result of inflammation and oxidative 
stress.  

Little information is available about the toxicity of uranium to wild mammalian 
species. 

BIRDS 

Little is known about the ecotoxicity of uranium to birds. However, a 2010 study of 
marine birds in the Baltic Sea (Borylo et al. 2010) found that uranium accumulates in 
the liver, rest of viscera, and on the feathers of these animals. The highest amount of 
uranium was found in plant-eating birds, while carnivorous birds accumulated a lower 
amount. A uranium toxicity study involving chicks provides LC50 values and also the 
lowest lethal dose expressed in units of mg U/kg body weight (Sheppard et al. 2005). 

 

Uranium is somewhat unique among the radionuclides with respect to its ecotoxicity 
in that it is generally accepted that its ecotoxicity is limited by is chemical toxicity, as 
opposed to its radiotoxicity.  This occurs because uranium has a very low specific 
activity (i.e., relatively large quantities of uranium, in terms of mass, have a relatively 
low decay rate).  Nevertheless, uranium can represent a radioecological stressor, 
contributing to the overall ecotoxicity of uranium due to its ability to cause damage to 
DNA, primarily from alpha radiation that is deposited within living tissue (discussed 
below).   

MECHANISM OF ACTION 

Radioecological damages to aquatic and terrestrial organisms due to uranium in the 
environment are due to ionization caused to the interaction of highly energetic alpha 
particles with living tissue.   In particular, typical alpha particles, which have an 
energy of about 5 MeV, have a range in air of only about 4 cm (see Figure 6.7 of 
Shleien et al. 1998).  In addition, a layer of tissue of 0.07 mm will stop a 7.5 MeV 
alpha particle (see Table 3-1 of Shleien et al. 1999).  Hence, unless the uranium alpha 
particle is in intimate contact with living tissue or is intracellular, it has a limited 
potential for biological damage.  However, if it is in close proximity to living tissue 
and/or inside the cytoplasm or the nucleus of a cell, it deposits its 5 MeV alpha energy 
over a relatively short distance. For example, the typical binding energy of a hydrogen 
electron is about 13.6 eV and the typical energy required to ionize a molecule (i.e., 
eject an electron from its orbit) is about 34 to 35 eV (see Casarett 1968).  Hence, in a 
relatively short distance, a large number of ion pairs are produced by the passage of a 
5 MeV alpha particle through tissue.  For example, the total number of ion pairs 
produced by the energy deposited in tissue from a 5 MeV alpha particle is about 
140,000 ion pairs (i.e., 5 MeV/35 eV).  The pattern of energy deposition for a 5 MeV 

VI.  RADIOLOGICAL 

ECOTOXICITY 
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alpha particle is about 110 keV/micron, also referred to as the linear energy transfer 
(Casarett 1968).  Hence, about 3000 ion pairs are produced per micron.  Given that a 
typical cell is on the order of tens of microns (Curtis and Barnes 1989), a single cell 
might experience 30,000 ion pairs produced by the passage of a single 5 MeV alpha 
particle.  It is this deposited energy in living tissue that results in biological damage. 

More specifically, radiation causes damage through the production of free radicals:   

“Furthermore, uranium can enhance the production of free radicals via the 
ionization phenomenon induced by alpha particle emissions. The damage, in 
this case, would not be direct result of radiation, but rather an indirect 
consequence as a result of reactive oxygen species stemming from radiation.  
When quantity of free oxygen species generated exceeds the level that the 
cell’s protective system can control, cell proteins, nucleic acids, and lipids can 
be damaged” (Jones et al. 2003 and Jelka et al. 2005, as cited in Barillet et al. 
2007). 

RADIOECOTOXICOLOGICAL EFFECTS 

The literature on the effects of radiation on organisms other than man is extensive (see 
NCRP 1991, IAEA1992, ICRP 2008, Driver 1994), but the literature explicitly 
addressing the radiotoxicity of uranium on organisms other than man is limited. 
However, a number of review documents, primarily Till et al. (1976), Driver (1994), 
and Sheppard et al. (2005) summarize the literature. In particular, Sheppard et al. 
(2005) summarizes the literature in order to set “PNECs (predicted no-effect 
concentrations) for chemical toxicity to uranium for non-human biota.”  

Aquat ic  B iota 

Considerable research has been dedicated to studying the effect of radiation on fish 
eggs and developing fish embryos (e.g., see the literature reviewed in Till et al. 1976); 
however, data on uranium in particular are few.  Till et al. (1976) cite studies that 
found no adverse effects on egg hatching of carp at uranium concentrations of 60 
ppm.  However, other investigations involving plutonium reported by Till et al. (1976) 
did observe adverse effects.  This is important to note because, like plutonium, 
uranium is an alpha emitter, and in principle could have similar radioecological 
effects.  There are, of course, differences in the environmental chemistry and behavior 
of uranium and plutonium that make it difficult to draw firm conclusions regarding the 
radiotoxicity of uranium based on the results of plutonium investigations.   

Because uranium is an alpha emitter, and therefore has a potential to cause radioactive 
damage primarily when it absorbed within cells, Till et al. (1976) provide a qualitative 
discussion on the ability of uranium and plutonium to penetrate the chorion of fish 
eggs.  However, quantitative information was not presented, and the question remains 
as to whether the approximate 5 MeV alpha particles emitted by uranium and some of 
its progeny could penetrate the chorion of fish eggs.  The range of a 7.5 Mev alpha 
particle in tissue is about 70 microns.  Eggs of some fish species appear to have 
chorions (or zona radiate, ZR) that are less than 70 microns thick.  Even within 
salmonids, there seems to be substantial variation in the structure of the surface of the 
eggs (see Schemehl and Graham 1987).  Some species seem to have very variable ZR 
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structures, with protrusions and pores, making it difficult to judge chorion thickness. 
Baldacci et al. (2001), which addresses ice fish, states that the unfertilized egg has a 
chorion that is 50 microns thick.  

As noted previously, Driver (1994) reviews the levels of uranium in aquatic 
ecosystems observed to adversely affect aquatic plants, invertebrates, and fish.  In 
general, the observed effects have been attributed to the element’s chemical toxicity. 
However, it is difficult to judge the degree to which the radiation emitted by the 
uranium and its short-lived progeny may have contributed to the observed effects. 

Terrestr ia l  B iota 

Little information is available that explicitly addresses the radioecotoxicological 
effects of uranium on terrestrial biota.  As is the case for aquatic biota, it is difficult to 
separate the chemical from the radiological effects of exposure.  Hence, the literature 
described above addressing the chemical effects of uranium in the terrestrial 
environment has a degree of applicability to the radiotoxic effects of uranium in the 
terrestrial environment.  However, it appears that, at least for mammals, the toxicity of 
uranium is primarily related to kidney damage caused by uranium as a heavy metal 
and not the radiological exposures (HPS 2002).   

 

In theory, one would expect additive and synergistic effects of exposure to uranium 
with other environmental toxicants, similar to those observed between other heavy 
metals.  For example, Schubert et al. (1978); Tabata et.al. (2003); Traore et.al. (1999); 
and Sanchez et al. (2001) address the synergistic cytotoxic and nephrotoxic effects of 
a number of heavy metals.  In addition, there may also be synergistic effects 
associated with the combined action of exposure to uranium as a chemical and 
radiological toxin.  Concerns over the possible synergistic effects of exposure to 
radiation and chemical toxins have been extensively raised and reported in the 
scientific literature (Prasad et al. 2004; Burkart et al. 1997) but little consensus has 
been achieved in quantifying these effects in humans, except possibly for radon and 
smoking (BEIR IV, 1988) and certainly in the enhancement of the therapeutic effects 
of radiotherapy used to treat cancer (e.g., Lew et al. 2002).   There is considerable 
literature on observed synergistic adverse effects of radiation and toxic chemicals on 
organisms other than man (e.g., Mothersill et al. 2007).   

There is some literature on observed synergistic adverse effects of radiation and toxic 
chemicals on organisms other than humans (e.g., salmon, Mothersill et al. 2007).  
Examples of ionizing radiation and metals producing combined effects in other 
biological systems include synergistic effects on soil microbial activity from cadmium 
and zinc in combination with gamma radiation (summarized in UNSCEAR 2010).  
Also, combined effects of cesium-134/137 and lead found in highly contaminated 
habitats in the Russian Federation increased the mutation rate in the plant Arabidopsis 
thaliana (summarized in UNSCEAR 2010).  However, the authors clearly indicate that 
the relative importance of different damage-inducing mechanisms of metals for 
combined exposures in human and non-human populations remains to be elucidated. 

Overall, there is a clear need for additional research on synergistic effects of multiple 
stressors in radioecotoxicology (e.g., Salbu and Skipperud 2007, Mothersill and 

VI I .  EFFECTS IN THE 

PRESENCE OF OTHER 

CONTAMINANTS 
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Seymour 2005). In particular, these authors raise the issue of pesticides, organics, and 
endocrine disruptors and synergistic effects with radioactive materials, particularly 
with long-term exposure to various biological systems. Manti and D’Arco (2010) 
summarize the in vitro and animal-model studies and epidemiological surveys with 
two or more stressors, including radionuclides (DNA-damaging agents). They also 
emphasize that most research focuses only on the short-term effects of combined 
single exposures to animal models, and more work is needed to understand chronic 
exposure to trace contaminants and radioactive elements in the environment, including 
impacts to long-term genome stability. Specific research is lacking on uranium effects 
with multiple stressors on biological systems, particularly non-human systems.  

 

In general, a review of the literature on uranium ecotoxicity reveals that there are 
significant data gaps including the following: absence of data on wild species and 
absence of field-based studies of effects.  In addition it appears that the research focus 
in many cases (e.g., aquatic organisms) has been on acutely lethal endpoints rather 
than sublethal endpoints.  

One of the largest data gaps in understanding the chemical and radiological toxicity of 
uranium is its synergistic effects with other toxins, as briefly described above and in 
ATSDR (1999), which states “No information was located regarding the modulation 
of the toxicity of uranium by other chemicals or vice versa. It is possible that co-
exposure to other heavy metal nephrotoxicants (e.g., lead, cadmium) could have an 
additive effect on uranium toxicity.”  ATSDR (1999) indicates that animal studies 
designed to examine the combined effects on the kidney of uranium and other heavy 
metal nephrotoxicants (lead, cadmium) would be useful to determine whether effects 
are less than expected on the basis of individual toxicity, additive, or synergistic.  

Durakoviae (1999) explores the complex intracellular chemical and radiological 
toxicity of uranium when it interacts with complexing agents in body fluids, and refers 
to the need for a better understanding of the radiological and chemical toxicity of 
depleted uranium (primarily U-238). 

Driver (1994) indicates that toxicological studies of terrestrial plants were limited to 
human food crops (i.e., soybeans and Swiss chard).  Driver (1994) also indicates that 
no studies were found on the chemical or radiation toxicity of uranium in amphibians 
or reptiles, which are ecologically important species in the Columbia River watershed. 

There appears to be limited information on the toxic effects of uranium on birds, but 
Sheppard et al. (2005) indicates that birds may not be “critical vertebrates for effects 
of uranium.” 

No animal tests have been conducted to study cancer incidence following oral 
exposure to uranium, which is the most likely route of exposure to animals from 
contamination originating on the Hanford site.  Although non-neoplastic kidney 
damage has been observed in numerous feeding studies, no tumors in any organs have 
been observed during these tests.  It is noteworthy that, based on the linear no-
threshold model that forms the basis of current guidelines and regulations for 
protection from radiation induced cancer, any exposure to a radioactive substance 

VI I I .  DATA GAPS 
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involves some increase in the risk of cancer.  Thus, enriched uranium would be 
expected to present a higher risk for cancer than natural uranium (Driver 1994).  
ATSDR (1999) suggests that research investigating the radiotoxicity of uranium 
would be more beneficial for the less available, high specific activity isotopes such as 
U-233 and U-234 that are formed during energy production or associated with 
weapons-grade uranium. 
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APPENDIX C   |   SPECIES DOCUMENTED ON THE HANFORD SITE 

The following tables present information on wildlife species present on the Hanford Site, 
highlighting species of special conservation status. Note these tables are not exhaustive; 
additional information on species found on the Hanford Site is documented in numerous 
publications such as Gray and Dauble 1977, Fitzner and Gray 1991, Downs et al. 2004, 
CRICIA 1998, TNC 1999, TNC 2003, Burk et al. 2007, USFWS 2008, and information 
from the Hanford Site Environmental Monitoring and Compliance Project (presented in 
Downs et al. 1993 and the annual Hanford Site Environmental Monitoring Reports).122 

 

EXHIBIT C-1 COMMON VASCULAR SHRUB-STEPPE PLANTS ON THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME 

Big sagebrush Artemisia tridentata 

Bitterbrush Purshia tridentata 

Gray rabbitbrush Ericameria nauseosa 

Green rabbitbrush Chrysothamnus viscidiflorus 

Snow buckwheat Eriogonum niveum 

Spiny hopsage Grayia (=Atriplex) spinosa 

Threetip sagebrush Artemisia tripartita 

Bluebunch wheatgrass Pseudoroegnaria spicata 

Bottlebrush squirreltail Elymus elymoides 

Indian ricegrass Oryzopsis (=Achnatherum) hymenoides 

Needle-and-thread grass Hesperostipa comata 

Prairie junegrass Koeleria macrantha  

Sand dropseed Sporobolus cryptandrus 

Sandberg’s bluegrass Poa secunda (sandbergii) 

Thickspike wheatgrass Elymus lanceolatus 

Buckwheat milkvetch Astragalus caricinus 

Carey’s balsamroot Balsamorhiza careyana 

Cusick’s sunflower Helianthus cusickii 

Gray’s desert parsley Lomatium grayi 

Hoary aster Machaeranthera canescens 

Annual Jacob’s ladder Polemonium micranthum 

                                                            
122 These lists show many, but not all, species present at the Hanford Site. Note that inclusion of a species in this assessment 
plan does not imply an obligation on the part of the Trustees to evaluate it, nor does omission of a species preclude the 
Trustees from evaluating potential injury to that species. 
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COMMON NAME SCIENTIFIC NAME 

Pink microsteris Microsteris gracilis 

Tarweed fiddleneck Amsinckia lycopsoides 

Threadleaf scorpion weed Phacelia lycopsoides 

Source: Burk et al. 2007. 

 

EXHIBIT C-2 THREATENED AND ENDANGERED PLANT SPECIES  AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME FEDERAL STATUS 

STATE 

STATUS 

Awned halfchaff 
sedge*  

Lipocarpha (= Hemicarpha) 
aristulata   Threatened  

Beaked spike-rush  Eleocharis rostellata   Sensitive  

Canadian St. John’s 
wort  Hypericum majus   Sensitive  

Chaffweed  Anagallis (= Centunculus) 
minimus   Threatened  

Columbia milkvetch  Astragalus columbianus  Species of 
concern  Sensitive  

Columbia yellowcress*  Rorippa columbiae  Species of 
concern  Endangered  

Coyote tobacco  Nicotiana attenuata   Sensitive  

Desert cryptantha  Cryptantha scoparia   Sensitive  

Desert dodder  Cuscuta denticulata   Threatened  

Desert evening-
primrose  Oenothera caespitosa   Sensitive  

Dwarf evening 
primrose  

Camissonia (= Oenothera) 
pygmaea   Sensitive  

Fuzzytongue 
penstemon  Penstemon eriantherus whitedii   Sensitive  

Geyer’s milkvetch  Astragalus geyeri   Threatened  

Grand redstem*  Ammannia robusta   Threatened  

Gray cryptantha  Cryptantha leucophaea  Species of 
concern  

Sensitive  

Great Basin gilia  Aliciella (= Gilia) leptomeria   Threatened  

Hoover’s desert 
parsley  Lomatium tuberosum  Species of 

concern  Sensitive  

Loeflingia  
Loeflingia squarrosa var. 
squarrosa   Threatened  

Lowland toothcup*  Rotala ramosior   Threatened  

Piper’s daisy  Erigeron piperianus   Sensitive  

Rosy pussypaws  
Cistanthe (= Calyptridium) 
roseum   Threatened  

Small-flowered 
evening-primrose  Camissonia (= Oenothera) minor   Sensitive  

Snake River Cryptantha spiculifera (= C.  Sensitive  
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COMMON NAME SCIENTIFIC NAME FEDERAL STATUS 

STATE 

STATUS 

cryptantha  interrupta)  

Suksdorf’s monkey 
flower  Mimulus suksdorfii   Sensitive  

Umtanum desert 
buckwheat  Eriogonum codium  Candidate  Endangered  

White Bluffs 
bladderpod  

Physaria (= Lesquerella) 
tuplashensis  Candidate  Threatened  

White eatonella  Eatonella nivea   Threatened  

Notes: 
1. * indicates that species is aquatically-linked. 
2. Endangered - Species in danger of extinction within all or a significant portion of its 

range. 
3. Threatened - Species likely to become endangered in the foreseeable future.  
4. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
5. Sensitive - Taxa that are vulnerable or declining and could become endangered or 

threatened without active management or removal of threats.  
6. Species of concern - Species that are not currently listed or candidates under the 

Endangered Species Act of 1973, but are of conservation concern within specific U.S. 
Fish and Wildlife Service regions.   

  
Source:  Poston, Duncan and Dirkes, eds.  2010. 

 

EXHIBIT C-3 REPTILE AND AMPHIBIAN SPECIES  DOCUMENTED AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME STATUS 

FEDERAL/STATE 

STATUS HABITAT 

Reptiles 

Painted turtle Chrysemys picta C  P 

Short-horned Lizard  Phrynosoma douglassi  UC  E 

Sagebrush Lizard  Sceloporous graciosus  R State Candidate S, LE 

Side-blotched Lizard  Uta stansburiana  A  LE 

Western Rattlesnake  Crotalus viridis  C  E, BS 

Gopher Snake  Pituophis melanoleucus  A  E 

Night Snake  Hypsiglena torquata  UC  BS, E 

Striped Whipsnake  Masticophis taeniatus  R State Candidate LE 

Racer  Coluber constrictor  A  E 

Amphibians* 

Great Basin spadefoot Scaphiopus 
intermontana 

C  R 

Woodhouse’s toad Bufo woodhousei C  R 

Western toad Bufo boreas R 
Species of 
concern /State 
Candidate 
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COMMON NAME SCIENTIFIC NAME STATUS 

FEDERAL/STATE 

STATUS HABITAT 

Notes: 
R = Rare 
C = Common  
UC = Uncommon  
A = Abundant  
R = Riparian  

  
S = Sandy Areas  
P = Pond  
LE = Low Elevation  
E = Entire Site  
BS = Basalt Outcroppings 

 
1. * indicates that species is aquatically-linked. 
2. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
3. Species of concern - Species that are not currently listed or candidates under the 

Endangered Species Act of 1973, but are of conservation concern within specific U.S. 
Fish and Wildlife Service regions. 

 
Source:  Fitzner and Gray 1991 and Poston, Duncan, and Dirkes, eds. 2010. 

 

EXHIBIT C-4 INSECTS IDENTIFIED AT THE HANFORD SITE 

ORDER 

NUMBER OF SPECIES 

IDENTIFIED 

APPROXIMATE NUMBER OF SPECIES 

REMAINING TO BE IDENTIFIED AT 

TIME OF PUBLICATION 

Aranae (spiders)  0 50-100 

Chilopoda (centipedes)  2 0 

Coleoptera (beetles)  242 50-70 

Dermaptera (earwigs)  1 0 

Diptera (flies)  322 100-150 

Hemiptera (bugs)  86 20-40 

Homoptera (leafhoppers and 
relatives)  112 25-40 

Hymenoptera (bees, wasps, 
and ants)*  364 75-150 

Lepidoptera (butterflies)  50 0 

Lepidoptera (moths)  320 50-100 

Mantodea (mantids)  1 2 

Neuroptera (lacewings)  26 0 

Odonata (dragonflies and 
damselflies)  8 0 

Orthoptera (grasshoppers and 
relatives)  1 10-20 

Scorpiones (scorpions)  1 0 

Siphonaptera (fleas)  0 1-2 

Total  1,536 383-672 

*  Combines figures from Ensor 1997 and Zack undated (1998 field season) 
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ORDER 

NUMBER OF SPECIES 

IDENTIFIED 

APPROXIMATE NUMBER OF SPECIES 

REMAINING TO BE IDENTIFIED AT 

TIME OF PUBLICATION 

Source: TNC 1999 
 

EXHIBIT C-5 THREATENED AND ENDANGERED INSECT SPECIES AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME 

FEDERAL 

STATUS(A) 

STATE 

STATUS(A) 

Columbia River tiger 
beetle* Cicindela columbica   Candidate  

Silver-bordered 
fritillary butterfly  Boloria selene atrocostalis   Candidate  

Notes: 
1. *Species is likely present, but has not been observed on site. 
2. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
 
Source:  Poston, Duncan and Dirkes, eds.  2010. 

 

EXHIBIT C-6 THREATENED AND ENDANGERED MOLLUSK SPECIES  AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME FEDERAL STATUS STATE STATUS 

California floater  Anodonta californiensis  Species of Concern  Candidate 

Giant Columbia River 
spire snail  

Fluminicola (= 
Lithoglyphus) 
columbiana  Species of Concern  Candidate 

Shortfaced lanx Fisherola nuttalli  Candidate 

Notes: 
1. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
2. Species of concern - Species that are not currently listed or candidates under the 

Endangered Species Act of 1973, but are of conservation concern within specific U.S. 
Fish and Wildlife Service regions.   

  
Source:  Poston, Duncan and Dirkes, eds.  2010. 

 

EXHIBIT C-7 FISH SPECIES IN THE HANFORD REACH 

COMMON NAME SCIENTIFIC NAME 

Paddlefishes, spoonfishes, sturgeons (family Acipenseridae) 
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COMMON NAME SCIENTIFIC NAME 

White sturgeon Acipenser transmontanus 

Anchovies, herrings (family Clupeidae) 

American shad Alosa sapidissima 

Suckers (family Catostomidae) 

Bridgelip sucker Catostomus columbianus 

Largescale sucker Catostomus macrocheilus 

Mountain sucker Catostomus platyrhynchus 

Carps, minnows (family Cyprinidae) 

Chiselmouth Acrocheilus alutaceus 

Common carp Cyprinus carpio 

Peamouth Mylocheilus caurinus 

Northern pikeminnow Ptychocheilus oregonensis 

Longnose dace Rhinichthys cataractae 

Leopard dace Rhinichthys falcatus 

Redside shiner Richardsonius balteatus 

Speckled dace Rhinichthys osculus 

Tench Tinca tinca 

Livebearers (family Poeciliidae) 

Western mosquitofish Gambusia affinis 

Cods (family Gadidae) 

Burbot Lota lota 

Pipefishes, sticklebacks (family Gasterosteidae) 

Threespine stickleback Gasterosteus aculeatus 

Perch-like fishes (family Centrarchidae) 

Pumpkinseed Lepomis gibbosus 

Bluegill Lepomis macrochirus 

Smallmouth bass Micropterus dolomieui 

Largemouth bass Micropterus salmoides 

Yellow perch Perca flavenscens 

White crappie Pomoxis annularis 

Black crappie Pomoxis nigromaculatus 

Walleye Sander vitreus 

Trout perches (family Perocpsidae) 

Sand roller Percopsis transmontana 

Lampreys (family Petromyzontidae) 

River lamprey Lampetra ayresii 

Pacific lamprey Lampetra tridentata 



 

    C-7 

COMMON NAME SCIENTIFIC NAME 

Salmonids, salmons, trouts (family Salmonidae) 

Lake whitefish Coregonus clupeaformis 

Bull trout Salvelinus confluentus 

Cutthroat trout Oncorhynchus clarkii 

Coho salmon Oncorhynchus kisutch 

Rainbow trout (steelhead) Oncorhynchus mykiss 

Sockeye salmon Oncorhynchus nerka 

Chinook salmon Oncorhynchus tshawytscha 

Mountain whitefish Prosopium williamsoni 

Chabots, sculpins (family Cottidae) 

Prickly sculpin Cottus asper 

Mottled sculpin Cottus bairdii 

Piute sculpin Cottus beldingii 

Reticulate sculpin Cottus perplexus 

Torrent sculpin Cottus rhotheus 

Bullhead catfishes, North American freshwater catfishes (family Ictaluridae) 

Yellow bullhead Ameiurus natalis 

Brown bullhead Ameiurus nebulosus 

Black bullhead Ameiurus melas 

Channel catfish Ictalurus punctatus 

Source: Gray and Dauble (1977) as cited in Duncan (2007). 

 

EXHIBIT C-8 THREATENED AND ENDANGERED FISH SPECIES AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME FEDERAL STATUS STATE STATUS 

Bull trout*  Salvelinus confluentus  Threatened Candidate  

Leopard dace* Rhinichthys flacatus  Candidate 

Mountain sucker* Catastomus platyrhynchus  Candidate 

River lamprey*  Lampetra ayresi  Species of Concern  Candidate  

Spring-run Chinook  Oncorhynchus tshawytscha  Endangered  Candidate  

Steelhead  Oncorhynchus mykiss  Threatened  Candidate  

Notes: 
1. * indicates the species has been reported, but is seldom observed on the Hanford 

Site. 
2. Endangered - Species in danger of extinction within all or a significant portion of its 
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COMMON NAME SCIENTIFIC NAME FEDERAL STATUS STATE STATUS 

range. 
3. Threatened - Species likely to become endangered in the foreseeable future.  
4. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
5. Species of concern - Species that are not currently listed or candidates under the 

Endangered Species Act of 1973, but are of conservation concern within specific U.S. 
Fish and Wildlife Service regions.   

  
Source:  Poston, Duncan and Dirkes, eds.  2010. 

 

EXHIBIT C-9 COMMON AVIAN SPECIES AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME 

SEASON OF HIGHEST 

ABUNDANCE 

Eared grebe Podiceps nigricollis Winter 

Horned grebe Podiceps auritus Winter 

Pied-billed grebe Podilymbus podiceps Winter 

Double-crested cormorant Phalacrocorax auritus All year 

American green-winged teal Anas crecca All year 

American wigeon Anas americana Winter 

Barrow’s goldeneye Bucephala islandica Winter 

Blue-winged teal Anas discors Breeding 

Common goldeneye Bucephala clangula Winter 

Common merganser Mergus merganser All year 

Northern pintail Anas acuta All year 

American coot Fulica Americana All year 

California gull Larus californicus All year 

Black-crowned night heron Nycticorax nycticorax Breeding 

Greater yellowlegs Tringa flavipes Migration 

Spotted sandpiper Actitis macularia Breeding 

Ring-necked pheasant Phasianus colchicus All year 

American kestrel Falco sparverius All year 

Merlin Falco columbarius Migration 

Prairie falcon Falco mexicanus All year 

Red-tailed hawk Buteo jamaicensis All year 

Common barn owl Tyto alba All year 

Great horned owl Bubo virginianus All year 

Bank swallow Riparia riparia Breeding 

Blue-headed vireo Vireo solitarius Migration 
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SEASON OF HIGHEST 

ABUNDANCE 

Bullock’s oriole Icterus galbula Breeding 

Common raven Corvus corax All year 

Dark-eyed junco Junco hyemalis All year 

Eastern kingbird Tyrannus tyrannus Breeding 

Golden-crowned kinglet Regulus satrapa Migration 

House finch Haemorhous mexicanus All year 

Rufous-sided towhee Pipilo erythrophthalmus Breeding 

White-crowned sparrow Zonotrichia leucophrys Winter 

Source: Burk et al. 2007. 

 

EXHIBIT C-10 THREATENED AND ENDANGERED AVIAN SPECIES AT THE HANFORD SITE 

COMMON NAME SCIENTIFIC NAME 

FEDERAL 

STATUS(A) 

STATE 

STATUS(A) 

American white pelican Pelecanus erythrorhynchos  Endangered 

Bald eagle  Haliaeetus leucocephalus  Species of 
concern  Sensitive 

Burrowing owl  Athene cunicularia  Species of 
concern  Candidate  

Clark’s grebe Aechmophorus clarkii  Candidate 

Common loon  Gavia immer   Sensitive  

 
Ferruginous hawk  Buteo regalis  Species of 

concern  Threatened  

Flamulated owl*  Otus flammeolus   Candidate  

Golden eagle  Aquila chrysaetos   Candidate  

Greater sage grouse  Centrocercus urophasianus  Candidate  Threatened  

Lewis’s woodpecker*  Melanerpes lewis   Candidate  

Loggerhead shrike  Lanius ludovicianus  Species of 
concern  Candidate  

Northern goshawk*  Accipter gentilis  
Species of 
concern  Candidate  

Olive-sided flycatcher  Contopus cooperi  
Species of 
concern   

Peregrine falcon  Falco peregrinus  
Species of 
concern  Sensitive  

Sage sparrow  Amphispiza belli   Candidate  

Sage thrasher  Oreoscoptes montanus   Candidate  

Sandhill crane  Grus canadensis   Endangered  

Western grebe  Aechmophorus occidentalis   Candidate  
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Notes: 
1. * Indicates that species has been reported, but is seldom observed on the Hanford site. 
2. Endangered - Species in danger of extinction within all or a significant portion of its 

range. 
3. Threatened - Species likely to become endangered in the foreseeable future.  
4. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
5. Sensitive - Taxa that are vulnerable or declining and could become endangered or 

threatened without active management or removal of threats.  
6. Species of concern - Species that are not currently listed or candidates under the 

Endangered Species Act of 1973, but are of conservation concern within specific U.S. 
Fish and Wildlife Service regions.   

  
Source:  Poston, Duncan and Dirkes, eds.  2010. 

 

EXHIBIT C-11 MAMMALIAN SPECIES DOCUMENTED AT THE HANFORD S ITE 

FAMILY SCIENTIFIC NAME COMMON NAME STATUS DISTRIBUTION 

Soricidae 
Sorex vagrans Vagrant shrew UC Ri 

S. merriami  Merriam's shrew  UC UE, ALE 

Vespertilionidae  

Lasionycteris noctivagans  Silver-haired bat  C Ri, ALE 

Lasiurus cinereus  Hoary bat  C Ri, ALE 

Antrozous pallidus  Pallid bat  C BC 

Myotis lucifugus  Little brown myotis  C BC 

M. yumanensis  Yuma myotis  C BC 

M. californicus  California myotis  C BS, ALE 

Leporidae  

Lepus townsendii  White-tailed jack 
rabbit  UC 

UE, ALE 

L. californicus  
Black-tailed jack 
rabbit  C E 

Sylvilagus nuttallii  Nuttall's cottontail  C E 

S. idahoensis  Pygmy rabbit  EX  

Sciuridae  

Spermophilustownsendii  Townsend ground 
squirrel  C 

E 

Marmotaflaviventris  Yellow-bellied 
marmot  R 

UE, ALE 

Eutamias minimus  Least chipmunk  R UE, ALE 

Geomyidae  Thomomys talpoides  Northern pocket 
gopher  A 

E 

Heteromyidae  Perognathus parvus  
Great Basin pocket 
mouse  A 

E, LE 

Castoridae  Castor canadensis  Beaver  C CR 

Cricetidae  
Reithrodontomys 
megalotis  

Western harvest 
mouse  R E 

Peromyscus maniculatus  Deer mouse  A E 
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Onychomys leucogaster  Northern 
grasshopper mouse  C ALE 

Neotoma cinerea  Bushy-tailed 
woodrat  C E 

Lagurus curtatus  Sagebrush vole  UC UE, Ri 

Microtus montanus  Montane meadow 
mouse  R Ri 

Ondatra zibethica  Muskrat  R CR 

Muridae  
Rattus norvegicus  Norway rat  C B 

Mus musculus  House mouse  C B 

Erethizontidae  Erithizon dorsatum  Porcupine  C E 

Canidae  Canis latrans  Coyote  UC E 

Procyonidae  Procyon lotor  Raccoon  UC Ri, CR 

Mustelidae  

Mustela vison  Mink  UC Ri, CR 

M. frenata  Long-tailed weasel  UC Ri, CR 

M. erminea  Short-tail weasel  R Ri 

Lutra canadensis  Otter  R CR 

Taxidea taxus  Badger  C E 

Mephitis mephitis  Striped skunk  C R 

Felidae  Lynx rufus  Bobcat  UC E 

Cervidae  

Odocoileus hemionus  Mule deer  C E 

O. virginianus  White-tailed deer  R CR 

Cervus elaphus  Elk  C E 

Antilocapridae  Antilocapra americana  Pronghorn  EX  

Notes: 
R = Rare 
UC = Uncommon  
C = Common 
A = Abundant  
EX = Extirpated  
Ri = Riparian  
BC = Buildings and Caves  
 

 
 
BS = Basalt Outcropping and Cliffs  
E = Entire site  
CR = Columbia River  
ALE        = ALE Reserve  
UE = Upper elevations  
B = Buildings 

Source:  Fitzner and Gray (1991). 
 

 

EXHIBIT C-12 THREATENED AND ENDANGERED MAMMALIAN SPECIES AT THE HANFORD S ITE 

COMMON NAME SCIENTIFIC NAME 

FEDERAL 

STATUS(A) 

STATE 

STATUS(A) 

Black-tailed jackrabbit  Lepus californicus   Candidate  

Merriam’s shrew  Sorex merriami   Candidate  

Townsend’s ground 
squirrel  Spermophilus townsendii  

Species of 
concern  Candidate  
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FEDERAL 

STATUS(A) 

STATE 

STATUS(A) 

Washington ground 
squirrel* Spermophilus washingtoni  Candidate  Candidate  

White-tailed 
jackrabbit  Lepus townsendii   Candidate  

Notes: 
1. * indicates that species has been reported, but is seldom observed on the Hanford site. 
2. Candidate - Species that are believed to qualify for threatened or endangered species 

status, but for which listing proposals have not been prepared.  
3. Species of concern - Species that are not currently listed or candidates under the 

Endangered Species Act of 1973, but are of conservation concern within specific U.S. 
Fish and Wildlife Service regions.   

  
Source:  Poston, Duncan and Dirkes, eds.  2010. 
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